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Water is the driving force of all nature

— Leonardo da Vinci



A B S T R A C T

Intense farming is commonly associated with the excessive use of manure or fertilizers
and the subsequent long-term deterioration of the groundwater quality in many
aquifers worldwide. In these agriculturally impacted groundwater systems, nitrate
(NO−

3
) is often one of the main pollutants. Availability and reactivity of electron

donors control the prevalent redox conditions in aquifers and past nitrate contamina-
tion of groundwater may be ameliorated if denitrification occurs.

The study area is located in southern Germany and the catchment area is underlain by
agricultural land with intensive hog farming. Using aqueous geochemistry data and
the stable isotope composition of dissolved nitrate (δ15N & δ18O), we found that nitrate
concentrations above the WHO drinking water guideline were caused predominantly
by manure and to a lesser extent by synthetic fertilizer applications. We also assessed
that denitrification was not a significant nitrate removal process in the studied porous
groundwater system that consists of a deep aquifer, a main aquifer (MA) and several
smaller perched aquifers (PA). Moreover, we applied environmental isotopes (δ2H &
δ18O, 3H/3He, 14C) linked with a lumped parameter approach to determine apparent
mean transit times (MTT) of groundwater that ranged from < 5 years to > 100 years.
Furthermore, we identified low reduction rates of dissolved oxygen (O2) of 0.015

1/year for first-order kinetics. By extrapolating the O2 reduction rates beyond the
apparent MTT ranges of sampled groundwater, denitrification lag times (time prior to
commencement of denitrification) of approximately 114 years were determined. This
suggests that it will take many decades to considerably reduce nitrate concentrations
in the porous aquifer via denitrification, even if future nitrate inputs were significantly
reduced.

Stable isotopes of dissolved nitrate (δ15N and δ18O) are widely used to determine
sources of nitrate contamination and denitrification processes in groundwater but are
often difficult to interpret. To explain δ15N observations in the two top aquifers (PA
and MA), Monte Carlo simulations were carried out. For evaluating potential contri-
butions, frequency distributions of δ15N were simulated deriving from (I) the mixing
of different nitrate sources, related to land use, as input to groundwater, combined
with (II) transport of nitrate in groundwater and (III) microbial denitrification. Simula-
tion results indicate a source-driven isotopic shift to heavier δ15N values of nitrate in
groundwater. In the study area, this may be explained by land use changes towards
a more intensified agriculture releasing high amounts of manure. Therefore, denitrifi-
cation processes are unlikely for the MA, as reasonable simulation curve fits for such
a scenario were obtained predominantly for unrealistic portions of nitrate sources and
related land use. Microbial denitrification may only play a role in the PA, with simu-
lated δ15N distributions close to the observations. These results are also in agreement
with the interpretation of δ15N and δ18O values of dissolved nitrate originating from
the perched aquifer. The applied approach can be used to qualitatively and quanti-
tatively evaluate the influence of different potential contributions, which might mask
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each other due to overlapping δ15N ranges, and it can support the estimation of nitrate
input related to land use.
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Z U S A M M E N FA S S U N G

Eine zu intensive landwirtschaftliche Bewirtschaftung ist oft mit einer Überdüngung
und verstärkter Ausbringung von Gülle verbunden. Dies führt weltweit zu einer lang-
fristigen Verschlechterung der Grundwasserqualität in landwirtschaftlich genutzten
Einzugsgebieten, die oft mit einem signifikanten Anstieg der Nitratkonzentrationen
einhergeht. Das Selbstreinigungspotential von Grundwasserleitern wird insbesondere
durch die Verfügbarkeit und Reaktionsfreudigkeit der Elektronendonoren im Aquifer
kontrolliert. Die Nitratbelastung kann daher bei geeigneten Redoxbedingungen durch
Denitrifikationsprozesse im Grundwasserleiter signifikant verringert werden.

Das in dieser Studie untersuchte Gebiet befindet sich in Süddeutschland und ist
stark von landwirtschaftlich genutzten Flächen und der Schweinemast geprägt. Unter
Verwendung von wasserchemischen Daten und der stabilen Isotopen im gelösten
Nitrat (δ15N & δ18O), haben wir zum einen festgestellt, dass im untersuchten Grund-
wasserleiter das aus der Gülle stammende Nitrat und zu einem geringeren Anteil
Mineraldünger als Nitratquelle für die Nitratkonzentrationen oberhalb des von der
Weltgesundheitsorganisation festgelegtem Grenzwertes verantwortlich sind. Zum
anderen haben wir in dem porösen Grundwassersystem, welches aus einem Tiefena-
quifer, dem Hauptaquifer und zahlreichen schwebenden Grundwasserstockwerken
besteht, über die Isotopensignatur im Nitrat gezeigt, dass vermutlich kein wesentlicher
mikrobieller Abbau von Nitrat im Hauptaquifer zu beobachten ist.

Um die Verzögerungszeit für eine einsetzende Denitrifikation im untersuchten Aquifer
zu bestimmen, wurden zunächst mit Hilfe der Umweltisotope δ2H & δ18O, 3H/3He,
14C, verknüpft mit einem einfachen 'Lumped Parameter'-Modell mittlere Grundwas-
serverweilzeiten von < 5 bis > 100 Jahren für den Aquifer ermittelt. Unter Annahme
einer Reaktion 1. Ordnung konnten somit geringe Sauerstoffreduktionsraten von 0,015

1/Jahr für den Aquifer abgeschätzt werden. In Verbindung mit den modellierten
mittleren Verweilzeiten ergaben sich somit Denitrifikationszeitverzögerungen von
etwa 114 Jahren für den Grundwasserleiter. Die Ergebnisse deuten darauf hin, dass es
in dem porösen Aquifer viele Jahrzehnte dauern wird, bis die Nitratkonzentrationen
mittels Denitrifikation signifikant zurückgehen, selbst wenn in dem Einzugsgebiet der
Stickstoffeintrag zeitnah beträchtlich reduziert werden würde.

Die Isotopensignaturen im gelösten Nitrats (δ15N und δ18O) werden zwar weitreichend
angewendet, um die Quellen der Nitratkontamination und Denitrifikationsprozesse
im Grundwasser zu ermitteln, sind aber oft schwierig und nicht immer eindeutig zu
interpretieren. Für zwei Grundwasserleiter im Arbeitsgebiet, den Hauptaquifer und
die schwebenden Grundwasserleiter wurden deshalb zusätzlich Monte-Carlo-Simula-
tionen durchgeführt, um die Interpretation der Isotopendaten für das gelöste Nitrat
weiter zu stützen. Dafür haben wir verschiedene Szenarien (Mischung, Transport und
reaktiver Transport) simuliert, um die im Grundwasser beobachteten δ15N Werte des
Nitrats zu erklären.
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Der beobachtete Isotopenshift im δ15N des gelösten Nitrats im Grundwasserleiter des
Untersuchungsgebietes zu schwereren Isotopen wird auf Grund der Ergebnisse der
Monte-Carlo-Simulationen ebenfalls hauptsächlich auf die Veränderung der Landnut-
zung, hin zu einer in den letzten Jahrzehnten zunehmenden Gülleausbringung (> δ15N
Werte), und nicht mit denitrifizierenden Prozessen im Aquifer erklärt. Gute Kurvenan-
passungen bei Simulationsszenarien, die die Denitrifikation berücksichtigen, konnten
nur für Verhältnisse von Nitratquellen und Landnutzung bestimmt werden, die für das
Untersuchungsgebiet unrealistisch erscheinen. Mikrobielle Denitrifikation ist nur für
die schwebenden Grundwasserstockwerke zu vermuten, da hier im Gegensatz zum
Hauptaquifer die simulierten δ15N-Verteilungen unter Berücksichtigung einer ablau-
fenden Denitrifikation gut mit den beobachteten Verteilungen übereinstimmten. Die
Ergebnisse zeigen, dass Monte-Carlo-Simulationen ein geeignetes Werkzeug darstel-
len, um die verschiedenen potentiellen Anteile von Nitratquellen mit unterschiedlicher
Isotopensignatur im Grundwasser, qualitativ und quantitativ zu bewerten. Außerdem
kann die Methode dazu beitragen, die Ermittlung von Stickstoffeinträgen in Relation
zur Landnutzung zu unterstützen.
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1
I N T R O D U C T I O N

With the discovery of the Haber-Bosch process in 1913, it was possible to artificially fix
atmospheric nitrogen (N2) to ammonia (NH3) and produce synthetic fertilizer. Around
that time the human population started to grow exponentially and although there
were many factors involved, the securing of the food production was a crucial one
(Galloway and Cowling, 2002). The Haber-Bosch process was a great breakthrough
in the early 20th century but is also responsible for some of the major ecological
challenges in the 21st century, such as eutrophication and nitrate contamination of
groundwater and surface water. As groundwater is one of the main drinking water
resources in Europe, and worldwide 2 billion people are dependent on it, nitrate
pollution of groundwater is a large concern (Kemper, 2004).

Nitrate (NO−
3

) itself is not toxic to the human body, however its reduced metabolite
nitrite (NO−

2
) can oxidize hemoglobin (Fe2+) to methemoglobin (Fe3+) in red blood

cells (Knobeloch et al., 2000). As iron (III) (Fe3+) is not able to bind oxygen, the
essential oxygen supply to human organs, in particular the brain, is reduced, which
may lead to cyanosis symptoms. This illness is named methemoglobinemia, better
known as the blue baby syndrome as it affects in particular infants under the age of 3

months. Next to the unusual blue-gray to lavender skin color, some clinical symptoms
include irritability, diarrhea, vomiting and lethargy. If methemoglobin levels are
larger than 50% of the red blood cells counts per mL and not adequately treated,
methemoglobinemia can be fatal for infants (ibid.).

Regarding carcinogenicity and gastric cancer, nitrate itself has not been shown to be
carcinogenic, but nitrite reacts with nitrosatable compounds and forms N-nitroso com-
pounds. As these compounds have been shown to be carcinogenic in cell cultures, an-
imal experiments and humans, it has been suggested to be carcinogenic (WHO, 2007).
Based on the harmful character of nitrite, nitrate concentrations in the drinking water
are limited to 50 mg/L in Europe (WHO, 2004).

1.1 nitrate as a contaminant in groundwater

Elevated nitrate concentrations above drinking water limits can be observed world-
wide in groundwater (Wick et al., 2012). Especially the influence of intensive livestock
farming on drinking water quality has become a major concern in the last decades
(Hansen et al., 2011; Hooda et al., 2000). In rural areas with agricultural influence, an
aquifer may be impacted by fertilizers (synthetic and manure) and/or effluents from
septic tanks. Nitrate sources can be determined by isotope methods as shown in many
case studies (Aravena et al., 1993; Mayer et al., 2002; Widory et al., 2005). But even
though sources can be identified, nitrate contamination persists in Europe and else-
where. Therefore, the European Water Framework Directive (WFD) 2000/60/EC was
introduced in 2000 to not further deteriorate and consequently improve the chemical
water status of the European water bodies by 2015 (Teodosiu et al., 2018). According
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1.2 the nitrogen cycle in groundwater

to the status report 2012 of the European Environmental Agency (EEA), approximately
25% of all aquifers across Europe are in a poor chemical status, for which mainly ni-
trate contamination is responsible (Werner and O’Doherty, 2012). Furthermore, 33%
of all analyzed groundwater bodies are affected by diffuse pollution from agriculture
and contrary to expectations and major efforts to reduce nitrate inputs into aquifers
through changes in land use, land management and other measures (Suchy et al., 2018),
some EU countries including Germany have not met the objectives of the European Wa-
ter Framework Directive by 2015 (European Commission, 2000, 2015; Voulvoulis et al.,
2017). A lack of timely response to such measures in the level of nitrate contamination
in groundwater has puzzled stakeholders and has prompted the EU to delay its aspira-
tion for ’good qualitative status’ for all EU water bodies by more than a decade, from
2015 to 2027 (European Commission, 2012).

1.2 the nitrogen cycle in groundwater

In the environment, nitrogen occurs in various oxidation states ranging from −3 (NH3

and NH+
4

) to +5 (NO−
3

). Nitrogen gas can be naturally fixed from the atmosphere
with the energy of lightning. Moreover, soil bacteria are able to fix N2 asymbiotically
while symbiotically heterotrophs such as Rhizobia are much more productive and may
bind up to 300 kg N/ha/year. A symbiotic relationship may be formed with roots
of bean plants or other legumes. In aquatic environments, cyanobacteria are mainly
responsible for nitrogen fixation and bind up to 1600 kg N/ha/year in rice paddy
(Ibanez et al., 2007).

R−NH2 → NH3 +H2O→ NH+
4 +OH− (1)

The fixed organic nitrogen is mainly found in the reduced amino form and is
converted to ammonia (NH3) and then ammonium (NH+

4
) with the typical reaction as

shown in equation 1.

1.2.1 Aerobic processes

The nitrogen cycle includes several transformation processes as shown in Figure 1.
Each of them is defined by redox conditions and other factors such as microbial activ-
ity and nutrient availability (Clark, 2015). One of the main processes regulating the
nitrate input into groundwater is the nitrification. In this process, ammonia (NH3) and
ammonium (NH+

4
) are oxidized to nitrite (NO−

2
) and then to nitrate (NO−

3
) as shown in

equation 2 and 3 respectively. Nitrification is mainly performed by chemolithotrophic
bacteria, whereby NH+

4
is oxidized to NO−

2
by Nitrosomonas and Nitrobacter oxidizes

NO−
2

to NO−
3

(Prosser, 1989). However, recent studies have discovered that two species
of Nitrospira are able to completely oxidize NH+

4
to NO−

3
(van Kessel et al., 2015).

2NH+
4 + 3O2 → 2NO−

2 + 2H2O+ 4H+ (2)

2NO−
2 +O2 → 2NO−

3 (3)
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Figure 1: The nitrogen cycle displaying the principal reactions in the environment, based on
Clark (2015)

The nitrification process is strictly aerobic and nitrate is the most thermodynamically
stable aqueous species of nitrogen in oxic environments. Moreover, nitrification plays
a large role in the transport of nitrogen in the unsaturated and saturated zone. NH+

4

as positively charged ion tends to be bound by negatively charged clay particles,
whereas nitrate as a negatively charged ion tends to show only little sorption and
does not precipitate as mineral phase in oxic groundwater systems (Hamdi et al., 2013;
Ibanez et al., 2007). Therefore, nitrate transport is assumed to be conservative in oxic
environments. However, nitrate may be photolysed by natural sunlight producing
hydroxyl radicals, which are strong oxidizers (Ibanez et al., 2007).

1.2.2 Anaerobic processes

In contrast, one of the dominant processes to reduce nitrate in aqueous anoxic envi-
ronments is denitrification. Around ten years ago, nitrate reduction via denitrification
was thought to be the only process that eliminates nitrogen from a system (Appelo
and Postma, 2005). The process reduces nitrate via nitrite, nitric oxide, nitrous oxide,
and eventually to nitrogen gas (Burt et al., 1999; Ibanez et al., 2007; Korom, 1992). This
pathway is found in bacteria, fungi and archaea (Zumft, 1997).

2NO−
3 + 12H+ + 10e− → N2 + 6H2O (4)

Equation 4 shows the half reaction of the nitrate reduction. The dominant electron
donor in most aquatic systems is organic carbon, however, inorganic electron donors,
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1.2 the nitrogen cycle in groundwater

such as pyrite (FeS2), have also been shown to be effective in aquatic systems (Boettcher
et al., 1990; Böhlke et al., 2002; Kölle et al., 1985; Postma et al., 1991).

Redox reactions follow a systematic order, which is defined by the free Gibbs-Energy
(∆G°). An organic or inorganic electron donor, thus, favors an acceptor holding the
highest free energy available. Dissolved O2 (−501 kJ) is first consumed, subsequently
nitrate (−476 kJ), then manganese(IV) (−340 kJ) and subsequently iron(III) (−116 kJ) is
reduced, followed by bacterial sulfate reduction (−102 kJ) and finally methanogenesis
occurs with −93 kJ (Rivett et al., 2008). Consequently, O2 must be first depleted before
nitrate and other electron acceptors are able to react with the available electron donors
such as Dissolved Organic Carbon (DOC), FeS2, and Fe(II) in the groundwater system.
Once the environment becomes anoxic, facultative anaerobes start to use nitrate
(nearly the same energy yield) as electron acceptors and as the environment becomes
more anoxic, obligate anaerobes take over. The transition from O2 reduction to
denitrification has been determined to commence at O2 concentrations of <60 µmol/L
in aquifers (Böhlke et al., 2002; Tesoriero and Puckett, 2011). Other case studies,
however, indicate O2 threshold values for the denitrification commencement of as low
as 0.3 µmol/L (Calderer et al., 2010; Starr and Gillham, 1993; Vogel et al., 1981).
In laboratory studies, the availability of dissolved O2 was found to be an important
factor for the efficiency of denitrification processes and it has been suggested that
nitrate reduction was not most efficient under strictly anaerobic conditions (Payne,
1983; Tiedje, 1988). For instance, it has been reported that the enzymes involved in the
different steps of denitrification, such as nitrate (NaR), nitrite (NiR) and N2O (N2OR)
reductase require different O2 threshold concentrations (Bonin et al., 1989; Davies
et al., 1989; Hochstein et al., 1984; Körner and Zumft, 1989; Robertson and Kuenen,
1984). Therefore, O2 represents an important factor limiting the commencement of
denitrification in groundwater, and the term ’denitrification lag time’ refers to the
period required to reduce O2 concentrations in groundwater to levels low enough
so that denitrification can occur. Although some studies have focused on denitri-
fication with the role of O2 concentrations on nitrate turnover, the determination
of O2 reduction rates that allow the estimation of potential nitrate reduction pro-
cesses has received only little attention (Böhlke and Denver, 1995; Einsiedl et al., 2009;
Katz et al., 2004; Stoewer et al., 2015; Tesoriero and Puckett, 2011; Tesoriero et al., 2000).

Denitrifying bacteria gain their energy from the oxidation of organic (heterotrophism)
or inorganic species (autotrophism). Heterotrophic bacteria (Pseudomonas denitrificans)
use complex organic substances (e. g. methanol, ethanol, methane etc.) as its electron
donor. Autotrophic bacteria, such as Thiobacillus denitrificans, Ferrobacillus, use inor-
ganic compounds, such as reduced iron (Fe2+) or sulfur (e. g.in FeS2) (Archna et al.,
2012; Boettcher et al., 1990; Clark, 2015; Knöller et al., 2005).

10Fe2+ + 2NO−
3 + 14H2O→ 10FeOOH+N2 + 18H

+ (5)

6Fe2+ + 2NO−
3 + 2H2O→ 2Fe3O4 +N2 + 4H

+ (6)

Equation 5 and 6 show generic stoichiometric equations of the reduction of nitrate by
Fe2+, where the produced Fe3+ precipitates as oxyhydroxide or oxide minerals. Moni-
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1.2 the nitrogen cycle in groundwater

toring shows that Fe2+ bearing groundwater holds little to no nitrate, which approves
abiotic and biotic autotroph denitrification by ferrous iron (Fe2+) (Korom, 1992).

5FeS2 + 14NO
−
3 + 4H+ → 7N2 + 10SO

2−
4 + 5Fe2+ + 2H2O (7)

Iron sulfide or pyrite (FeS2) has been demonstrated to be an effective electron donor
in carbon-limited aquifers and the reaction of equation 7 is mediated by various
heterotroph and autotroph bacteria (Rivett et al., 2008). The oxidation of pyrite has
also been suggested in several studies and evidence has been found using δ34S isotopes
(Boettcher et al., 1990; Pauwels et al., 2000; Schwientek et al., 2008). However, the
distinction between autotroph and heterotroph denitrification is essential for the un-
derstanding of geochemical processes, it is always important to consider both and not
only one or the other as they often co-occur (Korom, 1992). The availability of electron
donors such as DOC, FeS2 and Fe2+ may be among other factors potentially limit-
ing denitrification (Einsiedl et al., 2007; Schwientek et al., 2008; R. L. Smith et al., 2016).

An anaerobic process that is sometimes underestimated in groundwater and only re-
cently discovered, is the anaerobic ammonium oxidation (anammox). As shown in
equation 8, NH+

4
can be oxidized by nitrite to N2 and H2O (Mulder et al., 1995). The

anammox process with ∆G°= −360 kJ/mol represents a thermodynamically more fa-
vorable reaction than heterotrophic denitrification with ∆G°= −252.47 kJ/mol (Jetten,
2001).

NO−
2 +NH+

4 → N2 + 2H2O (8)

In anaerobic aquatic systems with both NH+
4

and NO−
2

present, NH+
4

may serve
as the electron donor for the reduction of NO−

2
to N2 gas. This may be the case in

wastewater, anoxic marine environments or contaminated groundwater. The NO−
2

used in this reaction may be produced by partial denitrification of NO−
3

. Jetten
(ibid.) concluded that the growth rate of the bacterial community is very slow with
11 days, but the anammox process has been suggested to be of great importance in
waste water treatment systems, especially in combination with the partial nitrification
process (SHARON®) that allows high conversion rates of NH+

4
and NO−

2
(Jetten,

2001; Van Dongen et al., 2001). In marine systems, the anammox process has been
widely investigated and reported in literature (Hu et al., 2011). In groundwater
systems anammox has often been underestimated, however, recent studies have found
evidence of its great importance to the system and relevant N loss (Clark et al., 2008;
Granger and Wankel, 2016; Hu et al., 2011; Schubert et al., 2006). Moreover, anammox
may also favor the changing interfaces of anoxic and oxic conditions in terrestrial
environments (Hu et al., 2011).

Another process that reduces NO−
3

is the dissimilatory nitrate reduction to ammo-
nium (DNRA). DNRA is performed by obligate anaerobes and believed to be limited
by nitrate (e−-acceptor) and carbon (e−-donor) concentrations (Tiedje, 1988). This as-
sumption can be explained by the electron requirements of the two redox reactions. As
shown in equation 4, the denitrification reaction only needs 5 e− to reduce one nitrate
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1.2 the nitrogen cycle in groundwater

molecule to half a molecule of N2 , whereas the DNRA reaction requires 8 e− for the
reduction of one nitrate to NH+

4
, as displayed in Equation 9.

NO−
3 + 10H+ + 8e− → NH+

4 + 3H2O (9)

A recently discovered process has shed some light on the poorly understood atmo-
spheric methane (CH4) budget. CH4 is one of the strongest greenhouse gases and
atmospheric CH4 concentrations have been rising since the 1750s, leading to an in-
creasing need to understand the dissimilation of CH4. Major anthropogenic sources
of CH4 are agriculture and fossil fuel exploitation with a contribution of about 230

Tg CH4 yr-1, a minor source is waste treatment (landfills, manure and sewage) and
biomass burning (Montzka et al., 2011). Major natural sources include wetlands (150-
180 Tg CH4 yr-1, 22%) and rice fields (12%) (Augenbraun et al., 2010). In freshwater
habitats, methane can be used as the carbon source (e--donor) for the aerobic methane
oxidation but also for the recently (2006) discovered anaerobic methane oxidation cou-
pled to denitrification. Raghoebarsing et al. (2006) have been the first describing the
nitrite dependent anaerobic methane oxidation (n-damo) with the reaction, displayed
in equation 10.

3CH4 + 8NO
−
2 + 8H+ + 8e− → 3CO2 + 4N2 + 10H2O (10)

Ettwig et al. (2010) discovered a new ‘intra-aerobic’ pathway of nitrite reduction,
whereby M. oxyfera bypasses the denitrification intermediate nitrous oxide with con-
verting two nitric oxide molecules to N2 and oxygen that was then used to oxidize
CH4. Moreover, it was established that the bacteria Candidatus Methylomirabilis oxyfera
belonging to the phylum NC10 performs the nitrite-dependent anaerobic methane ox-
idation (n-damo) and clearly prefers nitrite over nitrate (Ettwig et al., 2009; Ettwig
et al., 2010, 2008). Ettwig et al. (2008) also found that the NC10 bacterium are domi-
nant after 16 months of cultivation and an archaeal partner, such as anaerobic methan-
otrophic (ANME)-I, -II or -III, are not necessarily required for n-damo with nitrite as
the electron acceptor. However, the role of the Archaea in the initial enrichment is
still uncertain and it was observed that the Archaea oxidized CH4 not only in syn-
trophy with denitrifying bacteria but also without a partner, which was supported
by archaeal lipids that were depleted in δ13C (−67h) compared to the provided CH4

(−27h) (ibid.). Another study by Rasigraf et al. (2012) showed microbial oxidation
for n-damo by measuring δ13C and δ2H, finding enrichment factors ε of −29.2±2.6h
for 13CH4 and −227.6±13.5h for 2H, calculated with the Rayleigh equation. A prefer-
ential environment for the n-damo would be rich in nitrite/nitrate and methane, low
in organic matter and sulphate to reduce competition to classical denitrifiers and sul-
phate reducing denitrification (Nordi and Thamdrup, 2014). Other studies by Bjerg
et al. (1995) and R. L. Smith et al. (1991) found evidence of the anaerobic methane
oxidation coupled to denitrification in connection to a methane plume of a landfill.
Other benchmarking studies have revealed evidence of anaerobic methane oxidation
coupled to denitrification in the sediment of freshwater lakes, such as Lake Lugano
and Lake Constance, Switzerland (Deutzmann and Schink, 2011; Lehmann et al., 2004).
In freshwater lakes, the close proximity of oxygen and nitrate reducing environments
can mask n-damo as aerobic methane oxidation. To investigate this, Deutzmann et al.
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1.3 environmental isotopes

(2014) analysed the denitrifying methanotrophs in vertical sediment cores of Lake Con-
stance to conclude that n-damo can be a major CH4 sink, if nitrate is present in the
anaerobic zones.

1.3 environmental isotopes

Environmental isotopes are a powerful tool to determine denitrification potential, ni-
trate sources and electron donors for the denitrification process (Einsiedl and Mayer,
2006; Koh et al., 2010; Sebilo et al., 2006; Stoewer et al., 2015; Wassenaar, 1995; Wun-
derlich et al., 2012). Moreover, environmental isotopes, such as δ2H/ δ18O, 3H/3He
and 14C may be applied to model mean groundwater transit times (Maloszewski and
Zuber, 1982; Sültenfuß, 1998; Sültenfuß et al., 2011).

1.3.1 Sources and processes affecting stable isotopes of nitrate

Nitrogen shows an abundance of 0.003% in the earth (97.76% in rocks) and 2.01% in the
atmosphere. It has two stable isotopes: 14N and 15N, whereby 99.64% of atmospheric
nitrogen consists of 14N and only 0.36% of 15N. Oxygen has three stable isotopes in-
cluding 16O with an abundance of 99.76%, 17O with 0.04% and 18O with 0.2% (Clark,
2015; Kendall and McDonnell, 1998b). To enhance measurement quality and interlab-
oratory results, the measured ratios of heavy (15N) to light (14N) isotopes in samples
are compared to a standard ratio (e. g. AIR for 15N:14N , which is the reference of
N2 in atmospheric air or Vienna Standard Mean Ocean Water (VSMOW) for 18O:16O)
as shown in equation 11 and 12, respectively (Böhlke and Coplen, 1995; Kendall and
McDonnell, 1998b).

δ15NAIR[h] =
(15N/14N)Sample
(15N/14N)AIR

− 1 (11)

δ18OVSMOW [h] =
(18O/16O)Sample
(18O/16O)VSMOW

− 1 (12)

The δ notation was introduced to compare the standardized ratios of isotopes. With
this method, even small variations in isotope ratios may be determined to identify
biogeochemical processes. If chemical and physical processes are completed, the
resulting δ15N values are equal in the substrate and product. However, if the processes
are incomplete, fractionation of isotopes occurs and δ15N values differ in substrate
and product (Ryabenko, 2013).

Two fractionation processes were found to be influencing the isotopic composition:
the equilibrium and kinetic fractionation. The equilibrium fractionation is reversible
and driven by energy changes of molecules. It is based on the understanding that in
equilibrium isotopically lighter species are bound less strongly compared to heavier
species (Bigeleisen, 1965). The factor αeq. for equilibrium exchange reaction of A ↔ B
is shown in equation 13.

αeq. =
RA
RB

(13)
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where R is 15N/14N

Kinetic fractionation is irreversible and defined by the bonding strength of the react-
ing molecules. In low temperature environments, kinetic fractionation effects are more
important than the equilibrium fractionation effects as these decrease with tempera-
ture (Kendall and McDonnell, 1998b; Ryabenko, 2013). Kinetic fractionation factors
may vary strongly depending on reaction rates, product and reactant concentrations,
conditions etc. Kinetic fractionation is based on the understanding that heavier iso-
topes (more neutrons) react slower than lighter isotopes (less neutrons), which leads
to an enrichment of heavier isotopes in the remaining substrate. Consequently, the
products that are formed in the system/substrate, are isotopically lighter and depleted
in heavier isotopes. Therefore, 15N and 18O will be enriched in the remaining nitrate,
if denitrification takes place. The kinetic fractionation factor is commonly described
by the rate constants for the molecules of light and heavy isotopes as displayed in
equation 14.

αkin. =
14k
15k

(14)

where 14k and 15k are the rate constants for the light and heavy isotopes.

The fractionation factor may also be expressed with the enrichment ε that describes the
isotopic enrichment of the product relative to the substrate in h as shown in equation
15.

ε = (α− 1)× 1000 (15)

The kinetic fractionation process can also be described with the Rayleigh equation
(equation 16), where the isotope ratio (R) is a function of the initial ratio (R0), the
remaining fraction of the reservoir (f), which can also be described as Ct/C0, and the
fractionation factor α (Clark and Fritz, 1997).

R = R0 ×
ct

c0

(α−1)
= R0 × f(α−1) (16)

where R is 15N/14N

Fractionation of 15N varies significantly depending on the process. The N fixing
process, which includes mainly bacterial fixation but also lighting induced fixation,
shows only little 15N fractionation and small fractionations are mainly ascribed to
bacterial strains, nutrient supply and soil moisture (Bergersen et al., 2009; Ledgard,
1989; Shearer et al., 1986). Commonly δ15N values are in general slightly lower than
0h for bacterial fixation of N2 by nitrogenase. Fractionation factors range from −3 to
+1h (Fogel and Cifuentes, 1993).

N2 fixation is sometimes viewed as a specific type of assimilation, however, the
majority of literature considers only the incorporation or uptake of NH+

4
, NO−

3
,
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NO−
2

into organisms as assimilation. NO−
3

and NO−
2

reductases initially reduce all
oxidized forms of N to NH+

4
, which is then assimilated into organic matter (Kendall

and McDonnell, 1998b). As anticipated, molecules including the lighter isotopes 14N
are preferred over the heavier isotopes 15N for incorporation. Hübner (1986) found
that measured values for fractionation of microorganisms in soils ranged from −1.5
to +1h averaging at −0.52h. Similar ranges are found for fractionations by vascular
plants (Mariotti et al., 1980). N uptake by plants, however, produces only negligible
fractionation. In field studies it has been observed that NH+

4
is preferred over NO−

3

for assimilation in microbial-detrital pools (Currie and Nadelhoffer, 1999; Davidson
et al., 2007). In field and laboratory studies, fractionations ranging from −27 to 0h
have been found for NH+

4
and NO−

3
assimilation by algae in aquatic environments

(Fogel and Cifuentes, 1993).

Mineralization, which is sometimes also called ammonification, is the production of
NH+

4
from soil organic matter and produces only small fractionations of ±1h (Kendall

and McDonnell, 1998b). In literature a wide range of fractionation values can be found
for mineralization. However, in these studies mineralization often includes the whole
process of mineralized N being converted to NO−

3
, which is in fact not correct and

large fractionations are produced by nitrification and not by the transformation of or-
ganic N to NH+

4
. Nitrification includes several transformation steps and intermediates,

reacting from NH+
4

to NH2OH, to NO−
2

and finally to NO−
3

. In several laboratory and
field studies, it was suggested that in the microbial nitrification processes two thirds
of the oxygen atoms in the newly formed nitrate are derived from water and one
third from the dissolved atmospheric O2 (Amberger and Schmidt, 1987; Böhlke et al.,
1997; Durka et al., 1994; Hollocher, 1984; Kendall and McDonnell, 1998b; Wassenaar,
1995). The theoretically expected δ18Onitrate derived from nitrification may therefore
be calculated (Stumpp et al., 2009). Voerkelius (1990) found in laboratory studies
similar δ18O values for nitrate that was formed by nitrification between −2 and +2h
using δ18O values for water of −10h and a δ18OO2

value of 23.5±0.3h (Kroopnick and
Craig, 1972). However, recent studies have shown that the O-exchange between δ18O
from water, molecular O2 and NO−

2
, and isotope fractionation can have a significant

impact on the δ18O nitrate (Buchwald et al., 2012; Casciotti et al., 2010; Fang et al., 2012;
Snider et al., 2010). Therefore, δ18O values of nitrate from microbial nitrification can
vary widely depending on soil types, pH and C content (Amberger and Schmidt, 1987;
Einsiedl and Mayer, 2006; Mayer et al., 2001; Voerkelius, 1990).

The fractionation of soil NH+
4

may be influenced by nitrification, dilution of atmo-
spheric NH+

4
and sorption processes in soil-water interaction (Buzek et al., 1997). The

overall isotope fractionation for nitrification shows enrichment factors ε(NO−
2

-NH+
4

)≈
−12 to −29h (Kendall and McDonnell, 1998b). The enrichment of 15N depends
strongly on the rate determining step. The oxidation of NO−

2
to NO−

3
is generally

rapid and not rate determining in natural systems, but the comparably slow oxidation
of NH+

4
to NO−

2
by Nitrosomonas is suggested to cause most of the fractionation.

Therefore, the rate determining step of NH+
4

to NO−
2

enriches the 15N in NH+
4

and
depletes the 14N in NO−

2
. However, Casciotti (2009) found an inverse kinetic isotope

effect from NO−
2

to NO−
3

with −12.8h. Due to this inverse isotope effect, the δ15N
(and δ18O) values of NO−

2
are lower than these of NO−

3
. Moreover, the fractionation
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depends also on the size of substrate pools and may be negligible in N-limited systems.

Another process that may significantly influence the δ15N values, is volatilization,
which is the common term for the loss of NH3 from near-surface soils leaving higher
δ15N values in the residual NH+

4
. The fractionation of volatilization consists for one of

the equilibrium fractionation of NH+
4

and NH3 in solution, and also between aqueous
and gaseous NH3. Moreover, the kinetic fractionation causes a depletion of 15N in the
diffused NH3 and an isotopic enrichment in the remaining NH+

4
.

In addition, patterns of decreasing nitrate concentrations coupled to exponential
increase of δ15N and δ18O in the residual nitrate along a groundwater flow path have
been shown to be an effective indicator of denitrification in aquifers (Boettcher et al.,
1990; Böhlke et al., 2002; Knöller et al., 2011; Koh et al., 2010; Mariotti et al., 1988;
Schwientek et al., 2008; Sebilo et al., 2006; Wassenaar, 1995). Studies have identified
enrichment factors for heterotrophic denitrification ranging from −40 to −5h (Fukada
et al., 2003; Kendall and McDonnell, 1998b; R. L. Smith et al., 1991). Torrentó
et al. (2010) investigated autotrophic denitrification by Thiobacillus denitrificans under
controlled conditions and found isotopic enrichment factors εN and εO ranging from
−13.5h to −15.0h and from −19.0h to −22.9h, respectively.

In marine aquatic environments such as the Arabian Sea, denitrification was often
seen as the main N loss process in the oxygen minimum zone (B. B. Ward et al., 2009).
However, investigating 15NO−

2
showed that there is a direct link between DNRA and

anammox, which was often mistaken as 15N enrichment for denitrification (Jensen
et al., 2011). Anammox and DNRA may also occur in freshwater environments (Böhlke
et al., 2006; Brunner et al., 2013; Clark et al., 2008; R. L. Smith et al., 2015), but δ15N
studies in these habitats are limited compared to those in marine environments (Hu
et al., 2011). Brunner et al. (2013) found that 15NH+

4
gets depleted in the remaining

pool with isotopic effects of +23.5 to +29.1h. Moreover, isotope effects during the
reduction of NO−

2
to N2 and NO−

3
include 1) an inverse kinetic isotope effect during

the oxidation of NO−
2

to NO−
3

(−31.1±3.9h), 2) normal kinetic isotope fractionation
during the reduction of NO−

2
to N2 (+16.0±4.5h) and 3) an equilibrium N isotope

effect between NO−
3

and NO−
2

(−60.5±1.0h). The latter is stimulated by environmental
stress, which may superimpose the N isotope exchange effects over the kinetic N
isotope fractionation. Granger and Wankel (2016) summarizes enrichment factors of
the different processes and studies.

Moreover, the stable isotope composition of nitrate has been successfully used to de-
termine sources of nitrate in contaminated groundwater (Aravena et al., 1993; Böhlke,
2002; Böhlke et al., 2002; Choi et al., 2007; Kendall and McDonnell, 1998b; Mayer
et al., 2002). Common nitrate sources in catchments with intensive anthropogenic N
inputs are synthetic fertilizers, manure, waste waters and septic systems among others
(Kendall and McDonnell, 1998b). δ15N and δ18O ranges from these sources have been
collected and are displayed in Figure 2. Nitrate sources may then be identified by
plotting measured δ15N and δ18O values on the 2-dimensional plot.

However, isotope fractionation during denitrification may have a significant influence
on the δ15N and δ18O values. Groundwater that has been influenced by denitrification
may show data points along a straight line with empirical δ15N:δ18O trajectories of
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0.5 to 0.8 in freshwater systems, relating to its initial nitrate source (Amberger and
Schmidt, 1987; Casciotti et al., 2002). In addition, there have been ambiguities and
difficulties interpreting δ15N and δ18O values of nitrate in groundwater systems. For
instance, the mixing of different unreacted nitrate sources such as manure (elevated
δ15N > 7h, low δ18O 6 5h) with unreacted nitrate deriving from precipitation (low
δ15N≈ 0h, elevated δ18O≈ 60h) (Kendall and McDonnell, 1998b) can be mislead-
ingly interpreted as microbial denitrification (Pauwels et al., 2000; Xue et al., 2009).
Therefore, the identification of denitrification via a characteristic slope in a 2D isotope
plot (δ18O versus δ15N) may often fall short for groundwater systems impacted by a
mixture of different nitrate sources. Moreover, during denitrification, δ18O originating
from ambient water may be incorporated into dissolved nitrate by back reactions of
NO−

2
to NO−

3
and can overprint the expected enrichment of 18O in the remaining

nitrate as reported in literature (Granger and Wankel, 2016; Wunderlich et al., 2013).
This also implies that there is no typical slope as a robust diagnostic tool for the
characterization of denitrification under environmental conditions as often suggested
in literature (e. g. by Amberger and Schmidt (1987) and Boettcher et al. (1990)).
Therefore, a combination of aqueous (geo)chemical and isotopic techniques may be
an effective approach to determine O2 threshold concentrations for denitrification and
the extent to which nitrate reduction occurs in aquifers.
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Figure 2: 2-dimensional isotope plot of δ18O and δ15N for a determination of nitrate sources,
based on Kendall and McDonnell (1998b)

As nitrate shows no or only little sorption effects on the aquifer matrix and does
not precipitate as mineral phase under oxic redox conditions, transport of nitrate in
groundwater is assumed conservative (Hamdi et al., 2013; Harper, 1924; Singh and
Kanehiro, 1969). In such oxic aquifers, the residence time of nitrate in groundwater
may vary from less than one year to several decades or even centuries depending on
the apparent mean transit time (MTT) of groundwater (Koh et al., 2010; Sebilo et al.,
2013; Wassenaar et al., 2006). Fogg et al. (1999) for instance, estimated the vulnerability
of groundwater to nitrate contamination by modeling its transport in both the vadose
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zone and the aquifer to produce travel time maps of the Salinas Valley, California, USA
that may indicate nitrate vulnerable zones. Furthermore, apparent groundwater MTTs
have been successfully determined combining environmental isotope measurements
and the use of transport models (Böhlke, 2002; Einsiedl and Mayer, 2006; Maloszewski
and Zuber, 1982).
By combining O2 concentrations and modeled MTTs, it appears possible to estimate
O2 reduction rates and the time frames required to reduce O2 in an aquifer to levels
where denitrification can commence (denitrification lag time) so that nitrate removal
from groundwater can be accelerated dependent on the availability of electron donors
in the system.

1.3.2 Sulfur isotope ratios (δ34S) of sulfate

Sulfur has four stable isotopes (32S, 33S, 34S and 36S) and one radioactive naturally
occurring isotope 35S with a half-life of 87.5 days (Cooper et al., 1991). 32S and 34S are
the most abundant with 95.02 and 4.21%, respectively, and therefore mass spectrometry
is usually restricted to these two isotopes. The δ34S notation is defined in equation 17.
The historic international standard is the Canon Diablo troilite (V-CDT). However, the
International Atomic Energy Agency was prompted to define the IAEA-S1 standard
due to small isotopic discrepancies in the V-CDT. The IAEA-S1 standard has a δ34S
value of −0.30h (Kendall and McDonnell, 1998b).

δ34S[h] =
(34S/32S)Sample
(34S/32S)standard

− 1 (17)

The analysis of δ34S represents an additional tool to identify sources of sulfate and
pyrite oxidation in groundwater (Bottrell et al., 2000; Einsiedl and Mayer, 2005; Knöller
et al., 2005; Moncaster et al., 2000; Pauwels et al., 2000; Schwientek et al., 2008).
Sulfur may originate from four different sources, which include atmospheric depo-
sition, S containing fertilizers, contaminated surface waters, and S bearing minerals
in the aquifer material. δ34S values in atmospheric sulfur range widely from 0.5
to 19.4h, sampled worldwide in aerosol and precipitation (Kendall and McDonnell,
1998b; Mayer et al., 1995; Newman et al., 1991). δ34S values of S containing fertiliz-
ers range from 0 to +7h (Mizota and Sasaki, 1996). The oxidation of pyrite may be
identified by negative δ34S values and there is no or only minor S isotope fractionation
expected (Balci et al., 2007; Krouse and Grinenko, 1991).

1.3.3 Stable isotopes of δ2H and δ18O

The stable isotopes of water (δ2H and δ18O) in precipitation and the hydrologic
cycle have been excessively studied and are an indispensable tool for environmental
scientists (Jouzel et al., 1997; Lee and Fung, 2007; Maloszewski et al., 1992; Rodhe
et al., 1996; Stumpp et al., 2014). Temperature and the proportion of residual water
vapor in precipitation are the two main factors that influence the isotopic composition
of water. As a result of these factors, several effects including the continental, altitude,
latitude and amount effect, control the δ2H and δ18O composition in precipitation
(Kendall and McDonnell, 1998b). Craig (1961) first described the co-variance of δ2H
and δ18O in all meteoric water with the δ2H = 8 · δ18O + 10. This relationship has
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1.3 environmental isotopes

been named the global meteoric water line (GMWL) and is often applied for the
comparison of stable isotopic data, but local isotopic data may vary with different
meteoric conditions, which requested the term local meteoric water line (LMWL).

Long-term data series of stable isotopes in spring water and shallow groundwater, al-
low the assessment of MTTs that are younger than 4-5 years. To determine the MTT
of groundwater, the stable isotopes δ18O und δ2H need to be monitored over at least a
year (Trcek and Zojer, 2010). When seasonal variations are observed, a transit time of
less than 4-5 years can be assumed and the measured data are fitted to theoretical out-
put concentrations by using an advective-dispersive model, which allows a prediction
of the groundwater transit times and αL, the dispersivity (m) in the spring/shallow
groundwater catchment (Maloszewski and Zuber, 1982). Furthermore, δ18O and δ2H
can differentiate water infiltrated in the Holocene (last 11.700 years of the Earth’s his-
tory) from water infiltrated in the Pleistocene (11,700 to 2,588,000 years) (Geyh, 2000).

1.3.4 3H/3He

Groundwater MTTs of 5 to slightly more than 100 years can be determined by mea-
suring and modeling the natural occurring radioactive isotope Tritium (3H). Natural
3H-concentrations of up to 5 TU (Tritium units) are produced by cosmic ray neutrons
colliding with nitrogen in the upper atmosphere and producing 15N, which decays into
common 12C and 3H as displayed in equation 18.

14N+n→15 N→12 C+3 H (18)

Anthropogenic 3H concentrations, which were emitted into the atmosphere during
hydrogen bomb tests in the 1950s and 60s, reached a maximum in 1963 with up to
10,000 TU in the northern hemisphere where bombing took place (Mazor, 2004). In
1963, an international treaty stopped the bomb testing and since then concentrations
have been decreasing steadily with a half-life of 12.3 years. Nowadays, concentrations
have declined to pre-bombing concentrations i. e. natural concentrations. 3H decays to
the light and rare isotope 3He, which occurs with a 3He/4He -ratio of 1.38×10

−6 in the
atmosphere (Clarke et al., 1976; Lucas and Unterweger, 2012). Helium in comparison,
is present with 5.24 ppm in the atmosphere (Glückauf and Paneth, 1946). If two
3H concentrations with a time difference of several decades (>25 years) have been
measured in groundwater and the 3H input function is well known, a reasonable and
certain determination of groundwater residence time can be calculated (Kendall and
McDonnell, 1998a).

However, if modeling of 3H time series demonstrates ambiguous results, it may be
combined with the decay product 3He, which allows a more exact and reliable deter-
mination of the groundwater MTT. If there is no 3H data from the past available, a
piston flow age can be calculated with the 3H/3He method; however, a piston flow age
may not be very accurate. The time parameter of the 3H/3He-age can be assessed with
equation 19 with the decay constant λ = 0.05626 s−1 (Sültenfuß and Massmann, 2004).

τ =
1

λ
× (1+

3Hetri
3H

) (19)
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isotopes

As Neon (Ne) is naturally not present in the aquifer, the excess air component may be
calculated by means of measuring the Ne concentration and therefore determine po-
tential degassing of the water (Sültenfuß et al., 2011; Sültenfuß and Massmann, 2004).

1.3.5 14C

14C, also known as radiocarbon, is the radioactive isotope of carbon and has a half-life
of 5730 years. 14C is naturally produced in the atmosphere by cosmic ray interactions.
The natural abundance is ≈1 atom 14C per 10

12 atoms 12C. Anthropogenic 14C may be
produced by nuclear reactors and weapon testing. Next to 14C, there are two stable
isotopes of carbon that may also be used as tracers in earth science: 12C with an
abundance of 98.89% and 13C with 1.11%. The isotopic ratio of 13C to 12C are often
applied in ecological and atmospheric studies (Bender, 1971; Ciais et al., 1995; B. N.
Smith and Epstein, 1971). 14C in dissolved inorganic carbon (DIC) is often applied to
determine groundwater MTTs of more than 1000 years to up to several 10,000 years
(Aravena et al., 1995; Campana and Simpson, 1984; Castro et al., 2000).

1.4 modeling of groundwater mean transit times using environmen-
tal isotopes

To evaluate and characterize a groundwater system, it is of great importance to deter-
mine the groundwater MTT. Knowing the apparent MTT of groundwater linked with
reactive redox parameters, such as O2 concentrations, allows us to estimate the self-
purification potential of other redox sensitive parameter like nitrate. Generally, it is
stated that the longer the MTT, the better is the self-purification potential (Merkel and
Planer-Friedrich, 2008). If geochemical or redox conditions are, however, not suitable,
there might be no self-purification despite long MTTs. Still, the assessement of MTTs
may give information on how long the contaminants remain in the aquifer, if there is
no reduction taking place. Therefore, a key scientific question is the residence time
of nitrate in groundwater that is determined by transport processes and redox reac-
tions that occur along groundwater flow paths. An accelerated removal of dissolved
nitrate from aquifers at time scales faster than the apparent MTT of groundwater can
only occur through the redox processes denitrification and anammox. To evaluate and
predict groundwater MTT using environmental isotopes (e. g. δ2H/ δ18O, 3H/3He and
14C), a lumped parameter model (LPM) is often applied (Maloszewski and Zuber, 1982;
Zuber, 1986). The simplest approach is the piston-flow model as shown in equation 20

and describes the transport of water without any mixing, such as in a pipe. Therefore,
it is assumed that all transport pathways have the same length.

g(τ) = δ(τ− T∗) (20)

Where τ is the integration of the transit time distribution, T∗ the transit time of the
tracer and in favorable conditions equal to the mean age of water (T), and δ is the
Dirac delta function

The exponential model (equation 21) includes also a lateral flow, but additionally differ-
ent flow lengths and an exponential distribution of MTTs are assumed. Consequently,
the tracer moves on different flow paths and flow lengths, but no mixing is taking
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place.

g(τ) =
1

T∗
× e−

τ
T∗ (21)

In the dispersion model (DM) as shown in equation 22, mixing along the different flow
paths is assumed.

g(τ) =
1√

4πP∗Dτ/T
∗ ×

1

τ
× exp[−(1− τ/T∗)2

4P∗Dτ/T
∗ ] (22)

Where P∗D is the apparent dispersion parameter (inverse of the Peclet number)

These three models can be described by the black-box model in theory using an input
concentration converted to an output with a function (Maloszewski and Zuber, 1982;
Zuber, 1986). Maloszewski and Zuber (1982) have established that the exponential
piston-flow model (exponential distribution of transit times combined with a piston
-flow model) and the dispersion model give the best results for groundwater MTTs.
However, the dispersion model has also been widely used to model groundwater MTTs
for conditions with limited mixing (dispersion) (Schwientek et al., 2008; Visser et al.,
2013).

1.5 probabilistic modeling of δ15
n nitrate distributions in groundwa-

ter

Transport modeling often applies numerical solutions to include heterogeneities
(Cirpka and Helmig, 1999). However, in many study areas calibration may be difficult
due to a low spatial resolution of known aquifer properties and details about geology.
Otherwise, numerical modeling requires a stochastic framework for uncertainty
analysis (Simmons et al., 1995). Literature also shows that if an extended data set for a
groundwater system is missing, it makes sense to use simple lumped-parameter mod-
els (Maloszewski and Zuber, 1982, 1996), which also use a statistical characterization
of the variability of groundwater ages, notwithstanding the many other sources of
uncertainty. Isotope mixing models implementing a Bayesian framework are widely
used in ecological food web studies (Bond and Diamond, 2011; Dennard et al., 2009;
Ikeda et al., 2010; McClellan et al., 2010; Nosrati et al., 2018, 2014; E. J. Ward et al.,
2010). These Bayesian mixing models include for instance the SIAR (Stable Isotope
Analysis in R) using the Markov chain Monte Carlo method with an overall residual
error term (Parnell et al., 2013, 2010) or the MixSIR (Moore and Semmens, 2008),
applying sample importance resampling.

Recently, these models were applied to determine the quantitative contribution of dif-
ferent nitrate sources to nitrate contamination of groundwater and surface water (El
Gaouzi et al., 2013; Korth et al., 2014; Xu et al., 2016; Zhang et al., 2015). In a hy-
drological context, similar models using the generalized likelihood uncertainty esti-
mation (GLUE) methodology that also includes Markov Chain Monte Carlo methods,
have been developed to better understand complex environmental systems (Beven and
Freer, 2001). Nevertheless, Bayesian models, such as SIAR, were rarely applied for
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describing microbial denitrification processes in published case studies to date (Li et
al., 2019; Xia et al., 2017; Yue et al., 2015). Next to Bayesian models, Monte Carlos
simulations are simpler and can also be used to model such processes coupled with
statistical tools. Similar to Bayesian models, an advantage of Monte Carlo simulations
is their inherent ability to characterize uncertainties and to provide probabilistic risk
estimates of certain scenarios (Sadegh and Vrugt, 2014). However, a best fit is highly
dependent of the given data series and may also implicate uncertainties. To further ad-
vance isotope interpretation methods, Monte Carlo simulations can play an important
role, especially for data from study sites with a complex hydrogeology and an input of
different nitrate sources. Probability density functions (PDFs) can be assigned to each
parameter reflecting uncertainty, and parameter sensitivity. Therefore, results can be
evaluated in terms of probabilities, rather than deterministic values.
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1.6 aims and objectives

1.6 aims and objectives

As nitrate contamination in surface and groundwater has become a widespread
problem in Europe and elsewhere, stakeholders and decision makers are prompted to
find feasible and applicable tools to determine nitrate sources and the denitrification
potential of the catchment area. In the past, the stable isotope composition of nitrate
has been successfully used to determine sources of nitrate causing a deterioration
of groundwater quality in catchments with intensive anthropogenic N inputs from
synthetic fertilizers, manure, waste waters and septic systems among others (Aravena
et al., 1993; Böhlke, 2002; Böhlke et al., 2002; Choi et al., 2007; Kendall and McDonnell,
1998b; Mayer et al., 2002). In addition, patterns of decreasing nitrate concentrations
coupled with enrichment of 15N and 18O in the remaining nitrate along a groundwater
flow path have been shown to be an effective indicator of denitrification in aquifers
(Boettcher et al., 1990; Böhlke et al., 2002; Knöller et al., 2011; Koh et al., 2010; Mariotti
et al., 1988; Schwientek et al., 2008; Sebilo et al., 2006; Wassenaar, 1995).

We hypothesize that the determination of O2 reduction rates linked with stable
nitrogen isotopes are critical to assess the vulnerability of groundwater systems to
redox sensitive parameters such as nitrate. To assess O2 threshold concentrations
for denitrification and the extent to which nitrate reduction occurs in aquifers, a
combination of aqueous (geo)chemical and stable isotope techniques may be an
effective approach. If (geo)chemical information is combined with knowledge of
apparent groundwater MTTs, it appears possible to estimate O2 reduction rates and
the time frames required to reduce O2 in an aquifer to levels where denitrification
can commence (denitrification lag time) so that nitrate removal from groundwater
can be accelerated dependent on the availability of electron donors in the system. By
combining information from O2 concentration measurements, environmental isotope
data, chemical parameters and calculated apparent MTTs of groundwater, we explore
whether low O2 reduction rates represent a limiting factor that delays recovery of
nitrate-contaminated porous aquifers over time scales of years or even decades.
To achieve this goal, we investigated a nitrate-contaminated aquifer in an area with
intensive hog farming in south-eastern Germany with the objective to determine O2

reduction rates and to use the stable isotope composition of dissolved nitrate (δ15N &
δ18O) to evaluate nitrate sources and the extent to which denitrification has occurred
in groundwater. For that, we also determined the apparent MTT of the groundwater
using environmental isotopes (δ2H & δ18O, 3H/3He, 14C) linked with a lumped
parameter modelling approach. By comparing O2 reduction rates with apparent MTTs
of groundwater, we estimated the denitrification lag time in the investigated aquifer.

Moreover, in recent literature (i. e. Pauwels et al. (2000) and Xue et al. (2009)) ambi-
guities and difficulties interpreting δ15N and δ18O values of nitrate in groundwater
systems emerged. Hydrodynamic processes in the groundwater systems, such as mix-
ing and transport, may influence the initial δ15N and δ18O values. This may lead to
a misinterpretation of isotope signatures and denitrification potential. Therefore, we
hypothesize that Monte Carlo simulations have the potential to further assess and un-
derstand the processes influencing δ15N distributions in a groundwater system with a
complex hydrogeological structure and can support decision makers in the assessment
of nitrate isotope data. In order to simulate δ15N-value distributions in groundwater
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1.6 aims and objectives

arising from specific potential contributions, we proceeded stepwise by including 1) the
land use and related input (agricultural versus non-agricultural land use and mixing
of the nitrate sources manure, mineral fertilizer and precipitation), 2) hydrodynamic
processes (advection and dispersion) in groundwater, and finally 3) possible microbial
denitrification. Such contributions may explain δ15N-values observed in groundwater
in more detail and may support the interpretation of isotope data, which have been
analyzed in different simulation scenarios.
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2
M AT E R I A L A N D M E T H O D S

2.1 study site , geology and hydrogeology

The study was conducted in an 270 km2 agricultural area near Hohenthann
located 90 km north-east of Munich (Bavaria, Germany) within the Bavarian Ter-
tiary Molasse-Hills. 65% of the area is agriculturally used with maize as the
predominant crop and intensive hog farming, whereas the remaining 35% are
forested and urban areas as displayed in Figure 3a. The central village Hohenthann
has a population of around 4,000 inhabitants and the hog farms in its surroundings
house 65,000 pigs (Lill, 2013). According to a farmer’s survey, manure and mineral
fertilizer were applied in equal amounts to the fields. The area receives annual rainfall
of around 800mm (Kainzmaier et al., 2007). The mean annual air temperature is 7.5 to
8.0◦C.
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Figure 3: a) Location of sampling sites (d = drainage, s = spring, G = GWM, w = well), b)
Schematic cross-section of the hydrogeology and c) Trend of nitrate concentrations
with time for spring 109 and well 47; shaded area shows sampling period

Since there are no major rivers and large creeks, surface runoff of N compounds
is assumed to be very limited. Hence, most of the agricultural nitrate may reach
the hydrosphere mainly via groundwater recharge through sandy to silty soils
at quite variable recharge rates due to the heterogeneity of the materials in the
water-unsaturated zone. As the landscape is compiled of rolling hills, the depth
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2.2 sampling

to the saturated zone is quite variable and ranges between 0.4 and 53 mbgl with a
median of 16.6 mbgl. There are hardly any wetlands and riparian zones that could
facilitate denitrification or anammox during nitrate infiltration into the aquifer. Within
the catchment, a hydrological divide runs east-west demarcating a boundary where
groundwater flows to the north-west or south-west, towards the rivers Danube (not
shown in Figure 3a) and Isar. From the hydrogeological point of view, the groundwa-
ter is hydraulically connected to the surface water and could discharge to both rivers.
Consequently, the discharge of groundwater with elevated nitrate concentrations into
surface water could result in a significant decrease of surface water quality.

The study area is underlain by various aquifers in heterogeneous clastic sediments of
the South-German Molasse basin as displayed in a schematic cross-section in Figure
3b. A perched aquifer (PA) at depths above 45 mbgl is formed by locally occurring clay
layers with coarser sand and gravel above with groundwater being partly discharged
to springs. The main aquifer (MA) from 45 to 150 m depth is composed of the
Younger Upper Freshwater Molasse (UFMy), the Northern Gravel Series (NGS) and
the Fluviatile Freshwater Layers (FFL) of the Upper Freshwater Molasse (UFM). The
facies is described as sandy, gravelly to silty, with Kf-values of 10

−6 to 10
−4 m/s

(Kainzmaier et al., 2007). A deep aquifer in 150 to 200 m depth in the Limnic
Freshwater Layers (LFL) belongs to a sequence of fine clastic sediments and is located
underneath the UFM and the MA. The facies includes purple colored sandy clays
and marl together with light brown micaceous fine to medium-grained sand. The
LFL belong to the Upper Brackish Molasse (late Ottnangian/early Kapatian) and the
hydraulic conductivities are lower with Kf-values between 8×10

−7 and 5×10
−5m/s

(Doppler et al., 2005; Kainzmaier et al., 2007).

The groundwater recharge for the PA ranges between 54 and 89 mm/a, whereas the
recharge for the MA is much less with around 16 mm/a (Kainzmaier et al., 2007). For
the deep aquifer, no recharge rates have been determined. Nitrate concentrations are
generally high in groundwater of the study area and displayed often increasing trends
throughout the last two decades. For instance, nitrate concentrations in groundwater
from well 47 completed in the MA increased from 18 mg/L (0.29 mmol/L) in 1998 to
44 mg/L (0.71 mmol/L) in 2016, while a spring (#109) draining groundwater from the
PA had nitrate concentrations increasing from 39 mg/L (0.63 mmol/L) in 2014 to 100

mg/L (1.61 mmol/L) in 2017 as displayed in Figure 3c.

2.2 sampling

Sampling was conducted within a project campaign of the Bavarian Environmental
Agency between December 2015 and March 2017, with the main sampling of deep
wells conducted in the summer of 2016. During the sampling campaign three spring
pools, which are springs draining into small surface water ponds (n=3), twelve
springs and tile drainages (n=12), and nine (n=9) shallow groundwater monitoring
(GWM) and domestic wells, all yielding groundwater from the PA were sampled. In
addition, 22 deep groundwater wells (n=22) were sampled once, of which 19 wells are
screened in the MA (n=19) and three in the deep aquifer (n=3). One electrically cooled
precipitation collector was sampled every month. All sampling points are displayed
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in Figure 3a.

The field parameters electrochemical conductivity (EC), pH, redox potential (Eh),
temperature (T) and the dissolved O2 concentration were determined in the field
for groundwater from wells after either exchanging at least 1.5 × the volume of
the standing water in the wells or after physico-chemical parameters had stabilized
while measuring them continuously using a flow cell. For springs and drainages,
these parameters were measured directly in the outflow or in a beaker. Samples for
major and minor anions (filtered, unacidified) and cations (filtered and acidified) were
obtained from all sampling points and analyzed in the laboratory for concentrations.
To determine the sources of dissolved nitrate and to assess whether denitrification had
occurred, samples for nitrogen (N) and oxygen (O) isotope analyses were obtained
from all deep groundwater wells and the spring-fed pond once, while such samples
were collected every three months for seepage waters of the agriculturally used fields
and the forested areas from twelve drainages and springs and from the nine GWM
and shallow domestic wells.

To characterize the apparent MTT of groundwater, samples for the determination of the
isotopic composition of water (δ2H & δ18O) were collected monthly from four selected
springs and the four GWM completed in the PA and the precipitation collector. Every
3 months samples were obtained from the shallow domestic wells in the PA and once
in summer 2016 from 19 deeper wells (> 45 mbgl) that were screened in the MA. From
these wells, samples were also obtained for the analysis of 3H / 3He. Three deep wells
completed and screened in the deep aquifer (134.5 to 185 mbgl) were sampled for the
same parameters as all other wells plus an additional sample for 14C was obtained.

2.3 standard parameters and major ions

The physico-chemical parameters EC, pH, Eh, T and the dissolved O2 concentration
were measured in the field using a flow cell for groundwater from all wells. To
determine these parameters, a WTW Multi 3420 and a Multi 3430 were used. The EC
was measured with a WTW TetraCon® electrode, the pH with a WTW SenTix®

940

electrode, the O2 with a WTW FDO®
925 electrode and the (Eh) with a WTW SenTix®

ORP 900 electrode.

Major ions in the water (Na+, NH+
4 , K+, Mg2+, Ca2+, F−, Cl−, NO−

2 , Br−, NO−
3 , PO3−4 ,

SO2−4 ) were analyzed with a Sykam ion chromatograph (SYKAM Chromatographie
Vertriebs GmbH, Fürstenfeldbruck, Germany). Anion concentrations were determined
with a Dionex IonPac AS22 analytical column (4 x 250 mm), which was used isocrati-
cally with 4.5 mmol/L sodium carbonate and 1.4 mmol/L sodium hydrogen carbonate
as eluents. Column flow was 1.2 mL/min. Cation concentrations were determined on
a Dionex IonPac CS 12A analytical column (4 x 250 mm) (Thermo Fischer Scientific,
Germering, Germany) with an eluent containing 20 mmol/L methane sulfonic acid.
Column flow was 1 mL/min. Concentrations of major cations and anions have an
analytical error of less than 3%.

DOC concentrations were determined with a Analytik Jena TOC analyzer Multi N/C®

3100/ 2100 (Analytik Jena AG, Jena, Germany) with an analytical error of approx-
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n & δ18

o)

imately ±15% at a DOC concentration of ≈ 0.08 mM. The detection limit of DOC
was 16.7 µmol/L, however, 11.8 µmol/L is the calculated lower concentration cL,
where all measured data below the detection limit (d) of 16.7 µmol/L is displayed
as cL = d/

√
2 = 11.78 µmol/L.

2.4 nitrate isotopes (δ15
n & δ18

o)

For N and O isotope ratio analysis of nitrate, NO−
3 was extracted from groundwater

samples using the methodology of Silva et al. (2000). From the formed anhydrous
AgNO3, 300 µg were transferred into a tin cup for nitrogen isotope analysis and
1000 µg into a high purity silver cup for analysis of the O isotope ratios of NO−

3 .
Samples were thermally decomposed in an elemental analyser and the resulting N2
was analyzed by isotope ratio mass spectrometry (IRMS) in a continuous flow mode.
To determine O isotope ratios of NO−

3 , CO was generated through pyrolysis using a
High Temperature Conversion Elemental Analyzer (TC/EA) reactor (1350°C) coupled
to a delta plus XL IRMS in continuous flow mode (Einsiedl and Mayer, 2006). Nitrogen
and oxygen isotope ratios of nitrate are expressed in the standard δ (delta) notation in
per mill (h) as calculated in equation 23 with respect to the international standards
nitrogen (N2) in atmospheric air (AIR) for δ15N and Standard Mean Ocean Water (VS-
MOW) for δ18O. The uncertainty of the method is ± 0.5h for both δ15N and δ18O.

2.5 sulfur isotope ratios (δ34
s) of sulfate

To analyse S isotope ratios in SO2−4 , sample volumes of 1 L were acidified to pH 63

and BaCl2 (10%) was added to precipitate BaSO4, which was then filtered and dried.
Isotope analysis was performed by IRMS after complete conversion of BaSO4 to SO2
via high temperature combustion (1000°C) with V2O5 in an elemental analyzer.

2.6 the isotopic composition of water (δ2
h & δ18

o)

To determine the isotopic composition of water (δ2H and δ18O) the samples were fil-
tered with a 0.22 µm filter and filled into a 2 mL-Vial in the field. Hydrogen and oxygen
isotope ratios of water were measured with a ’Triple-Liquid Water Isotope Analyzer
(T-LWIA)’, which is a infra-red spectrometer for isotopic ratios from the company Los
Gatos Research. The analytical precision is ±0.15h for δ18O and ±1h for δ2H. Hydro-
gen and oxygen isotope ratios are expressed in the internationally accepted δ notation
shown in equation 23 with respect to the standard V-SMOW (Vienna-Standard Mean
Ocean Water).

δ[h] =
RSample − RStandard

RStandard
(23)

where R stands for 2H/1H, 15N/14N or 18O/16O of samples and references, respec-
tively

2.7 tritium and helium (3h/3he)

Samples for tritium analyses were collected in duplicates in 1 L plastic bottles. Samples
for helium isotopes and neon (Ne) analyses were collected in duplicates in copper tubes
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2.8 carbon-14 (14c)

following the sampling protocol of the Institute of Environmental Physics, Bremen
University (http://www.noblegas.uni-bremen.de/documents/sampling_hints.pdf).
He and Ne were extracted from the water and separated from other gases using a
cryo system at 25 K and 14 K. 4He, 20Ne and 22Ne analyses were conducted with
a quadrupole mass spectrometer (Balzer QMG112A), helium isotopes were measured
with a high-resolution sector field mass spectrometer (MAP 215-50) and tritium was
analyzed with the 3He-ingrowth method (Massmann et al., 2007; Sültenfuß et al., 2009).
Ne was analyzed to identify potential atmospheric contamination excess air in 3He
samples. If there is excess air in the sample, which may be determined by ∆4He being
smaller than ∆Ne, fractionation might have taken place and the sample was discarded.
The measurement error for 3H is less than 0.01 TU and the error for 3He is determined
by the uncertainty of air excess and the infiltration temperature and is estimated to 2%
at an equilibrium concentration (Sültenfuß, 1998; Sültenfuß and Massmann, 2004).

2.8 carbon-14 (14c)

For each of the three deep wells, 2 × 1L of groundwater was collected in plastic bottles
for carbon-14 analysis (14C) on dissolved inorganic carbon (DIC). The samples were
analyzed in an Acceleration Mass Spectrometer (AMS) at the GADAM Centre in the
Silesian University of Technology, Gliwice, Poland following the protocol of Piotrowska
(2013).

2.9 modeling of mean transit times

Apparent MTT of groundwater were modeled with a lumped-parameter model that is
characterized by the transit time distribution function of tracer particles transported
between the input (recharge area) and the output (well or a spring). For the inter-
pretation of environmental isotope data (δ2H & δ18O,3H, 3He, 14C), we used the
dispersion model as shown in equation 22 (Einsiedl et al., 2009; Kreft and Zuber, 1978;
Maloszewski and Zuber, 1982, 1996; Małoszewski and Zuber, 1985) and as modeling
software the Excel workbook TraceLPM (Jurgens et al., 2012; Visser et al., 2013).

If theoretical output concentrations could not be fitted to the isotope concentrations
measured in groundwater with a simple dispersion model it was assumed that ground-
water mixing between old 3H free (old fraction) and young groundwater due to well
screens across multiple aquifer units in a well had occurred. For finding a model fit
for groundwater that is characterized by an old tritium-free and young 3H containing
water component a Binary Mixing Model (BMM) was used. Here the BMM is defined
by two dispersion models for the first and second water component (Jurgens et al.,
2012). To estimate the apparent groundwater ages of data points that were modeled
with a Binary Mixing Model, the second water component was assumed 3H-free
and therefore 500 years was set as the MTT and a P∗D of 0.1 was chosen. However,
if there was no good model fit or no realistic MTT and P∗D for the first component
found, the P∗D of the second water component was changed slightly to obtain less error.

In the dispersion model, the two parameters P∗D and the MTT are used as fitting pa-
rameters and can be found by solving the convolution integral along with the used
lumped parameter approach (Maloszewski and Zuber, 1982). The proximity of the in-
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2.10 monte carlo simulations

vestigated catchment area to Munich (90 km), allowed using 3H data that were taken
from a precipitation station in Munich, Neuherberg (Germany). However, the data set
was extended by extrapolation with IAEA data from Vienna, Austria as for the years
01/2007 to 07/2009 when no data from Munich were available. Precipitation data was
added from the Germany’s National Meteorological Service (DWD) data base for the
weather station Munich, Neuherberg. To obtain a realistic input signal, the raw input
data was adjusted by equation 24 using the yearly weighted precipitation means of
Neuherberg, Munich, Germany and a alpha factor of 0.44 that was calculated by using
equation 25, including the precipitation and δ18O data from 1998 to 2002 from Munich,
Neuherberg (Grabczak et al., 1984).

c =

∑
i αi Pi ci∑
i αi Pi

(24)

α =
| (δPW − δG)

∑
i(Pi)W |

| (δG− δPS)
∑
i (Pi)S |

(25)

where δG stands for the mean δ18O value of the local groundwater originating from
recent precipitation; δPW and δPS are the long-term weighted mean δ18O values for
the winter and summer precipitation, respectively.

Theoretical 3H output concentrations that were found with the dispersion model were
fitted to the tracer time series of 3H in groundwater. If no 3H timeline was avail-
able, a tracer-tracer model calculated the apparent MTT for given measured 3H, 3He
concentrations the initial tritium concentration 3H0 and 14C. In comparison to the
tracer time series (TTS) application of the Tracer-LPM, the tracer-tracer model (TTM)
evaluates multiple tracer output concentrations with modeled concentrations against
each other at a single sampling event (Jurgens et al., 2012). Further, the theoretical
output-concentration of 3He was also fitted to the measured 3He concentrations in
groundwater that were collected for the wells in 2016. Model fitting for time-series
graphs were carried out using a trial-and-error process for 3H and 3He. For the TTM
an automated modeling process was conducted by the program and the goodness of
fit was quantitatively described by the model efficiency in % error.

2.10 monte carlo simulations

For both aquifer units, the PA and the MA, δ15N values of dissolved nitrate in ground-
water were analyzed during the former survey. In the present study, observations
from summer 2016 were selected for the PA, since seasonal variations of δ15N within
the observation period (December 2015 to March 2017) revealed to be low. Thus,
considered δ15N values for both aquifers refer to the same time frame. PDFs were
fitted to these measured δ15N values for the MA and PA, respectively, and δ15N
frequency distributions determined, which were then compared to simulated isotopic
distributions. The latter were generated by Monte Carlo simulations considering
three scenarios that can be assumed for groundwater systems: 1) only mixing of
different nitrate sources with characteristic δ15N signatures, 2) mixing combined
with hydrodynamic processes (nitrate transport in groundwater without biotic or
abiotic reactions) and 3) mixing and nitrate transport in groundwater affected by
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2.10 monte carlo simulations

microbial denitrification. The three scenarios are described in the following, and Table
1 summarizes the considered parameter ranges and PDFs.

Table 1: Considered parameter ranges and PDFs. Data for δ15N in manure, mineral fertilizer
(MF) and precipitation (P) are taken from Kendall & McDonnell (1998), other param-
eters are defined for the aquifer system of the study area. PA: perched aquifer, MA:
main aquifer, x: flow length, MTT: mean transit time of groundwater, ε: isotope enrich-
ment factor, distr.: distribution, min.: minimum, max.: maximum.

Parameter Min. Max. PDF PDF parameters

δ15N(manure) 6h 24h Beta distr.
α = 1.96, β = 2.24

min.: 3.25, max.:24.6

δ15N(MF) −4h 6h Normal distr. µ = 2.06, σ = 2.00

δ15N(P) −6h 12h Normal distr. µ = 0.62, σ = 3.47

PD 0.01 0.3 Normal distr.
µ = 0.15, σ = 0.1

min., max.

x − PA 50 m 100 m Uniform distr. min., max.

x − MA 500 m 1000 m Uniform distr. min., max.

MTT −PA 1 a 10 a Uniform distr. Min., max.

MTT −MA 14 a 122 a Log logistic distr.
γ = 4.18, β = 18.01,

α = 2.60

ε −25 −10 Uniform distr. min., max.

2.10.1 Scenario 1 - Mixing

Scenario 1 simulates δ15N distributions for the mixing of different nitrate sources
most relevant for the field site, including manure, mineral fertilizer and nitrate derived
from precipitation. Typical δ15N distributions observed for these nitrate sources are
reported by Kendall and McDonnell (1998b), as shown in Figure S3 in the Appendix
B. These observed distributions were evaluated by the Anderson-Darling test (kurtosis
sensitive), Kolmogorov-Smirnov test (sensitive to the mean of the distribution) and
Chi-Squared (null hypothesis) test, and resulting p-values were compared in order to
find best-fit distributions (obtained distributions are presented below) (Huber-Carol
et al., 2008; Pettitt and Stephens, 1977).

Agricultural (portion p1) or non-agricultural land use (1−p1) was considered, where
p1 can imply either the use of manure (p2) or mineral fertilizer (1−p2), and 1−p1 is
associated to nitrate derived from precipitation as the only nitrate source. δ15N values
in groundwater (GW) are thus obtained as:

δ15NGW = p1 · [p2 · δ15NM + (1− p2) · δ15NMF] + (1− p1) · δ15NP (26)

Monte Carlo simulations applied random sampling of the fitted δ15N distributions
for manure, mineral fertilizer and precipitation (δ15NM, δ15NMF and δ15NP), where
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2.10 monte carlo simulations

portions p1 and p2 were varied in steps of 0.05 (5%) for Scenario (Sc.) 1 and steps of
0.1 (10%) for further use in Sc. 2 and 3.

2.10.2 Scenario 2 - Hydrodynamic processes

In Scenario 2, it was assumed that nitrate released from the sources to groundwa-
ter is subject to hydrodynamic processes, while being transported along certain dis-
tances to the observation wells. As outlined in the introduction, a first modeling ap-
proach was done using analytical solutions that consider homogeneous conditions for
the perched and the MA. Otherwise, multidimensional numerical advection-disper-
sion models could address a complex geological structure and hydrogeology, but such
models need a detailed data set in high spatial resolution, which is not available for
this site. Instead, in our study, aquifer heterogeneities were considered by random
sampling from the PDFs, which we have defined for the transport parameters of the
analytical model (as described below). Our findings from modeling where then care-
fully compared to study site observations and literature findings. Accordingly, an an-
alytical solution for a 1D transport has been implemented based upon van Genuchten
and Alves (1982), considering constant input to groundwater (at x = 0). δ15N values
in groundwater as a function of time t, at location x downstream of the source, was
modeled, accordingly, as:

δ15NGW,d(x, t) = δ15NGW ×B(x, t) (27)

with

B(x, t) = 1
2exp

[
(v−u)x
2D

]
erfc

[
Rx−ut
2
√
DRt

]
+ 1
2exp

[
(v+u)x
2D

]
erfc

[
Rx+ut
2
√
DRt

]
(28)

and u = v (1 + 4kD/v2)0.5, where δ15NGW is initial δ15N in groundwater (input from
sources at x = 0, equation 27), v represents the groundwater flow velocity, x the flow
length, t time and D the dispersion coefficient. The latter can be defined as D = αL
vx = PD v x, with longitudinal dispersivity αL and dispersion parameter PD. R is the
retardation factor, and was set to 1 (no retardation assumed), and k is a first-order rate
constant for degradation, set to zero in Sc. 2 (no degradation assumed). PDFs were
defined for the Monte Carlos simulations, as described in the following.

From 3H/3He measurements and modeling results, we found a range of plausible
PD values for the aquifer. To these values a normal distribution could be fitted with
mean µ = 0.15 and standard deviation σ = 0.1, truncated by 0.01 and 0.3 (correspond-
ing to minimum and maximum PD identified). The groundwater flow velocity v was
calculated by dividing flow length x by the MTT. Corresponding to assumed ranges
for the field site (average distance between nitrate sources and downstream ground-
water wells), uniform distributions with x = 50 to 100 m and x = 500 to 1000 m were
considered for the PA and the MA, respectively. Based upon MTT determined from
3H/3He dating, an uniform distribution with 1 to 10 years was considered for the PA,
and a log logistic distribution with location parameter (shift) γ = 4.18, scale parameter
β = 18.01, shape parameter α = 2.60 was fitted for the MA.
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2.10 monte carlo simulations

2.10.3 Scenario 3 - Microbial Denitrification

In Scenario 3, hydrodynamic processes including microbial denitrification with
isotopic enrichment of 15N in the remaining nitrate were considered. For that,
equation 28 was used, where k (as part of coefficient u) was defined as k = µ (α−1).
There, µ [a−1] is a first-order rate constant for microbial degradation of nitrate and α
[-] is the isotope fractionation factor (derivation see Section S1 in the SI). The isotope
enrichment factor ε is defined as ε = (α− 1)× 1000, and a range of ε from −25h to
−10h was considered, which has been observed for porous aquifers (Boettcher et al.,
1990; Mariotti et al., 1981, 1982). This range was defined as a uniform distribution
for the Monte Carlo simulations. For the first-order degradation rate constant µ,
generic values of 0.1 and 1 a−1 were presumed in order to consider moderate and
high microbial degradation in groundwater, exemplarily (based on typical ranges,
(Tesoriero and Puckett, 2011)).

Convergence was analyzed for all Monte Carlo simulations, where a relative stability
of the calculated moments (average and variance) was reached after 5000 to 6000 trials,
depending on the scenario and realization. This is shown qualitatively in Figure S34

in the Supplementary Information for selected cases. We therefore decided to apply
a slightly higher number of 10,000 trials for the Monte Carlo simulations, for which
we applied the Microsoft Excel-Add-In a©Risk (Palisade Decisiontools) as well as R
version 3.5.1 (R Core Team 2018) implemented within RStudio 1.0.143 (RStudio, Inc.).
Each realization of a scenario yielded random samples for the observation (using the
fitted PDFs as described above) and the simulation. Data pairs of 10,000 random
samples, each, represented 'the observation' and 'the simulation' for every realization.
We aimed at evaluating probabilities of δ15N values, i. e. how observations could be
explained by the processes considered in Sc. 1 to 3. Thus, we set up histograms, in
order to determine the frequency distribution of observed and simulated δ15N-values
within certain ranges (bins). These bins were limited to −10 to +20h with an interval of
0.1h. On the basis of these frequency distributions, the goodness of the model fit was
evaluated by using the mean absolute error (MAE) and the coefficient of determination
(R2). The MAE indicates a mean absolute deviation between observation and modeling,
as shown in equation 29.

MAE =
1

N

N∑
i

|ζ
′
i − ζi| (29)

where N is the number of bins (301 bins ranging from −10 to +20h with a constant
bin width of 0.1h), ζ ′i and ζi is the observed and modeled frequency, i. e. the number
of random samples for observed and modeled δ15N, respectively, in each bin i.

The smaller the MAE, the better is the model fit. In this study, the MAE was preferred
over the root mean squared error (RMSE), which is widely used in modeling studies
but often inappropriate and misinterpreted as it should only be applied for Gaussian
distributions (Chai and Draxler, 2014; Willmott and Matsuura, 2005). As the best fit
cannot be reduced to only the lowest MAE, we defined a best-fit range from the lowest
MAE to the maximum acceptable MAE for each scenario. Each MAE relates to a
specific run and thus to a specific realization of a scenario. The maximum acceptable
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2.10 monte carlo simulations

MAE is defined as the 5
th percentile of MAE (cumulative distribution of MAE for all

realizations of a scenario).

28



3
D E C A D A L D E L AY S I N G R O U N D WAT E R R E C O V E RY F R O M
N I T R AT E C O N TA M I N AT I O N C A U S E D B Y L O W O 2 R E D U C T I O N
R AT E S

3.1 results

As the physico-chemical parameters, the concentrations of major ions and the com-
positions of stable isotopes of nitrate (δ15N & δ18O) only varied to a negligible extent
during the sampling campaigns, we present only the results of a single sampling event.

3.1.1 Field Parameters and Distribution of Major Ions

Groundwater in the study area is of Ca2+-HCO−
3 type as revealed in a Piper plot,

shown in Figure S1, Appendix A and there is no evidence of cation exchange
between Ca2+ and Na+. The median, maximum and minimum values of major
ions and physico-chemical parameters for the three aquifers are summarized in
Table 2. Nitrate concentrations varied between a minimum of 0.003 mmol/L (well
73, deep aquifer) and a maximum of 1.37 mmol/L (spring 109, PA). Almost 50%
of the drainages, springs, GWM and shallow wells in the PA show nitrate con-
centrations above the nitrate drinking water maximum allowable concentration of
0.8 mmol/L and about 40% of the deeper wells in the MA are above 0.4 mmol/L.

  0.0

100.0

200.0

300.0

400.0

Spring pool (n=3)

Perched aquifer

 − springs and drainages (n=12)
Perched aquifer

 − GWM and shallow wells up to 45 mbgl (n=9) Main aquifer

 − wells from 45 to 100 mbgl (n=11)
Main aquifer

 − wells from 100 to 160 mbgl (n=8)
Deep aquifer

 − wells from 160 to 185 mbgl (n=3)

C
on

ce
nt

ra
tio

n 
[µ

m
ol

/L
]

Parameter: DOC Dissolved Oxygen

Figure 4: Boxplot of dissolved O2 and DOC concentrations [µmol/L] in different depths of the
aquifer
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3.1 results

As shown in Figure 4, O2 concentrations were highest in the PA with a median of
249.1 µmol/L and decreased slightly in the MA with a median of 198.8 µmol/L, and
were lowest in the deep aquifer with a median of 57.5 µmol/L. DOC concentrations
decreased rapidly from the spring pools and the springs and drainages in the PA
with a median of 33.3 µmol/L to a median of 11.8 µmol/L in the MA and the deep
aquifer. Redox potentials ranged between a minimum of −84.4 mV (deep aquifer) to
a maximum of +295 mV (MA). Median Eh values ranged from +129 mV in the PA to
+198.6 mV in the MA and +162.7 mV in the deep aquifer indicating a lack of reducing
conditions in the three aquifers with the exception of groundwater around well 59 in
the deep aquifer (−84.4 mV). The pH values in groundwater were near neutral in all
measured sampling points ranging from a pH of 6.1 to 8.0 (minimum and maximum
measured in the PA).

Table 2: Median, Minimum and Maximum values of the physico-chemical parameters in the
different aquifers

Parameter PA
(n=23)

MA
(n=19)

Deep aquifer
(n=3)

Median Min Max Median Min Max Median Min Max

O2 [µmol/L] 249.1 11.0 306.9 198.8 16.6 322.8 57.5 1.9 87.2

O2 [%] 72.9 3.4 93.7 60.2 5.1 96.5 18.4 0.6 32.2

DOC [µmol/L] 33.3 11.8 466.3 11.8 11.8 50.0 11.8 11.8 11.8

Eh [mV] 129.0 69.4 292.9 198.6 14.3 295.5 162.7 -84.4 182.0

pH [-] 7.2 6.1 8.0 7.4 7.1 7.4 7.3 7.1 7.3

EC [µS/cm] 25
◦C 675.0 313.0 969.0 590.0 546.0 814.0 582.0 504.0 593.0

Temp. [°C] 10.8 7.3 11.8 10.9 10.0 17.2 13.0 12.9 16.8

HCO−
3 [mmol/l] 4.68 1.13 7.45 5.36 2.86 6.66 6.00 5.70 6.34

SO2−4 [mmol/l] 0.29 0.18 0.57 0.19 0.04 0.42 0.11 0.10 0.19

Cl− [mmol/l] 0.59 0.16 1.33 0.42 0.11 1.13 0.14 0.03 0.14

F− [mmol/l] 0.01 0.00 0.02 0.01 0.00 0.01 0.01 0.01 0.01

NO−
3 [mmol/l] 0.76 0.11 1.31 0.33 0.08 0.90 0.10 0.00 0.11

NH+
4 [mmol/l] 0.001 0.001 0.054 0.001 0.001 0.001 0.003 0.001 0.004

Ca2+ [mmol/l] 2.10 0.76 2.87 1.97 1.60 2.77 1.86 1.84 1.90

Mg2+ [mmol/l] 1.17 0.39 1.65 1.22 1.07 1.50 1.36 1.28 1.40

Na+ [mmol/l] 0.25 0.13 0.45 0.16 0.13 0.38 0.23 0.17 0.24

K+ [mmol/l] 0.02 0.01 0.16 0.02 0.01 0.04 0.03 0.02 0.03

Fetotal [mmol/l] 0.0 0.0 0.015 0.0 0.0 0.001 0.005 0.0 0.01

3.1.2 Stable isotope composition of water (δ2H & δ18O)

The oxygen and hydrogen isotope ratios of groundwater (Fig-
ure S2 in Appendix A) varied between −10.2h and −9.1h for
δ18Owater and −72.2h to −63.4h for δ2H in the PA. In the MA they varied be-
tween −10.2h and −9.6h for δ18Owater and −73.9h to −69.2h for δ2H. In the deep
aquifer, δ18Owater and δ2H varied only within analytical uncertainty, ranging from
−10.2h to −9.9h and from −73.6h to −71.4h, respectively.
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For monthly measurements of δ18Owater and δ2H in the GWM and springs in the
PA a larger range from −10.5h to −6.9h and −71.7h to −59.0h respectively was
observed. The amplitude between minimum and maximum δ2H values showed a
range from 1.0h to 3.9h for groundwater from GWM and shallow domestic wells in
the PA and from 0.9h to 11.8h for springs in the PA with drainage 69 showing by far
the largest variance of 11.8h over a period of one year.

The collected rainfall from the precipitation sampling point in the study area showed
unweighted δ18O values from −15.2h to −5.1h and δ2H values from −116.4h to
−36.4h in the timespan of 1.5 years. The amplitude of the unweighted δ18O lies there-
fore at 10.1h and for δ2H at 80.0h.

3.1.3 Stable isotope composition of nitrate (δ15N & δ18O)

Median, maximum and minimum δ15Nnitrate and
δ18Onitrate values are displayed in Table 3. The most 15N and 18O enriched ni-
trate isotope compositions were observed for groundwater from two shallow GWM
wells in the PA, showing δ15Nnitrate values of 13.1h (δ18Onitrate = 5.2h) for GWM 65

and 19.7h (δ18Onitrate = 7.5h) for GWM 64 and a spring pool with 13.6h (δ18Onitrate =
3.5h) as shown in Figure 5.
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Figure 5: Plot of δ15Nnitrate against δ18Onitrate to characterize nitrate sources and potential den-
itrification after Kendall and McDonnell (1998b) ; O2 concentrations [µmol/L] of less
than 60 µmol/L are displayed next to data points
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Table 3: Median, Minimum and Maximum of δ15Nnitrate and δ18Onitrate for the different aquifers

Spring pools PA MA

M Min Max M Min Max M Min Max

δ15N [h] 12.4 11.1 13.6 8.5 -0.6 19.7 6.8 4.2 11.2

δ18O [h] 4.5 3.5 5.6 2.3 1.08 7.5 1.9 -0.5 4.0

Deep aquifer Overall

M Min Max M Min Max

δ15N [h] 2.1 -5.0 6.4 7.7 -5.0 19.7

δ18O [h] 2.8 1.6 3.9 2.3 -0.5 7.5

3.1.4 Sulfur isotope composition of sulfate (δ34S)

Groundwater obtained from six wells/GWMs and one spring was analysed for δ34S in
sulfate and values between -8.2h and 5.4h were observed. The measured δ34S were
plotted against δ15Nnitrate in Figure 6 to identify chemo-lithotrophic dentirification by
pyrite oxidation.
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Figure 6: Plot of δ34Ssulfate against δ15Nnitrate to identify lithotrophic denitrification
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3.1.5 Calculation of apparent Mean Transit Times

Apparent MTT for groundwater from wells screened in the PA varied between 5 and
20 years based on results from the dispersion model. P∗D values ranged from 0.08 to
0.45. Groundwater MTT in the MA obtained with a dispersion model ranged between
14 and 122 years while P∗D varied from 0.01 to 0.28. For wells completed in the MA with
several screen horizons, the apparent MTT of the first groundwater component were
between 14 and 36 years and P∗D values ranged from 0.01 to 0.42, assuming a second
component of 3H free groundwater. Apparent MTTs for groundwater from wells in
the deep aquifer were determined with a dispersion parameter and using the 3H and
14C concentrations. The dilution factor q describes the fractional reduction of a140 C
to determine a corrected a14Ccorr input signal with less than 100 pMC. q values can
range from 1 (no dilution, open system) to 0.75 (minor dilution from closed system
exchange) to 0.5 (closed system carbonate weathering and exchange) to less than 0.5
(extensive carbonate exchange, possible bacterial sulfate reduction) (Clark, 2015). As a
result, 14C modeling revealed apparent MTTs from 965 to 6002 years for groundwater
from wells in the deep aquifer depending on the q values ranging from 0.85 to 0.65.

3.1.6 Calculation of O2 reduction rates

Figure 7 displays the apparent MTT against the O2 concentrations of the groundwater
samples showing a decrease of dissolved O2 concentrations with increasing apparent
MTT although O2 concentration did not reach values below 6.3 µmol/L. As ground-
water from wells modeled with a BMM (grey triangles) did not fit a linear regression
line, they were separated from those modeled with a dispersion model (black dots)
and excluded from the calculation of O2 reduction rates.
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Figure 7: O2 concentrations against the apparent MTT of groundwater modeled with a disper-
sion model (black dots) and a BMM (grey triangles); A) Determination of zero-order
rate constant k0 by fitting a linear regression line to O2 concentrations (C) versus ap-
parent MTT (dispersion model), B) Determination of first-order-rate constant k1 by
fitting a linear regression line to ln (C) versus apparent MTT (dispersion model).

A Zero-order rate constant k0 was determined by fitting a linear regression line to
a plot of O2 concentration against the apparent groundwater MTT calculated by the
dispersion model (Appelo and Postma, 2005; Bekins et al., 1998; Böhlke et al., 2002;
Tesoriero and Puckett, 2011). The linear regression line of the dispersion model MTTs
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showed a good coefficient of determination with R2 = 0.77 and a negative slope of 2.2
suggesting a O2 reduction rate of 2.2 µmol/(L×year). A first-order rate constant k1
was determined by fitting a linear regression line to a plot of ln(c) versus the apparent
groundwater MTT (Tesoriero and Puckett, 2011). The O2 reduction rate, determined
by the first-order, was 0.015 1/yr with R2 = 0.84.
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3.2 discussion

3.2.1 Aqueous chemistry and stable isotopes of water

The distribution of physico -chemical parameters and major ions were typical for
groundwater in the UFM (Kainzmaier et al., 2007). Kainzmaier et al. (ibid.) found elec-
trical conductivities in the range of 145 to 1070 µS/cm in the PA and 271 to 822 µS/cm
in the MA, while in this study EC values of up to 969 µS/cm were measured in the PA,
which may be explained by the high anthropogenic contamination of the groundwater
system. Moreover, nitrate concentrations are elevated in the majority of the samples of
the PA and the MA. In the PA, nitrate concentrations often exceed the drinking water
limit of 0.8 mmol/L (The Council of the EU, 1998) and even the median nitrate con-
centration of 0.76 mmol/L for the PA is close to the drinking water limit of 0.8 mmol/L.

A plot of δ2H against δ18O, displayed in Figure S2 in Appendix A, indicates that all
sampled groundwater has a meteoric origin and that evaporation during recharge had
little influence on the isotopic composition of the sampled groundwater. The measured
groundwater isotope data fit well to the Local Meteoric Water Line (LMWL) with δ2H
[h] = 7.9 δ18O + 7.9 of Neuherberg, Munich, Germany (Stumpp et al., 2014).

3.2.2 Constraints on apparent mean transit times

Since the unweighted δ2H values of precipitation samples that were collected in the
study area vary up to 80h within the year, seasonal variations of groundwater with
short apparent MTTs of up to four to five years should be detectable (Stichler and
Herrmann, 1983). Based on the variation of δ2H values of 11.8h (n=5) and an assumed
P∗D of 0.1, it can be concluded that groundwater of drainage 69 has a relatively short
apparent MTT from a few weeks to less than one year. Variations in δ2H values of
more than 3h were also detected in groundwater from the PA in spring 30 with a
δ2H amplitude of 3.5h (n=13), and in spring 38 with 6.5h (n=2) indicating apparent
MTTs of less than 4 years. Considering the measurement error of 1h for δ2H, 8 out
of 9 GWM/domestic wells and 9 out of 12 springs/drainages in the PA did not show
a larger amplitude than 3h, whereof only 6 of the springs and drainages and 5 of
GWM/domestic wells were sampled regularly for δ2H with at least 10 data points.
These relatively low amplitudes and no seasonal variation in most of the springs,
GWM and shallow domestic wells suggest an apparent MTT of more than four to five
years (Maloszewski et al., 1983, 2002; Stichler and Herrmann, 1983). The stable isotope
compositions of water suggest that the groundwater in the majority of springs, GWM
and shallow domestic wells in the PA have an apparent MTT of more than 4 years.

MTT modeling results using the 3H/3He method and 14C as a groundwater dating
tool showed that the groundwater obtained from GWM and shallow wells, screened in
the PA, is relatively young ranging from 5 to 20 years, whereas a wide range of MTTs
between 14 and 122 years were calculated for groundwater from the MA. The large
range of MTTs may be explained by the strong heterogeneity of the porous aquifer
system and the varying depths of screens in the wells. In Figure 7, we display only
the MTT modeling results with reasonable error percentages and P∗D values between
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0.01 and 0.3.

The plot of apparent MTTs versus O2 concentrations (Figure 7) shows that MTTs ob-
tained using a dispersion model can be well described with a linear regression, while
apparent MTTs modeled with a BMM do not conform with the O2 reduction of data
points modeled with a simple dispersion model. Figure 7 also shows that all data
points modeled with a BMM composed of two water components (grey triangles) lie
below the regression line of the ones that were modeled with a dispersion model using
one water component. This suggests that the groundwater in wells modeled with the
BMM may be affected by mixing of at least two water components and the O2 concen-
trations may be decreased only due to the influence of old, O2-reduced water and not
by O2 reduction processes along the flow path.

3.2.3 Limits of oxygen reduction rates

Figure 4 displays the O2 and DOC concentrations in differ-
ent depths of the aquifer. The O2 concentrations decrease only
slightly from the springs and drainages connected to the PA (median =
258.1 µmol/L) to GWM and shallow wells up to 45 mbgl of the PA (me-
dian = 210.0 µmol/L), whereas the median DOC concentration decreases from
63.3 µmol/L to 20 µmol/L, respectively. Although there are considerable stochio-
metric variations (Taylor and Townsend, 2010), we assumed that 1 µmol/L DOC can
reduce 1 µmol/L O2. We found that only one third of the O2 reduction appears to be
caused by DOC oxidation. This indicates that the availability of easy degradable DOC
may be the limiting factor for the lack of O2 reduction as there is either too little DOC
or it is not readily available for microorganisms (Clark1997; Aravena and Wassenaar,
1993; Einsiedl et al., 2007). However, there is a lack of information concerning the total
organic carbon (TOC) content of the aquifer material. Within the scope of this project
there was no core material available to determine the quantity and quality of TOC
and its effect on O2 reduction rates, but we suggest to further assess this in the future.
Fe(II) as another electron donor may be excluded due to very low concentrations of
total iron in all groundwater samples. It appears that the lack of electron donors in
the aquifer may represent the limiting parameter for significant O2 reduction and low
O2 reduction rates. Therefore, high O2 concentrations in the groundwater may be the
reason for high NO−

3 concentrations due to a lack of denitrification.

3.2.4 Sources of nitrate in groundwater

To characterize sources of nitrate and reveal potential denitrification in the ground-
water system, the δ15N and δ18O values of dissolved nitrate from each groundwater
sampling point were determined and are plotted in Figure 5. Literature sources
reveal that nitrate derived from manure has typically δ15Nnitrate values in the range
of +7 to +16h and δ18O values of 6 +5h (Kendall and McDonnell, 1998b). This is
consistent with the isotopic compositions of nitrate in the majority of the groundwater
samples from the spring pools (median δ15N value of 12.4h), the PA (median δ15N
value of 8.5h) and to some extent the MA with a median δ15N value of 6.8h,
and δ18O values of nitrate < 5h (Table 3, Figure 5). The elevated δ15N values
along with high nitrate concentrations as shown in Figure 9 suggest that, especially in
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younger groundwater, nitrate is derived from manure (Kendall and McDonnell, 1998b).

During the microbial nitrification of manure-derived ammonium to nitrate, two thirds
of the O2 atoms in the newly formed nitrate are derived from water and one third from
dissolved atmospheric O2 (Amberger and Schmidt, 1987; Böhlke et al., 1997; Durka
et al., 1994; Hollocher, 1984; Kendall and McDonnell, 1998b; Wassenaar, 1995). The
theoretically expected δ18Onitrate derived from nitrification can therefore be calculated
to an approximate value of 1.7h using a δ18Owater value of −9.2h and a δ18OO2
value of 23.5±0.3h (Kroopnick and Craig, 1972). Voerkelius (1990) found in laboratory
studies similar δ18O values for nitrate that was formed by nitrification between −2 and
+2h using δ18O values for water of −10h that were very close to those in our study
(δ18Owater = −9.2h). However, recent studies have shown that the O-exchange between
water-oxygen, molecular O2 and NO−

2 , as well as oxygen isotope fractionation can
have a significant impact on the δ18Onitrate (Buchwald et al., 2012; Casciotti et al., 2010;
Fang et al., 2012; Snider et al., 2010). Therefore, δ18O values of nitrate from microbial
nitrification can vary widely depending on soil types, pH and C content (Amberger
and Schmidt, 1987; Einsiedl and Mayer, 2006; Mayer et al., 2001; Voerkelius, 1990).
Consequently, we assigned an uncertainty of ±1.5h to the calculated δ18Onitrate value
of 1.7h that assumed no O-exchange reactions and no oxygen isotope fractionation
for nitrate derived from nitrification (see grey-shaded area in Figure 5). The majority
of groundwater nitrate samples, except the samples from 2 GWMs, 3 spring pools and
one well in the MA (well 50), fall into this predicted range of δ18Onitrate for nitrification
processes.

In several wells, predominantly completed in the MA, nitrate was observed with
δ15Nnitrate values ranging from +4 to +7h and δ18O values of < 5h (Figure 5). These
isotope compositions are consistent with nitrate being derived from nitrification of soil
N (δ15N from +4 to +7h) or possibly nitrate originating from synthetic fertilizers (typ-
ically around 0±3h) (Einsiedl and Mayer, 2006; Kendall and McDonnell, 1998b).
Nitrate observed in groundwater from the deep aquifer with the highest MTTs had
the lowest median δ15Nnitrate value with 2.1h (Table 3) and δ18O values < 5h (Ta-
ble 3, Figure 5). This is consistent with nitrate being derived either from synthetic
fertilizers or from nitrification processes in agricultural or forest soils throughout the
catchment area (Einsiedl and Mayer, 2006). Nitrate from precipitation that undergoes
immobilization with subsequent ammonification and nitrification in forest soils results
in δ15Nnitrate values of around −10h to +2h (Kendall and McDonnell, 1998b; Mayer
et al., 2001). The latter process is likely also responsible for the nitrate in spring 27 with
−0.6h and low NO−

3 concentrations of 0.27 mmol/L. Therefore, Figure 5 and Table 2

indicate that the isotopic compositions of nitrate in groundwater are consistent with
nitrate being derived from manure predominantly in the younger groundwater and
mineralization of organic nitrogen in agricultural and forest soil, and potentially nitri-
fication of ammonia and urea containing fertilizers predominantly in the groundwater
with higher MTTs.

3.2.5 Processes regulating denitrification in groundwater

The initial isotopic compositions of nitrate can be further modified by N and O isotope
fractionation during processes such as denitrification. During this process, 15N and
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18O are progressively enriched in the remaining nitrate as concentrations decrease. In
laboratory studies, δ15N:δ18O trajectories of 1 are observed for denitrification (Wunder-
lich et al., 2012). However, in freshwater systems empirical δ15N:δ18O trajectories of 0.5
to 0.8 were detected (Amberger and Schmidt, 1987; Casciotti et al., 2002). Trajectories
of < 1 in aquifers may be explained by changing redox conditions (oxic/anoxic) lead-
ing to a masking of isotopic systematics of denitrification with those of nitrification
or by the back reaction of NO−

2 to NO−
3 and anammox (Granger and Wankel, 2016;

Wunderlich et al., 2012). In Figure 5 two straight lines with a slope of 0.5 and 0.8 were
inserted inversely from the two data points with the most elevated δ15N and δ18O in
nitrate (GWM 64 and GWM 65 in the PA). Assuming an initial δR0 for δ18O of 1.7h,
we determined the initial δR0 for δ15N for GWM 64, GWM 65, the three spring pools
and well 50.

δRt
δR0

=
Ct

C0

(α−1)

(30)

δRt is the δ15N value of the reactant nitrate at time t, δR0 is the initial δ15N value
of nitrate, Ct and C0 represent the concentrations of nitrate at times t and zero,
respectively, and α is the isotopic fractionation factor

To estimate the extent of biodegradation B along the flow path between two sampling
points equation 31 can be used:

B [%] = 1−
δRt
δR0

1000
ε

(31)

B denotes the % of nitrate reduced from time zero to t, δRt and δR0 are the δ15N values
of nitrate and ε is the N isotope enrichment factor.

Using equation 31, derived from equation 30 by Rayleigh (1896) and Mariotti et al.
(1981) and a characteristic N isotope enrichment factor ε of −15.9h for porous ground-
water systems (Boettcher et al., 1990), we calculated the initial nitrate concentration.
The results in table 4 demonstrate that denitrification removed between 24 and 51%
of the initial groundwater nitrate obtained from the two wells (GWM 64 and 65)
displaying denitrification trends. Furthermore, nitrate reduction by denitrification
was also assessed for the 3 spring pools. For spring pool 2 a nitrate reduction of
26 to 39% was calculated and 13 to 28% for spring pool 1 and 3, indicating only
little nitrate reduction. Furthermore, one well (well 50) in the MA shows slightly
elevated δ18O values above the shaded area, but nitrate reduction calculated with the
Rayleigh equation shows only minor reduction with less than 30% of the initial nitrate
concentration reduced.

Only two wells in the PA (GWM 64 and 65) produced groundwater with elevated
δ15N values in combination with O2 concentrations of less than 60 µmol/L and
low NO−

3 concentrations potentially indicating some denitrification (Figure 8 and
Figure 9). However, Figure 9 shows that δ15N is not increasing with decreasing NO−

3

concentration and increasing depths within the aquifer and consequently increasing
travel time, indicating that there is no general trend for denitrification in the dataset
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Table 4: Calculated results to interpret the δ15Nnitrate and δ18Onitrate values GWM 64 and 65,
Spring pool 1,2 and 3 in the PA and well 50 in the MA

δ18O0 = 1,7h

Ct−NO−
3

[mmol/L]

δ15Nt
[h]

δ18Ot
[h]

slope
[−]

δ15N0
[h]

C0−NO−
3

[mmol/L]

%red.

[%]

GWM 64 0.32 19.7 7.5
0.5 8.1 0.69 51%
0.8 12.5 0.52 36%

GWM 65 0.14 13.1 5.2
0.5 6.1 0.22 35%
0.8 8.7 0.19 24%

spring pool 1 0.38 13.6 3.5
0.5 10 0.48 20%
0.8 11.4 0.44 13%

spring pool 2 0.85 11.1 5.6
0.5 3.3 1.42 39%
0.8 6.2 1.17 26%

spring pool 3 0.57 12.4 4.3
0.5 7.2 1.1 28%
0.8 9.2 0.97 18%

well 50 0.21 11.2 5.1
0.5 6.6 0.28 25%
0.8 8.3 0.25 16%

of the study area.

At the two GWM sites, reducing redox conditions with dissolved O2 concentrations of
less than 60 µmol/L were observed (Böhlke et al., 2002; Tesoriero and Puckett, 2011)
suggesting that denitrification occurs in this groundwater system at O2 threshold con-
centrations of less than 60 µmol/L. Hence, there is some evidence for denitrification,
if a combination of elevated δ15N and δ18O values and O2 concentrations <60 µmol/L
occur, which is the case for only two groundwater samples from GWM 65 and GWM
64 (Figure 8). However, GWM 64 is located in close proximity to an old landfill and
is probably influenced by its highly reducing effluent. At GWM 65, there is a thick
layer of silty sediments from 1 to 10 mbgl in the well log resulting in a untypical
facies distribution for the entire study area that may be the reason for facilitating
denitrification at this site.

Analyses of δ34S in sulfate (Figure 6) indicate pyrite oxidation in the deep aquifer
with negative δ34S values of -8.2h from groundwater from well 73 and -2.5h from
well 59. These observations are also in accordance with Schwientek et al. (2008), who
found distinctly negative δ34Ssulfate values of up to −15h in the groundwater of the
South-German Molasse basin as a result of nitrate dependent pyrite oxidation. How-
ever, δ15N values are low (-5.0h and 6.4h respectively) and therefore denitrification
appears not to be prevalent. In addition, S and O isotope compositions in agricultural
fertilizers and S isotope compositions of animal slurries have been reported by Mon-
caster et al. (2000) and Bartlett et al. (2010) (Fig. 6). Since the groundwater sulfate in
the wells was characterized by δ34S values of around 5h accompanied with moderate
SO2−4 concentrations of 0.2 to 0.4 mmol/L and elevated NO−

3 concentrations between
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Figure 8: Plot of δ15Nnitrate against O2 concentrations to determine potential denitrification; The
O2 threshold concentration of 60 µmol/L has been drawn in with a dashed line

approximately 0.7 and 1 mmol/L, it is suggested that δ34S values in dissolved SO2−4 are
predominantly affected by animal slurry or chemical S fertilizers derived S (Einsiedl,
2012). Hence, the presented results show that denitrification may occur only in two
exceptional cases in the aquifers of the study area. The lack of denitrification appears
to be caused by high O2 concentrations in the groundwater. Therefore, we further ex-
plored the relation of O2 reduction rates, denitrification lag times and denitrification
potential.

3.2.6 Denitrification lag times and O2 reduction rates

The O2 concentration is a crucial parameter for preventing the occurrence of denitrifica-
tion. In other field studies, a strong correlation of O2 concentrations and denitrification
potential was observed as there was only denitrification detected, when O2 concen-
trations were less than 60 µmol/L (Böhlke et al., 2002; Tesoriero and Puckett, 2011).
These results are consistent with our findings that denitrification does not occur when
O2 concentrations are above 60 µmol/L, which is the case in all, but two groundwater
samples.

3.2.6.1 Zero-order vs. first-order O2 reduction rates

To determine the lag-phase for denitrification, which is the time needed to lower the
O2 concentration below the denitrification threshold of 60 µmol/L, we calculated the
O2 reduction rate for the aquifer and estimated the availability of electron donors for
nitrate reduction using zero-order (rate independent of concentration) and first-order

40



3.2 discussion

0.065y = 25 x + 377,  R2 = y = 25 x + 377,  R2 = 0.065

 0.0

10.0

20.0

   0.0  500.0 1000.0 1500.0
NO3

− [µmol/L]

δ15
N

ni
tra

te
 [‰

]

Spring pool
Perched aquifer − spring and drainage
Perched aquifer − GWM and shallow well
Main aquifer
Deep aquifer

 0.0

10.0

20.0

Spring pool

 (n=3)
Perched aquifer

 − springs and drainages

 (n=11) Perched aquifer

 − GWM and shallow wells

 (n=10) Main aquifer

 (n=19)
Deep aquifer

 (n=3)

δ15
N

ni
tra

te
 [‰

]

Figure 9: Plot of δ15Nnitrate against NO−
3 concentrations to determine the denitrification poten-
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kinetics (rate dependent of concentration) (Appelo and Postma, 2005; Böhlke et al.,
2002). In Figure 7, the O2 concentrations of groundwater from the PA and MA are
plotted against the apparent MTTs modeled with a dispersion model. As there were
only few wells available in the MA for which the apparent groundwater MTT could
be modeled with a simple dispersion model, where no mixing of old 3H-free anoxic
and young groundwater occurred, the data points with apparent MTT >25 years are
relatively sparse, but reveal nevertheless a well-defined regression line for zero and
first-order kinetics (R2

0
= 0.77, R2

1
= 0.84). First-order kinetics show a somewhat better

fit (R2

1
= 0.84) and are therefore the preferred model. However, first-order kinetics are

only valid when the substrate concentration S is lower than the half-saturation constant
Ks, whereas zero-order kinetics are only valid at high substrate concentrations (Bekins
et al., 1998; Rifai and Bedient, 1990). This was not tested for the studied aquifer and
consequently, both, zero-order and first-order, models are shown in Figure 7. We
advise that future studies should determine Ks, vmax (maximal removal time), Y (yield)
and the parameter b (microbial decay rate) to determine the degradation and the
microbial growth rate over all concentration ranges of the substrate pool in laboratory
studies. According to Figure 7, the O2 reduction rate is 2.2 µmol/(L×year) for the
zero-order kinetics and 0.015 1/year for the first-order kinetics, which is relatively low
compared to DOC-rich waters in shallow riparian flow paths that have O2 reduction
rates of up to 140 µmol/(L×year) for zero-order kinetics (Tesoriero and Puckett, 2011).
Assuming that the input is air saturated groundwater with an O2 concentration of
approximately 330 µmol/L (Appelo and Postma, 2005), it takes around 114 years
assuming first-order kinetics until the O2 concentration has been reduced to less
than 60 µmol/L in order to obtain redox conditions favorable for denitrification. In
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the literature, denitrification lag times vary widely between different study sites,
ranging from <20 years at sites with high O2 reduction rates and a high availability of
electron donors to >60 years at sites with low O2 reduction rates and a very limited
supply of electron donors (Tesoriero and Puckett, 2011). Our findings of a denitrifi-
cation lag time of >100 years are on the very high end of the previously reported range.

3.2.6.2 Implications of O2 reduction rates in porous aquifers

We propose that the calculation of O2 reduction rates in groundwater is of critical
importance for estimating the time required until denitrification may commence in an
aquifer and thereby accelerating nitrate removal. This approach may improve the as-
sessment of the vulnerability of aquifers posed by dissolved nitrate and its persistence
in drinking water resources. Fogg et al. (1999) have previously concluded that nitrate
vulnerable areas may be best identified in combination with the assessment of MTTs.
To further include areas with low nitrate reduction via denitrification, we propose
that the assessment of O2 reduction rates for potential nitrate reduction is a powerful
tool to determine the potential of suboxic redox processes such as denitrification to
occur and should be considered in future groundwater vulnerability studies. If the
O2 reduction is low in a groundwater system and there is no major change in the
availability of reactive donors with increasing aquifer depth, denitrification will still
not occur over extended time periods, also if O2 concentrations fall below threshold
values, where denitrification can occur. Consequently, elevated concentrations of
nitrate will persist at timescales equal to the estimated apparent MTT of groundwater
at drinking water wells. An intensive agriculturally used ecosystem with no or only
little nitrate reduction potential, may therefore be of great risk for exceeding drinking
water quality guidelines for many years or decades after contamination has occurred.
Moreover, elevated nitrate concentrations in groundwater would be a concern for
surface water quality (Carpenter et al., 1998), if a hydraulic connection between
groundwater and the rivers Isar and Danube is present.

The obtained results illustrate the importance of the determination of apparent MTTs
of groundwater linked with the calculation of O2 reduction rates to predict the rate
at which nitrate may be removed from groundwater through the process of denitrifi-
cation. This approach increases the understanding of the groundwater ecosystem and
facilitates the assessment of the vulnerability of aquifers posed by dissolved nitrate
and its persistence in drinking water resources.
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M O N T E C A R L O S I M U L AT I O N S A S A D E C I S I O N S U P P O RT T O
I N T E R P R E T δ 1 5 N VA L U E S O F N I T R AT E I N G R O U N D WAT E R

4.1 results and discussion

PDFs were fitted to characteristic δ15N values of nitrate sources reported by Kendall
& of McDonnell (1998) (Figure S3 in Appendix B). A beta distribution was found as
a best fit for manure (minimum = 3.25, maximum = 24.60, shape parameters α = 1.96

and β = 2.24). For precipitation and mineral fertilizer, we found normal distributions
with mean value µ = 0.62, standard deviation σ = 3.47 and µ=2.06, σ=2.00, respectively.
These PDFs were used as input for the Monte Carlo simulations in order to define
the characteristics of different nitrate sources. PDFs were also fitted to δ15N values
observed in groundwater of the MA and the PA, respectively, where logistic distribu-
tions could describe observations best (with location α = 6.199, scale β = 1.952 for the
MA and α = 9.221, β = 1.781 for the PA). Subsequently, Monte Carlo simulations were
run (10,000 trials) applying these PDFs in order to generate 'measured' δ15N frequency
distributions that could be compared to modeled δ15N values (as data pairs). Figure
S4 in Appendix B shows measured values versus fitted distributions.

4.1.1 Scenario 1: Mixing of different nitrate sources

Simulation results considering the mixing of possible nitrate sources reveal that a
range of different portions concerning land use and related nitrate input could explain
observed δ15N values in groundwater reasonably well. Those include agricultural (por-
tion p1) or non-agricultural land use (1−p1), with manure (p2) and mineral fertilizer
(1−p2) as nitrate sources for agricultural and precipitation for non-agricultural land
use. Results are mainly discussed by means of cumulative frequency distributions
and tile maps, but we also added some histograms in the SI to illustrate the resulting
MAE and R2. A selection of good simulation curve fits is shown in Figure 10 for
simulated cumulative frequency distributions of δ15N. 'Good fits' were associated to a
low range of MAE calculated for simulated versus observed δ15N distributions. This
corresponds to MAEs from 8.47 to 10.16 for the PA and 5.27 to 9.67 for the MA (Table
5, lowest MAE to 5

th percentile MAE of all realizations for each aquifer, cf. Materials
and Methods and Figure S29). Figure 11 presents tilemaps of R2 and MAE for the
considered realizations of Sc. 1, where blue to green colors indicate good fit, and red
indicates bad fit.

For the PA, good curve fits were found with 70 to 100% of agricultural land use and 60

to 100% of manure application (Figure 10a and 11, left hand side). The lowest MAE of
8.47 (with R2= 0.907) was found for 100% agricultural land use and 60% manure (Table
5 and S6). However, such a high portion of agricultural land use is unrealistic: Burger
(1993) estimated that 80% of the larger catchment area is agriculturally used, and from
recent satellite images we estimated agricultural used areas to cover about 65-80%.
Therefore, we can assume that 80% would be the maximum realistic percentage of

43



4.1 results and discussion

-10 0 10 20
15

0.0

0.2

0.4

0.6

0.8

1.0

Cu
m

ul
at

iv
e 

fr
eq

ue
nc

y 
[-]

MA obs.

40A 100M

50A 80M

50A 90M

45A 100M

50A 100M

60A 70M

60A 80M

-10 0 10 20
15

0.0

0.2

0.4

0.6

0.8

1.0

Cu
m

ul
at

iv
e 

fr
eq

ue
nc

y 
[-]

PA obs.

70A 90M

70A 100M

75A 85M

80A 80M

90A 70M

100A 60M

100A 70M

b)a)

Figure 10: Cumulative frequency distributions of best fitting simulated δ15N (source mixing,
Sc. 1) and observed (obs.) δ15N for a) the PA and b) the MA. Numbers in the legend
refer to percentage of agricultural land use (A) and manure (M)

agricultural land use, where the simulated realization with 75% agricultural land use
and 85% manure can be seen as the best estimate (MAE of 8.49, with R2= 0.895). For
the MA, best fits were found with lower portions of agricultural land use between 40

and 60% (best estimate 45%) and relatively high portions of manure between 70 and
100% (best estimate 100%; Figure 10b and 11, right hand side; Table 5 and S6).

Table 5: MAE and its corresponding R2 for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the PA and MA. Values refer to realizations within the
best fit range for all scenarios. Cf. Figure S29 for more information on MAE.

Sc. Best fit range PA MA

MAE [-] R2 [-] MAE [-] R2[-]

1) Mixing from 8.47 0.907 5.27 0.980

to 10.2 0.871 9.67 0.953

2) Transport from 6.37 0.950 5.97 0.977

to 9.91 0.886 10.70 0.886

3a) Transport + microbial from 6.31 0.947 3.57 0.984

denitrification (µ=1 a=1) to 9.30 0.894 7.40 0.937

3b) Transport + microbial from 6.59 0.947 5.16 0.984

denitrification (µ = 0.1 a=1) to 10.0 0.880 9.26 0.966

The PA, located at shallow depths above 45 m bgl (meter below ground level), is char-
acterized by relatively young groundwater with apparent MTT ranging from <4 years
to 20 years. The deeper MA extends from 45 to 150 m bgl, and it contains older ground-
water with apparent MTT between 14 and 122 years (Wild et al., 2018). Results from
the simulations of Sc. 1, considering the impact of possible nitrate source mixing on
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δ15N distribution, indicate higher portions of agricultural land use (75 -80%) for the
PA, compared to the MA (40-60%, best estimate (b.e.) 45%). Manure seems to have
contributed with 60-100% (b.e.: 85%) for the PA, and with 70-100% (b.e.: 100%) for the
MA. These findings point towards a change of land use within the past decade, charac-
terized by an increase of the agriculturally used area within the catchment. Although
relative contribution of manure (usage of manure versus mineral fertilizer) seems to be
constant or slightly lower than mineral fertilizer, the total amount of released manure
seems to have increased with time. Thus, these simulation results might indicate a
source-driven isotopic shift to heavier δ15N values of nitrate for the catchment area,
away from less intensive farming with little livestock and mainly manure application
(low use of mineral fertilizers) towards an increasingly intensive agricultural practice.
This can be seen in Figure 10 (also Figure S30 and S31 in the SI), where curves for the PA
(a) are shifted more to the right (higher δ15N), compared to the MA (b). Consequently,
it can be estimated at which proportion a specific source might have contributed to
observed nitrate contamination in groundwater, as similarly done for other sites by ap-
plying Bayesian framework studies (El Gaouzi et al., 2013; Korth et al., 2014; Xu et al.,
2016; Zhang et al., 2015).

0%

25%

50%

75%

100%

0% 25
%

50
%

75
%

10
0%

0%

25%

50%

75%

100%
0% 25

%

50
%

75
%

10
0%

0.25
0.50
0.75

R2 [−]

0%

25%

50%

75%

100%

0% 25
%

50
%

75
%

10
0%

Portion of manure p2 (remaining portion: mineral fertilizer) [%]

Po
rti

on
 o

f a
gr

ic
ul

tu
ra

l l
an

d 
us

e 
p 1

 [%
]

0%

25%

50%

75%

100%

0% 25
%

50
%

75
%

10
0%

0
10
20
30
40
50
60

MAE [−]

Figure 11: Coefficient of determination (R2), top row, and mean absolute error (MAE), bottom
row, for the frequency distribution of simulated versus measured δ15N in ground-
water of the PA (left) and MA (right). Comparison for all considered realizations of
Sc. 1 (mixing of sources).

45



4.1 results and discussion

4.1.2 Scenario 2: Hydrodynamic processes

If hydrodynamic processes in groundwater (advection and dispersion) are considered,
simulation results depend on the travel time of nitrate. As soon as the breakthrough of
the isotopic signal, released at the source, has occurred at the observation well, good
simulation curve fits were obtained (Figure S5-S8, Table S7). Simulated δ15N frequency
distributions (Figure 12 and Figure S32 in Appendix B, blue curves) are then similar
to those obtained from Sc. 1 (Figure 10, as well as green curves in Figure 12 and
S32). Indeed, good simulation curve fits were obtained for the same range of source
composition. For the PA, depending on the percentage of agricultural use and manure,
simulations were within the best fit range (as defined in Table 5) after a transport
duration of 11 to 50 years (Figure S5 and S6, Table S7). Again, lowest MAE (6.37) was
obtained for 100% agriculture and 60% manure (after 47 years), however this was not
assumed realistic since not the whole catchment area is agriculturally used (see above).
A more representative realization, considered as best estimate, was obtained for 80%
agriculture with 80% manure after 50 years (MAE of 6.69). This source composition is
similar to that yielding the best estimate for Sc. 1 (75% agriculture with 85% manure)
and the MAEs of Sc.2 converge with time to the MAEs of Sc.1 as shown in Figure S17

and S18 in Appendix B.
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Figure 12: Cumulative frequency distributions of observed and simulated δ15N, comparison of
Sc. 1-3. a) PA, b) MA. Percentage of agricultural land use A and manure M, with
transport duration in years (yr).

For the MA, best fit ranges were obtained after longer transport duration from 28

to 100 years (Figure S7 and S8, Table S7). Associated source composition showed
a wider range than for Sc. 1, with potentially 40-100% agriculture and 50-100%
manure. The lowest MAE of 5.97 (R2= 0.977) was found for 50% agricultural land
use with 100% manure after 65 years, so that, like for the PA, the source composition
coincides relatively well with that of Sc. 1 (with 45% agriculture and 100% manure as
best estimate). Thus, the time of breakthrough (transport duration) is an important
unknown for Sc. 2, which needs careful consideration in order to derive realistic
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assumptions. It is mainly determined by advection (groundwater flow velocity v, in
our case defined by the observed ranges and fitted PDFs for MTT and flow distance
x), and it is also influenced by dispersion (PDF fitted for observed PD). As soon as the
breakthrough has taken place, transport processes revealed only a low influence on
the frequency distribution of δ15N. While comparing Sc. 1 and 2, the lowest MAEs are
found for similar or even the same mixing portions in the PA and MA (Figure S23 and
S33 in Appendix B).

4.1.3 Scenario 3: Hydrodynamic processes and microbial denitrification

In this scenario, mixing and transport (hydrodynamic processes) along with microbial
denitrification were considered. First, we simulated a hypothetically high microbial
activity, using a generic degradation rate constant µ of 1 a−1. In comparison to
transport without microbial denitrification, we can see a shift towards lower portions
of agriculture and/or manure, which would allow similar simulated δ15N frequency
distributions. This is illustrated in Figure 13, after a transport duration of 30 years for
the PA and 60 years for the MA. Best simulation results (low MAE) are shifted to the
left (less manure) and downwards (less agriculture) for Sc. 3, when comparing Fig.
13a with 13c and 13b with 13d. The best fit range was found for 60-100% agriculture
with 50-100% manure (after 10 years or longer) for the PA, and 30-100% agriculture
with 20-100% manure (after 28 years or longer) for the MA (Figure S9-S12, Table S8).
This is a wider range for possible source compositions as compared to the previous
scenarios.

For the PA, similar combinations concerning the sources (portion of agricultural land
associated with portion of manure), compared to Sc. 2, yielded good curve fits (Figure
12a, red curves). Lowest MAE (6.31) was again found for 100% agriculture and 60%
manure after 16 years and thus earlier than for Sc. 2 (with 47 years) as displayed in
Figure S19 and S20 in Appendix B. Again, since 100% agricultural land use is not
representative for the study area, a portion of 80% agriculture with 80% manure and
a transport duration of 46 years resulted in the most realistic estimate (MAE of 6.49,
R2 of 0.939). For Sc. 2 the best fit was obtained for 80% agriculture with 80% manure
after 50 years, thus being very close.

The source composition was different for the MA, where high portions of agriculture
are associated with lower portions of manure, for obtaining similar δ15N frequency
distributions (Figure 12b). The lowest MAE with 3.57 (R2= 0.984) was found for
60% agricultural land use with 40% manure after 81 years. Here we can see a clear
difference compared to Sc. 2, where the best estimate was for a slightly lower portion
of agricultural land use (50%) but much higher manure (100%), and after a shorter
transport duration (65 years). The differences of the calculated MAE between Sc.2 and
3 are quite evident in Figure S25 in Appendix B.

The second assumption for Sc. 3, using a lower generic degradation rate constant µ
of 0.1 a−1, gave similar results compared to Sc. 2 (Figure S21, S22, S27 and S28 in Ap-
pendix B). In this case, microbial denitrification took only low influence on simulated
δ15N frequency distributions (Figure S13-S16). For oxic groundwater, Tesoriero and
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Figure 13: MAE for the frequency distribution of simulated versus measured δ15N in ground-
water of the PA after a transport duration of 30 years (a and c) and the MA after 60

years (b and d). Comparison of Sc. 2, transport (a and b) and Sc. 3, transport and
microbial denitrification with µ of 1 a−1 (c and d).

Puckett (2011) found that significant changes due to microbial degradation may only
be detectable for rates larger than 0.36 a−1. This could explain the similarity to Sc. 2,
which neglects microbial denitrification. For the PA, good estimates (as defined in
Table 5) were obtained for 60-100% agriculture (slightly wider range as for Sc. 2) with
60-100% manure, after 11 to 50 years (as for Sc. 2). Lowest MAE was found for 100%
agriculture and 60% manure (as for Sc. 2) after 32 years (for Sc. 2 it was 47 years). For
the MA, good estimates resulted from 40-100% agriculture (as for Sc. 2), however, the
manure best fit range started at a slightly lower percentage (40-100%). The best fit was
found for 50% agriculture with 90-100% manure (similarly low MAE around 5.2) and
thus very similar to Sc. 2.

Simulation results show that microbial denitrification might have taken place in the
PA, but it is rather unlikely for the MA. For the PA, good simulation curve fits were
obtained for Sc. 3 when considering transport and denitrification in groundwater com-
bined with a nitrate input, which relates to expected portions of nitrate sources. This
is also consistent with observations from the earlier results that revealed significant
denitrification in two shallow wells in the PA but not in the residual shallow wells
and springs. However, if assuming microbial denitrification for the MA, good curve
fits were predominantly found for unrealistic (unexpected) percentages of either agri-
cultural use or manure. The MA contains older groundwater (MTT of 14-122 years)
compared to the PA (MTT <4 - 20 years, see above). Since the use of mineral fertilizers
was lower in the past, we would expect a rather high percentage of manure. We can
also assume a high percentage of agricultural use for the catchment area (80% was

48



4.1 results and discussion

reported by Burger 1993). However, better curve fits prevailed for other source compo-
sitions (best estimate for 50% manure and 50% agriculture, where at least the latter is
lower than expected). Therefore, the presence of microbial denitrification is less likely
in the MA as reasonable curve fits are not within a realistic range for the source compo-
sition (Table S8). These findings also agree with the calculated O2 reduction rates and
denitrification lag times of the investigated MA, which suggest that it will take many
decades to significantly reduce nitrate concentrations in the MA via denitrification.
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5
C O N C L U S I O N A N D O U T L O O K

The calculated O2 reduction rate of 0.015 1/year for first-order kinetics is relatively low
in the studied aquifer and leads to a high denitrification lag phase of approximately
114 years. In consequence, we suggest that the lack of microbial available electron
donors in the aquifer is responsible for the low O2 reduction rates and the high nitrate
concentrations in this groundwater system. We, therefore, demonstrate that this
approach is highly effective in estimating the approximate residence time of nitrate
and the assessment of nitrogen loads in groundwater. Hence, the results provide
critical information on the vulnerability of aquifers posed by dissolved nitrate and
the time frames required to achieve water quality improvements in nitrate-polluted
aquifers.

For groundwater ecosystems with a low potential for the reduction of redox sensitive
parameters such as nitrate, we recommend a reduction of anthropogenic N inputs by
applying agricultural beneficial management practices (Asgedom and Kebreab, 2011).
In-situ groundwater remediation has also been shown to be suitable and effective to
remove nitrate and consequently reach acceptable drinking water quality, however,
this approach may be challenging in such heterogeneous groundwater systems and
potentially too costly (Archna et al., 2012; Della Rocca et al., 2007; Janda et al., 1988).
Future work could, however, include a remediation strategy that is feasible and
applicable in nitrate contaminated catchment areas. This may be quite a complex task
in such a heterogeneous study area but may be achieved by remediating the highly
contaminated drinking water wells with push-pull tests or direct injection of a suitable
e−-donor.

Moreover, we investigated MC simulations as a decision support to interpret δ15N
values of nitrate in groundwater. Different scenarios, such as mixing, combined
with transport and microbial denitrification, were applied to study the influence
of selected parameters on the evaluation of δ15N values in groundwater. Results
show that the portion (percentage) of nitrate-releasing land use and specific nitrate
sources in a catchment area along with the MTT of nitrate dissolved in groundwater
are crucial factors when evaluating influences related to the mixing of different
nitrate sources linked with transport and denitrification processes. However, if
the sensitive parameters are well documented for a catchment area, MC simulations
have the potential to support decision makers in the assessment of nitrate isotope data.

To deepen this work, we suggest to also compare our results with a multidimensional
numerical advection-dispersion model. This may need a complex hydrogeological
structure, but with certain approximations and a statistical framework, good results
could be obtained.
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a.1 supporting information on the water chemistry data

Figure S1: Piperplot for all sampling points in the different aquifers
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Table S1: Standard parameters and major ions for all sampling points.

Name Aquifer
Sampling 
date

O2 

[μmol/L]
O2 

[mg/l]
O2 

[%]
pH 
[-]

LF 25°C
[µS/cm] 

Temp 
[°C]

Redox 
[mV]

DOC  
[μmol/L]

SO4
2-

[mmol/L]
Cl- 

[mmol/L]
FL- 

[mmol/L]
Ca2+ 

[mmol/L]
Mg2+ 

[mmol/L]
Na+ 

[mmol/L]
K+ 

[mmol/L]
HCO3

- 

[mmol/L]
Depth 
[mbgl]

DGM 
[m asl]

SP114 Spring pool 12/15/15 368.76 11.82 96.60 7.66 705.00 4.70 103.50 163.2 0.31 0.62 0.03 1.75 0.77 0.57 0.11 4.36 0.0 482.0
SP18 Spring pool 05/25/16 135.01 4.32 41.70 7.49 488.00 11.30 94.50 153.2 0.20 0.59 0.01 1.58 0.75 0.25 0.06 3.31 0.0 453.1
SP57 Spring pool 12/15/15 N/A N/A N/A 7.33 661.00 4.90 N/A 63.3 0.42 0.87 0.01 2.59 1.46 0.30 0.02 5.18 0.0 444.7

drainage 157
Perched aquifer - 
spring & drainage 06/08/16 233.13 7.46 77.10 6.68 496.00 14.60 295.70 50.0 0.11 0.45 0.01 1.57 0.68 0.52 0.07 3.93 0.0 477.0

drainage 69
Perched aquifer - 
spring & drainage 06/02/16 232.82 7.45 74.60 7.08 843.00 12.50 253.40 50.0 0.30 0.71 0.01 2.97 1.38 0.29 0.03 6.21 0.0 460.1

spring 109
Perched aquifer - 
spring & drainage 05/31/16 N/A N/A N/A 8.06 627.00 13.30 208.90 123.2 0.25 0.56 0.01 2.04 1.00 0.26 0.02 3.78 0.0 441.3

spring 155
Perched aquifer - 
spring & drainage 05/25/16 267.20 8.55 79.30 7.46 502.00 10.10 237.70 23.3 0.29 0.73 0.01 2.10 1.07 0.38 0.12 4.68 0.0 448.1

spring 156
Perched aquifer - 
spring & drainage 05/25/16 270.64 8.66 80.90 6.08 313.00 9.70 292.90 43.3 0.21 0.48 0.01 0.76 0.39 0.30 0.16 1.13 0.0 485.0

spring 20
Perched aquifer - 
spring & drainage 05/25/16 249.07 7.97 71.70 7.14 841.00 8.80 227.40 16.7 0.31 0.45 0.01 2.74 1.65 0.18 0.01 6.48 0.0 448.7

spring 27
Perched aquifer - 
spring & drainage 05/25/16 306.89 9.82 93.70 8.01 746.00 10.40 191.40 46.6 0.57 0.21 0.01 2.57 1.49 0.21 0.01 6.58 0.0 445.4

spring 30
Perched aquifer - 
spring & drainage 05/24/16 221.26 7.08 66.80 6.96 808.00 10.40 96.70 89.9 0.33 0.65 0.01 2.87 1.17 0.31 0.07 5.76 0.0 461.9

spring 37
Perched aquifer - 
spring & drainage 05/24/16 245.32 7.85 72.90 6.96 969.00 9.70 248.00 33.3 0.35 0.76 0.01 2.34 1.09 0.25 0.02 4.42 0.0 459.8

spring 38
Perched aquifer - 
spring & drainage 05/24/16 297.51 9.52 88.40 7.47 401.00 7.90 245.20 466.3 0.23 0.16 0.01 1.36 0.72 0.13 0.04 3.27 0.0 459.8

spring 66
Perched aquifer - 
spring & drainage 06/02/16 148.44 4.75 44.90 6.89 691.00 10.00 44.20 166.5 0.24 0.56 0.01 2.37 1.13 0.23 0.06 5.05 0.0 455.9

spring 68
Perched aquifer - 
spring & drainage 05/24/16 221.88 7.10 68.10 6.86 809.00 11.00 N/A 99.9 0.30 1.41 0.01 2.69 1.01 0.77 0.04 5.02 0.0 467.0

spring 7
Perched aquifer - 
spring & drainage 05/30/16 288.45 9.23 91.00 7.24 472.00 11.80 191.50 76.6 0.42 0.48 0.01 1.38 0.53 0.42 0.04 2.73 0.0 484.9

GWM 62

Perched aquifer - 
GWM and shallow 
well 05/03/16 263.45 8.43 81.10 7.24 738.00 11.40 154.30 26.6 0.29 0.62 0.01 2.46 1.32 0.26 0.06 5.94 9.7 447.5

GWM 63

Perched aquifer - 
GWM and shallow 
well 04/22/16 275.32 8.81 85.60 7.31 806.00 7.31 104.00 33.3 0.32 1.33 0.00 2.16 1.54 0.45 0.02 5.17 21.7 471.1

GWM 64

Perched aquifer - 
GWM and shallow 
well 04/21/16 10.94 0.35 3.40 7.07 834.00 11.20 86.60 40.0 0.47 0.51 0.00 2.67 1.62 0.26 0.02 7.45 14.3 454.4

GWM 65

Perched aquifer - 
GWM and shallow 
well 04/22/16 28.75 0.92 8.60 7.40 675.00 11.70 69.40 20.0 0.19 0.85 0.02 2.09 1.44 0.15 0.02 5.96 4.8 457.3

well 1

Perched aquifer - 
GWM and shallow 
well 04/13/16 209.70 6.71 64.80 7.14 722.00 10.80 115.50 11.8 0.26 0.54 0.01 2.36 1.24 0.25 0.02 2.67 30.0 483.4

well 27

Perched aquifer - 
GWM and shallow 
well 04/13/16 303.14 9.70 93.20 7.10 595.00 10.80 129.00 11.8 0.21 0.59 0.00 1.83 0.93 0.37 0.02 4.11 11.0 431.3

well 37

Perched aquifer - 
GWM and shallow 
well 04/13/16 195.32 6.25 60.50 7.09 641.00 10.80 118.50 11.8 0.27 0.71 0.01 2.09 1.02 0.19 0.02 3.74 13.7 464.1

well 48

Perched aquifer - 
GWM and shallow 
well 04/13/16 112.19 3.59 34.90 6.56 375.00 10.80 104.00 23.3 0.14 0.68 0.01 1.11 0.49 0.41 0.04 2.59 15.0 487.2

well 9

Perched aquifer - 
GWM and shallow 
well 05/03/16 232.20 7.43 71.00 7.40 622.00 11.00 103.70 11.8 0.18 0.73 0.01 1.99 1.18 0.15 0.02 4.78 43.0 450.3

well 110 Main aquifer 04/20/16 133.44 4.27 40.50 7.40 559.00 11.60 23.40 11.8 0.04 0.16 0.01 1.68 1.20 0.24 0.04 4.88 60.0 408.6
well 122 Main aquifer 05/02/16 163.13 5.22 49.20 7.39 561.00 10.90 274.80 11.8 0.10 0.25 0.00 1.85 1.13 0.13 0.02 5.36 60.5 419.7
well 123 Main aquifer 05/02/16 200.32 6.41 60.20 7.36 607.00 10.80 198.60 11.8 0.17 0.39 0.01 1.99 1.28 0.16 0.02 5.50 47.0 423.7
well 124 Main aquifer 05/03/16 199.69 6.39 60.50 7.38 616.00 10.80 269.20 11.8 0.16 0.48 0.00 1.99 1.23 0.15 0.02 5.35 92.5 425.8
well 126 Main aquifer 05/03/16 241.57 7.73 72.80 7.39 591.00 10.60 195.40 11.8 0.15 0.45 0.01 1.88 1.17 0.14 0.02 5.04 120.0 441.2
well 14 Main aquifer 05/02/16 245.63 7.86 73.40 7.40 585.00 10.20 220.20 11.8 0.21 0.31 0.01 1.95 1.11 0.15 0.02 5.18 103.0 478.5
well 36 Main aquifer 05/03/16 137.19 4.39 42.80 7.41 547.00 12.00 14.30 11.8 0.14 0.26 0.01 1.74 1.14 0.15 0.02 5.27 120.0 478.1
well 47 Main aquifer 05/02/16 139.07 4.45 41.70 7.20 814.00 10.50 249.60 11.8 0.26 0.87 0.01 2.77 1.48 0.21 0.03 6.66 103.6 456.5
well 48 Main aquifer 05/02/16 226.88 7.26 68.20 7.22 779.00 10.50 295.50 11.8 0.25 0.73 0.00 2.64 1.43 0.20 0.02 6.32 92.0 460.7
well 50 Main aquifer 04/12/16 63.44 2.03 19.40 7.27 767.00 10.70 174.00 11.8 0.21 1.10 0.01 2.46 1.50 0.16 0.03 6.56 61.0 463.8
well 51 Main aquifer 04/21/16 16.56 0.53 5.10 7.36 669.00 11.50 85.90 11.8 0.42 0.82 0.01 2.08 1.25 0.14 0.02 5.30 126.5 486.0
well 53 Main aquifer 04/12/16 198.76 6.36 61.90 7.41 586.00 11.40 227.90 11.8 0.14 0.31 0.01 1.88 1.16 0.13 0.02 5.36 44.5 423.4
well 6 Main aquifer 04/21/16 322.82 10.33 96.50 7.28 693.00 10.60 212.60 40.0 0.26 0.73 0.01 2.18 1.15 0.19 0.01 4.99 32.0 426.6
well 67 Main aquifer 05/12/16 240.63 7.70 72.00 7.40 590.00 11.70 100.00 23.3 0.29 0.79 0.00 0.00 0.00 0.00 0.00 0.00 108.5 474.1
well 68 Main aquifer 05/10/16 243.76 7.80 72.00 7.10 610.00 11.30 N/A 50.0 0.29 0.90 0.01 2.28 1.39 0.30 0.02 4.98 59.0 474.6
well 76 Main aquifer 05/02/16 267.20 8.55 79.30 7.44 546.00 10.00 173.20 11.8 0.14 0.28 0.01 1.82 1.07 0.13 0.02 2.86 87.0 463.6
well 86 Main aquifer 04/20/16 169.38 5.42 50.40 7.26 791.00 10.60 221.30 11.8 0.25 1.13 0.01 2.50 1.31 0.38 0.02 6.15 59.0 405.8
well 87 Main aquifer 04/20/16 175.01 5.60 52.90 7.42 552.00 11.20 220.50 11.8 0.04 0.11 0.01 1.60 1.21 0.13 0.02 5.75 113.0 436.5
well 91 Main aquifer 04/21/16 66.88 2.14 23.20 7.29 576.00 17.20 172.30 20.0 0.22 0.17 0.01 1.75 1.17 0.16 0.02 5.55 158.0 447.8
well 5 Deep aquifer 08/10/16 87.19 2.79 32.20 7.14 582.00 16.80 162.70 11.8 0.19 0.14 0.01 1.90 1.28 0.17 0.02 5.70 185.0 454.4
well 59 Deep aquifer 08/09/16 57.50 1.84 18.40 7.28 504.00 13.00 -84.40 11.8 0.11 0.14 0.01 1.86 1.36 0.23 0.03 6.00 134.5 425.3
well 73 Deep aquifer 08/09/16 1.88 0.06 0.60 7.30 593.00 12.90 182.00 11.8 0.10 0.03 0.01 1.84 1.40 0.24 0.03 6.34 162.4 451.9
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Table S2: Measured δ15Nnitrate and δ18Onitrate values with O2 concentrations [µmol/L] for all
sampling points.

Name Aquifer Sampling date O2 [μmol/L] δ15N [‰] δ18O [‰]
spring  pool 114 Spring pool 15-Dec-2015 318.8 13.6 3.5
spring  pool 18 Spring pool 8-Dec-2015 246.9 12.4 4.3
spring  pool 57 Spring pool 15-Dec-2015 356.3 11.1 5.6
drainage 69 Perched aquifer - spring & drainage 15-Dec-2015 343.8 12.1 3.1
spring 66 Perched aquifer - spring & drainage 1-Mar-2016 300 10.8 1.6
spring 109 Perched aquifer - spring & drainage 1-Mar-2016 300 9.1 5.1
spring 68 Perched aquifer - spring & drainage 7-Dec-2015 234.4 10.2 2.8
spring 27 Perched aquifer - spring & drainage 17-Dec-2015 271.9 -0.6 1.6
spring 20 Perched aquifer - spring & drainage 15-Dec-2015 315.6 4.3 3.0
spring 156 Perched aquifer - spring & drainage 8-Dec-2015 287.5 9.8 1.5
spring 155 Perched aquifer - spring & drainage 8-Dec-2015 306.3 8.1 1.8
spring 37 Perched aquifer - spring & drainage 7-Dec-2015 293.8 9.4 2.7
spring 38 Perched aquifer - spring & drainage 7-Dec-2015 337.5 9.1 3.2
spring 7 Perched aquifer - spring & drainage 25-Feb-2016 293.8 7.1 1.1
well 1 Perched aquifer - GWM and shallow well 13-Apr-2016 209.4 9.7 1.9
well 9 Perched aquifer - GWM and shallow well 3-May-2016 231.3 6.8 1.9
well 27 Perched aquifer - GWM and shallow well 13-Apr-2016 303.1 8.9 1.7
well 48 Perched aquifer - GWM and shallow well 13-Apr-2016 112.5 8.1 2.2
well 37 Perched aquifer - GWM and shallow well 13-Apr-2016 196.9 6.3 2.7
GWM 62 Perched aquifer - GWM and shallow well 3-May-2016 262.5 7.7 3.0
GWM 63 Perched aquifer - GWM and shallow well 22-Apr-2016 275 6.1 2.3
GWM 64 Perched aquifer - GWM and shallow well 21-Apr-2016 12.5 19.7 7.5
GWM 65 Perched aquifer - GWM and shallow well 22-Apr-2016 28.1 13.1 5.2
well 6 Main aquifer 21-Apr-2016 321.9 8.6 1.9
well 124 Main aquifer 3-May-2016 200 6.7 2.2
well 86 Main aquifer 20-Apr-2016 168.8 9.0 2.9
well 48 Main aquifer 2-May-2016 228.1 9.5 2.9
well 36 Main aquifer 3-May-2016 137.5 7.6 1.7
well 122 Main aquifer 2-May-2016 162.5 5.9 0.6
well 123 Main aquifer 2-May-2016 200 6.8 2.3
well 76 Main aquifer 2-May-2016 268.8 4.2 0.7
well 47 Main aquifer 2-May-2016 140.6 9.9 3.5
well 53 Main aquifer 12-Apr-2016 200 7.2 3.3
well 50 Main aquifer 12-Apr-2016 62.5 11.2 4.0
well 14 Main aquifer 2-May-2016 246.9 4.4 1.0
well 110 Main aquifer 20-Apr-2016 134.4 5.1 0.2
well 126 Main aquifer 3-May-2016 240.6 7.1 2.9
well 87 Main aquifer 20-Apr-2016 175 5.1 -0.5
well 91 Main aquifer 21-Apr-2016 65.6 5.1 1.0
well 51 Main aquifer 21-Apr-2016 15.6 10.4 0.3
well 68 Main aquifer 10-May-2016 243.8 6.7 3.4
well 67 Main aquifer 12-May-2016 240.6 6.6 1.9
well 59 Deep aquifer 9-Aug-2016 56.3 6.4 2.8
well 5 Deep aquifer 10-Aug-2016 87.5 2.1 1.6
well 73 Deep aquifer 9-Aug-2016 6.3 -5.0 3.9
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Table S3: Results of mean transit time modeling for all sampled wells.

Sample 
name Aquifer

Sampling 
date

3H 
[TU]

3He 
[TU]

3He0 

[TU]

MTT of young 
component 
[years] Model pD [-]

MTT of old 
component 
[years]

Mixing 
fraction 1st 
comp [%]

PD of old 
component 
[-]

Dilution 
factor

Number 
of screens

Included in 
graph

construction 
depth [mbgl]

GWM 65
Perched aquifer - GWM 
and shallow well 22-Apr-2016 6.1 21.6 27.9 15 DM 0.35 100 1

no, evidence 
of abnormity 17.7

GWM 64
Perched aquifer - GWM 
and shallow well 21-Apr-2016 6.1 2.5 8.3 6 DM 0.08 100 1

no, evidence 
of abnormity 14.3

GWM 63
Perched aquifer - GWM 
and shallow well 22-Apr-2016 5.3 1.3 6.6 5 DM 0.17 100 1

no, large 
modelling 
error 21.7

GWM 62
Perched aquifer - GWM 
and shallow well 3-May-2016 5.3 6.7 12.1 12 DM 0.15 100 1 yes 9.7

well 9
Perched aquifer - GWM 
and shallow well 3-May-2016 6.2 7.5 13.6 9 DM 0.45 100 1 yes 43

well 1
Perched aquifer - GWM 
and shallow well 13-Apr-2016 5.9 2.3 8.1 20 DM 0.28 100 N/A 

no, large 
modelling 
error 40

well 27
Perched aquifer - GWM 
and shallow well 13-Apr-2016 5.5 4.0 9.5 10 DM 0.12 100 N/A yes 11

well 68 Main aquifer 10-May-2016 6.4 7.3 13.6 14 DM 0.04 100 1 yes 50

well 67 Main aquifer 12-May-2016 6.4 21.9 28.3 28 DM 0.05 100 3

no, large 
modelling 
error 100

well 110 Main aquifer 20-Apr-2016 0.6 1.8 2.4 57 DM 0.03 100 1 yes 60
well 47 Main aquifer 2-May-2016 7.0 37.2 44.2 35 BMM 0.03 500 33 0.1 4 yes 103.6
well 47, 
48 mbgl Main aquifer 8-Jun-2016 7.0 50.5 57.5 60 DM 0.25 100 4 yes 103.6
well 50 Main aquifer 12-Apr-2016 7.3 68.6 76.3 122 DM 0.2 100 1 yes 61

well 48 Main aquifer 2-May-2016 5.7 22.4 27.9 18 DM 0.19 100 3

no, large 
modelling 
error 92

well 86 Main aquifer 20-Apr-2016 6.5 24.2 30.7 20 BMM 0.3 500 60 0.1 3 yes 59
well 53 Main aquifer 12-Apr-2016 2.8 10.5 13.2 15 TTM-BMM 0.23 500 49 0.1 2 yes 44.5

well 51 Main aquifer 21-Apr-2016 5.8 51.6 57.5 36 TTM-BMM 0.01 500 61 0.1 4

no, large 
modelling 
error 126.5

well 123 Main aquifer 2-May-2016 2.9 16.9 19.8 19 TTM-BMM 0.29 500 46 0.1 3 yes 47

well 14 Main aquifer 2-May-2016 3.8 13.5 17.2 24 DM 0.01 100 2

no, large 
modelling 
error 103

well 14 Main aquifer 2-May-2016 3.8 13.5 17.2 14 TTM-BMM 0.42 500 61 0.1 2
no, pd too 
high 103

well 36 Main aquifer 3-May-2016 1.3 9.0 10.3 23 BMM 0.07 500 24 0.1 N/A yes 123
well 122 Main aquifer 2-May-2016 1.8 15.4 17.2 24 TTM-BMM 0.23 500 26 0.1 2 yes 60.5
well 124 Deep aquifer 3-May-2016 4.2 29.2 33.4 23 TTM-BMM 0.15 500 65 0.08 4 yes 92.5

well 126 Deep aquifer 3-May-2016 3.1 18.4 21.5 21 TTM-BMM 0.15 500 52 0.1 4

no, large 
modelling 
error 120

well 59 Deep aquifer 9-Aug-2016 1.7 13.1 14.7 23 BMM 0.1 6455 25 0.5 4 no 134.5
well 5 Deep aquifer 10-Aug-2016 1.9 2.1 3.9 965 DM 0.11 100 0.65 5 no 185
well 5 Deep aquifer 10-Aug-2016 1.9 2.1 3.9 3603 DM 0.2 100 0.85 5 no 185
well 73 Deep aquifer 9-Aug-2016 0.0 1.0 1.1 5883 DM 0.23 100 0.85 1 no 162.4
well 73 Deep aquifer 9-Aug-2016 0.0 1.0 1.1 2884 DM 0.28 100 0.65 1 no 162.4
well 59 Main aquifer 9-Aug-2016 1.7 13.1 14.7 6002 DM 0.06 100 0.85 4 no 134.5
well 59 Main aquifer 9-Aug-2016 1.7 13.1 14.7 3364 DM 0.17 100 0.65 4 no 134.5
well 91 Main aquifer 21-Apr-2016 2.2 2.5 4.6 1 TTM-BMM 0.67 500 41 0.1 6 no 158

well 76 Main aquifer 2-May-2016 2.8 14.7 17.3 70 BMM 0.1 500 20 0.1 5

no, large 
modelling 
error 87

well 48 Main aquifer 13-Apr-2016 5.8 1.2 7.1 1 BMM-DM-DM 0.2 500 86 0.1 N/A yes 15

well 152, 
40 mgbl Main aquifer 25-Oct-2016 6.3 7.4 13.6 11 DM 0.27 100

yes, 
additional to 
planned 
sampling 89.4

well 106 Main aquifer 21-Apr-2016 6.5 10.4 17.1 12 DM 0.3 100 yes 32

well 118, 
53 mbgl Main aquifer 3-Nov-2016 5.7 4.7 10.4 10 DM 0.01 100

yes, 
additional to 
planned 
sampling 116
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Table S4: Measured stable isotopes of water (δ18O and δ2H) for all sampling points.

Name Aquifer Sample Date δ18O [‰] δ2H [‰]
spring  pool 114 Spring pool 15-Dec-2015 -9.4 -67.6
spring  pool 18 Spring pool 8-Dec-2015 -9.6 -67.8
spring  pool 57 Spring pool 15-Dec-2015 -9.3 -66.9
drainage 69 Perched aquifer - spring & drainage 15-Dec-2015 -9.1 -63.4
spring 27 Perched aquifer - spring & drainage 15-Dec-2017 -9.6 -68.0
spring 20 Perched aquifer - spring & drainage 28-Apr-2016 -9.6 -68.1
spring 156 Perched aquifer - spring & drainage 8-Dec-2015 -9.7 -67.6
spring 155 Perched aquifer - spring & drainage 8-Dec-2015 -9.4 -66.7
spring 37 Perched aquifer - spring & drainage 7-Dec-2015 -9.1 -64.7
spring 38 Perched aquifer - spring & drainage 7-Dec-2015 -9.5 -66.5
spring 7 Perched aquifer - spring & drainage 25-Feb-2016 -9.6 -67.8
spring 68 Perched aquifer - spring & drainage 7-Dec-2015 -9.4 -66.0
well 1 Perched aquifer - GWM and shallow well 13-Apr-2016 -9.5 -67.2
well 37 Perched aquifer - GWM and shallow well 13-Apr-2016 -9.2 -66.3
GWM 65 Perched aquifer - GWM and shallow well 22-Apr-2016 -9.7 -70.1
well 27 Perched aquifer - GWM and shallow well 13-Apr-2016 -9.7 -69.0
GWM 63 Perched aquifer - GWM and shallow well 22-Apr-2016 -9.7 -69.0
GWM 62 Perched aquifer - GWM and shallow well 31-May-2016 -9.5 -69.2
well 9 Perched aquifer - GWM and shallow well 25-Aug-2016 -10.1 -71.7
GWM 64 Perched aquifer - GWM and shallow well 21-Apr-2016 -9.4 -66.8
well 48 Perched aquifer - GWM and shallow well 13-Apr-2016 -10.2 -72.2
well 6 Main aquifer 21-Apr-2016 -9.6 -69.2
well 124 Main aquifer 3-May-2016 -10.3 -72.9
well 86 Main aquifer 20-Apr-2016 -9.8 -69.2
well 48 Main aquifer 2-May-2016 -9.7 -69.9
well 36 Main aquifer 3-May-2016 -10.2 -73.3
well 122 Main aquifer 2-May-2016 -10.3 -71.8
well 123 Main aquifer 2-May-2016 -10.1 -71.8
well 76 Main aquifer 2-May-2016 -9.9 -72.2
well 47 Main aquifer 2-May-2016 -9.8 -70.3
well 53 Main aquifer 12-Apr-2016 -10.2 -72.1
well 50 Main aquifer 12-Apr-2016 -10.1 -72.4
well 14 Main aquifer 2-May-2016 -10.0 -71.0
well 110 Main aquifer 20-Apr-2016 -10.3 -73.8
well 126 Main aquifer 3-May-2016 -10.1 -71.4
well 87 Main aquifer 20-Apr-2016 -10.3 -73.9
well 91 Main aquifer 21-Apr-2016 -10.0 -71.9
well 51 Main aquifer 21-Apr-2016 -10.2 -72.3
well 68 Main aquifer 10-May-2016 -9.8 -70.5
well 67 Main aquifer 12-May-2016 -10.0 -72.8
well 73 Deep aquifer 9-Aug-2016 -9.9 -71.4
well 59 Deep aquifer 9-Aug-2016 -10.2 -73.6
well 5 Deep aquifer 10-Aug-2016 -9.9 -71.9
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Table S5: Monthly measured stable isotopes of water (δ18O and δ2H) for selected drainages and
springs.

Name Aquifer n
Amplitude 
δ18O [‰]

δ18O - 
Max [‰] 

δ18O - 
Min [‰]

Amplitude 
δ2H [‰]

δ2H - Max 
[‰] 

δ2H - 
Min [‰] 

GWM 64
Perched aquifer - GWM 
and shallow well 12 0.4 -9.3 -9.7 1.9 -65.6 -67.5

GWM 62
Perched aquifer - GWM 
and shallow well 11 0.8 -9.1 -9.9 1.0 -68.5 -69.5

GWM 63
Perched aquifer - GWM 
and shallow well 15 1.4 -9.0 -10.4 3.9 -65.7 -69.6

GWM 65
Perched aquifer - GWM 
and shallow well 9 0.4 -9.5 -9.9 1.0 -69.1 -70.1

well 9
Perched aquifer - GWM 
and shallow well 10 0.3 -9.9 -10.2 2.7 -69.0 -71.7

well 27
Perched aquifer - GWM 
and shallow well 9 1.0 -9.5 -10.5 1.5 -69.0 -70.5

well 37
Perched aquifer - GWM 
and shallow well 6 0.4 -9.0 -9.4 2.0 -64.5 -66.5

well 1
Perched aquifer - GWM 
and shallow well 12 0.6 -9.0 -9.6 1.8 -65.7 -67.5

well 48
Perched aquifer - GWM 
and shallow well 2 0.4 -9.8 -10.2 2.7 -69.5 -72.2

wells and GWM_Min 0.3 -9.9 -10.5 1.0 -69.5 -72.2
wells and GWM_Max 1.4 -9.0 -9.4 3.9 -64.5 -66.5

drainage 1
Perched aquifer - spring 
& drainage 6 0.3 -9.6 -9.9 1.1 -68.7 -69.8

spring 27
Perched aquifer - spring 
& drainage 12 0.8 -9.4 -10.2 1.9 -68.0 -69.9

spring 30
Perched aquifer - spring 
& drainage 13 0.5 -9.2 -9.7 3.5 -65.0 -68.5

spring 20
Perched aquifer - spring 
& drainage 12 0.9 -8.9 -9.8 1.6 -66.5 -68.1

spring 156
Perched aquifer - spring 
& drainage 15 0.6 -9.4 -10.0 1.9 -67.6 -69.5

drainage 6
Perched aquifer - spring 
& drainage 5 2.9 -6.9 -9.7 11.8 -59.0 -70.8

spring 66
Perched aquifer - spring 
& drainage 4 0.1 -9.6 -9.7 0.9 -67.9 -68.8

spring 68
Perched aquifer - spring 
& drainage 15 0.4 -9.3 -9.7 2.6 -66.0 -68.6

spring 7
Perched aquifer - spring 
& drainage 12 0.6 -9.3 -9.8 1.1 -66.8 -67.9

spring 37
Perched aquifer - spring 
& drainage 2 0.2 -9.1 -9.4 2.3 -64.7 -67.1

spring 38
Perched aquifer - spring 
& drainage 2 0.7 -9.5 -10.3 6.5 -66.5 -73.1

spring 155
Perched aquifer - spring 
& drainage 2 0.3 -9.4 -9.7 2.6 -66.7 -69.3

springs and drainages_Min 0.1 -9.6 -10.3 0.9 -68.7 -73.1
springs and drainages_Max 2.9 -6.9 -9.4 11.8 -59.0 -67.1
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b.1 s1 modeling of microbial denitrification and isotopic enrich-
ment

Considering first-order degradation, the change of substance concentration Xl with
time t can be described as:

dXl
dt

= −µ ·Xl (S1)

where µ is a first-order rate constant describing degradation [a−1], and Xl is concentra-
tion of the substrate, i. e.the more abundant (lighter) isotope.

The well-known Rayleigh equations are based upon an exponential relation describing
the partitioning of isotopes between two reservoirs as one reservoir decreases in size
(Kendall and McDonnell, 1998b). The equations can be used to describe an isotope
fractionation process if: (i) material is continuously removed from a mixed system con-
taining molecules of two or more isotopic species, (ii) the fractionation accompanying
the removal process at any instance is described by the fractionation factor α, and (iii)
α does not change during the process (ibid.). Under these conditions, the evolution
of the isotopic composition in the residual (reactant) material can be described by the
following differential equation:

dR

dXl
=
R

Xl
· (α− 1) (S2)

where R is the isotopic ratio. With initial condition R(Xl = Xl,0) = R0, where R0 is the
isotopic ratio at initial concentration, the solution of Eq. S2 is (ibid.)

R

R0
= (

Xl
Xl,0

)(α−1) (S3)

Equation S2 can be rearranged to:

dR =
R

Xl
· (α− 1) · dXl (S4)

Rearranging equation S1 to dXl = −µ· Xl and inserting into equation S4 yields:

dR

dt
= −µ · (α− 1) · R (S5)

Thus, degradation plus isotopic enrichment can be considered by implementing a first-
order constant k=µ(α−1). This has been done for equation 28 (where k is part of
coefficient u) and Sc. 3.
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b.2 reported δ15
n frequency distributions of nitrate sources
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Figure S3: Typical δ15N frequency distributions of different nitrate sources, including a) ma-
nure, b) mineral fertilizer and c) precipitation (after (Kendall and McDonnell, 1998b))
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b.3 observed δ15
n (nitrate) in groundwater and fitted frequency dis-

tributions
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Figure S4: Measured (diamonds) and fitted (lines) cumulative frequency distributions for δ15N
(nitrate) in a) the perched aquifer and b) the main aquifer. Numbers of measured
δ15N values are n = 31 for the main aquifer and n = 28 for the perched aquifer.
Logistic distributions were fitted.

b.4 evaluation of sc . 1 realizations (mixing of nitrate sources)

Table S6: MAE and R2 for the frequency distribution of simulated versus measured δ15N in
groundwater of the perched and main aquifer. Realization of Sc. 1 within the best
fit range (with MAE <10.2 for the perched aquifer and <9.67 for the main aquifer,
i. e.below 5

th percentile MAE). Green via yellow to red indicates decreasing goodness
of fit.

1 

Perched Aquifer Main Aquifer 
p1, portion 

agriculture [%] 
p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

p1, portion 
agriculture [%] 

p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

65 95 9.27 0.875 40 95 9.01 0.929 
65 100 8.82 0.893 40 100 7.51 0.952 
70 90 8.71 0.891 45 85 9.17 0.936 
70 95 8.71 0.897 45 90 7.53 0.958 
70 100 9.55 0.885 45 95 5.99 0.978 
75 80 9.58 0.875 45 100 5.27 0.980 
75 85 8.49 0.895 50 80 8.43 0.961 
75 90 9.10 0.894 50 85 6.81 0.980 
80 75 9.41 0.880 50 90 6.07 0.978 
80 80 8.71 0.900 50 95 6.37 0.966 
80 85 9.28 0.893 50 100 7.23 0.946 
85 70 9.41 0.882 55 75 8.40 0.968 
85 75 8.60 0.906 55 80 7.19 0.977 
85 80 9.27 0.893 55 85 7.15 0.967 
90 65 9.67 0.881 55 90 7.87 0.944 
90 70 8.63 0.905 60 70 8.62 0.972 
90 75 9.19 0.895 60 75 7.77 0.972 
95 60 10.12 0.873 60 80 8.21 0.950 
95 65 8.49 0.905 60 85 9.44 0.910 
95 70 8.95 0.898 65 65 9.49 0.969 

100 60 8.47 0.907 65 70 8.85 0.958 
100 65 8.76 0.906 65 75 9.25 0.933 
100 70 10.16 0.871 70 65 9.67 0.953 
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b.5 evaluation of sc . 2 realizations (transport in groundwater)
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Figure S5: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the perched aquifer. Comparison of all considered
realizations for Sc. 2. The number on top of each graph refers to the duration of
nitrate transport in groundwater (in years).
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Figure S6: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the perched aquifer. Comparison of all consid-
ered realizations for Sc. 2. The number on top of each graph refers to the duration
of nitrate transport in groundwater (in years).
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Figure S7: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the main aquifer. Comparison of all considered
realizations for Sc. 2. The number on top of each graph refers to the duration of
nitrate transport in groundwater (in years).
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Figure S8: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the main aquifer. Comparison of all considered
realizations for Sc. 2. The number on top of each graph refers to the duration of
nitrate transport in groundwater (in years).
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Table S7: MAE and R2 for the frequency distribution of simulated versus measured δ15N in
groundwater of the perched and main aquifer. Selected realization of Sc. 2 within the
best fit range (with MAE <9.9 for the perched aquifer and <10.7 for the main aquifer,
i. e. below 5

th percentile MAE). Selected realizations, presenting lowest and highest
MAE within the best fit range for each considered source composition (defined by p1

and p2). 'Time' refers to the duration of nitrate transport in groundwater (from the
source to an observation point in the aquifer, downstream of the source). Green via
yellow to red indicates decreasing goodness of fit.

1 

Perched Aquifer Main Aquifer 
Time 

[a] 
p1, portion 

agriculture [%] 
p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

Time 
[a] 

p1, portion 
agriculture [%] 

p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

50 70 90 7.40 0.928 99 40 100 7.55 0.956 
14 9.47 0.886 62 10.57 0.906 
13 70 100 8.19 0.911 96 50 80 8.75 0.959 
11 9.01 0.884 69 10.65 0.93 
50 80 80 6.69 0.947 98 50 90 6.01 0.986 
12 9.40 0.887 50 10.59 0.92 
12 80 90 7.85 0.924 65 50 100 5.97 0.977 
22 9.32 0.902 43 10.35 0.912 
43 90 70 6.53 0.952 100 60 70 9.13 0.971 
12 9.23 0.897 66 10.61 0.951 
11 90 80 8.41 0.913 78 60 80 7.93 0.963 
27 9.91 0.886 47 10.63 0.934 
47 100 60 6.37 0.950 49 60 90 6.74 0.976 
13 9.44 0.896 83 10.7 0.886 
12 100 70 7.47 0.930 42 60 100 6.24 0.967 
24 8.94 0.905 55 10.41 0.888 

55 70 70 9.33 0.965 
46 10.65 0.944 
45 70 80 7.55 0.97 
58 10.57 0.9 
40 70 90 6.68 0.962 
49 10.4 0.888 
37 70 100 6.43 0.956 
43 10.56 0.88 
56 80 60 10.37 0.958 
50 10.7 0.956 
43 80 70 8.09 0.964 
53 10.5 0.912 
39 80 80 6.83 0.962 
46 10.63 0.886 
36 80 90 6.54 0.955 
40 9.81 0.895 
34 80 100 7.65 0.938 
29 10.64 0.838 
43 90 60 8.43 0.966 
52 10.59 0.923 
38 90 70 6.92 0.963 
45 10.44 0.897 
34 90 80 6.16 0.957 
30 10.66 0.848 
32 90 90 7.85 0.93 
36 10.22 0.889 
30 90 100 8.36 0.921 
28 10.52 0.86 
47 100 50 9.77 0.957 
42 10.64 0.943 
39 100 60 7.31 0.961 
46 10.46 0.901 
35 100 70 6.99 0.95 
40 10.07 0.89 
32 100 80 7.38 0.938 
36 10.28 0.892 
30 100 90 9.16 0.903 
32 9.98 0.899 
29 100 100 9.88 0.901 
30 10.09 0.897 
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b.6 evaluation of sc . 3 realizations (transport and microbial deni-
trification in groundwater with µ = 1 a

−1 )

41 42 43 44 45 46 47 48 49 50

31 32 33 34 35 36 37 38 39 40

21 22 23 24 25 26 27 28 29 30

11 12 13 14 15 16 17 18 19 20

1 2 3 4 5 6 7 8 9 10

0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0% 0% 25
%

50
%

75
%

10
0%

0%

25%

50%

75%

100%

0%

25%

50%

75%

100%

0%

25%

50%

75%

100%

0%

25%

50%

75%

100%

0%

25%

50%

75%

100%

Portion of manure p2 (remaining portion: mineral fertilizer) [%]

P
or

tio
n 

of
 a

gr
ic

ul
tu

ra
l l

an
d 

us
e 

 p
1 [

%
]

0
10
20
30
40
50
60

MAE [−]

Figure S9: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the perched aquifer. Comparison of all considered
realizations for Sc. 3, transport and microbial denitrification in groundwater with µ
= 1 a−1.
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Figure S10: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the perched aquifer. Comparison of all consid-
ered realizations for Sc. 3, transport and microbial denitrification in groundwater
with µ = 1 a−1.

78



appendix

91 92 93 94 95 96 97 98 99 100

81 82 83 84 85 86 87 88 89 90

71 72 73 74 75 76 77 78 79 80

61 62 63 64 65 66 67 68 69 70

51 52 53 54 55 56 57 58 59 60

41 42 43 44 45 46 47 48 49 50

31 32 33 34 35 36 37 38 39 40

21 22 23 24 25 26 27 28 29 30

11 12 13 14 15 16 17 18 19 20

1 2 3 4 5 6 7 8 9 10

0% 25
%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

Portion of manure p2 (remaining portion: mineral fertilizer) [%]

P
or

tio
n 

of
 a

gr
ic

ul
tu

ra
l l

an
d 

us
e 

 p
1 [

%
]

0

20

40

60

MAE [−]

Figure S11: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the main aquifer. Comparison of all considered re-
alizations for Sc. 3, transport and microbial denitrification in groundwater with µ
= 1 a−1.
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Figure S12: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the main aquifer. Comparison of all considered
realizations for Sc. 3, transport and microbial denitrification in groundwater with
µ = 1 a−1.
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b.7 evaluation of sc . 3 realizations (transport and microbial deni-
trification in groundwater with µ = 0 .1 a

−1 )
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Figure S13: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the perched aquifer. Comparison of all considered
realizations for Sc. 3, transport and microbial denitrification in groundwater with
µ = 0.1 a−1.
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Figure S14: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the perched aquifer. Comparison of all consid-
ered realizations for Sc. 3, transport and microbial denitrification in groundwater
with µ = 0.1 a−1.
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Table S8: MAE and R2 for the frequency distribution of simulated versus measured δ15N in
groundwater (perched & main aquifer). Selected realization of Sc. 3 (transport &
microbial denitrification in groundwater with µ = 1 a−1) within the best fit range
(with MAE <9.9 for the perched aquifer and <10.7 for the main aquifer, i. e. below 5

th

percentile MAE). Selected realizations, presenting lowest and highest MAE within
the best fit range for each considered source composition (defined by p1 and p2).
'Time' refers to the time of nitrate transport in groundwater (from the source to an
observation point in the aquifer, downstream of the source). Green via yellow to red
indicates decreasing goodness of fit.

1 

Perched Aquifer Main Aquifer 
Time 
[yr] 

p1, portion 
agriculture [%] 

p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

Time 
[yr] 

p1, portion 
agriculture [%] 

p2, portion 
manure [%] 

MAE 
[-] 

R2 
[-] 

21 60 100 7.90 0.917 56 30 100 7.12 0.933 
15 8.89 0.900 59 7.46 0.937 
30 70 80 7.48 0.922 79 40 60 6.17 0.947 
17 9.26 0.890 65 7.46 0.921 
15 70 90 7.51 0.929 65 40 70 5.23 0.963 
12 9.10 0.883 92 7.44 0.945 
12 70 100 9.18 0.904 50 40 80 5.01 0.959 
43 80 70 6.49 0.939 66 7.47 0.936 
15 9.06 0.900 43 40 90 5.71 0.949 
14 80 80 7.19 0.930 53 7.49 0.933 
48 9.30 0.892 39 40 100 6.77 0.935 
36 90 60 6.65 0.938 36 7.49 0.913 
16 9.14 0.902 98 50 40 7.24 0.921 
13 90 70 6.91 0.936 92 7.44 0.920 
33 9.30 0.894 72 50 50 3.83 0.980 
11 90 80 9.14 0.909 55 7.44 0.935 
44 100 50 8.35 0.911 53 50 60 4.07 0.977 
23 9.24 0.900 76 7.41 0.933 
16 100 60 6.31 0.947 45 50 70 4.73 0.970 
49 7.90 0.926 38 7.37 0.931 
11 100 70 8.61 0.912 38 50 80 5.50 0.958 
10 9.11 0.899 34 7.32 0.921 

34 50 90 7.01 0.931 
33 7.41 0.921 
81 60 40 3.57 0.984 
58 7.24 0.946 
58 60 50 4.39 0.979 
73 7.50 0.937 
41 60 60 4.76 0.972 
49 7.17 0.938 
35 60 70 5.40 0.959 
32 7.32 0.923 
33 60 80 7.46 0.926 
32 7.46 0.924 
100 70 30 4.90 0.970 
72 7.45 0.953 
59 70 40 5.84 0.971 
74 7.39 0.942 
40 70 50 5.00 0.978 
48 7.20 0.944 
34 70 60 5.67 0.956 
39 7.40 0.933 
30 70 70 7.09 0.920 
29 7.45 0.906 
77 80 30 5.77 0.971 
58 7.37 0.968 
43 80 40 6.02 0.975 
50 7.48 0.949 
34 80 50 5.13 0.966 
31 7.43 0.931 
30 80 60 6.63 0.928 
32 7.30 0.930 
97 90 20 5.34 0.971 
75 7.48 0.952 
51 90 30 6.30 0.979 
62 7.47 0.946 
36 90 40 5.06 0.973 
42 7.28 0.944 
30 90 50 5.83 0.937 
28 7.40 0.901 
84 100 20 4.05 0.982 
56 7.48 0.956 
42 100 30 5.40 0.978 
50 7.20 0.946 
33 100 40 5.17 0.962 82
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Figure S15: Mean absolute error (MAE) for the frequency distribution of simulated versus mea-
sured δ15N in groundwater of the main aquifer. Comparison of all considered re-
alizations for Sc. 3, transport and microbial denitrification in groundwater with µ
= 0.1 a−1.

83



appendix

91 92 93 94 95 96 97 98 99 100

81 82 83 84 85 86 87 88 89 90

71 72 73 74 75 76 77 78 79 80

61 62 63 64 65 66 67 68 69 70

51 52 53 54 55 56 57 58 59 60

41 42 43 44 45 46 47 48 49 50

31 32 33 34 35 36 37 38 39 40

21 22 23 24 25 26 27 28 29 30

11 12 13 14 15 16 17 18 19 20

1 2 3 4 5 6 7 8 9 10

0% 25
%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0% 0% 25

%

50
%

75
%

10
0%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

0%
25%
50%
75%

100%

Portion of manure p2 (remaining portion: mineral fertilizer) [%]

P
or

tio
n 

of
 a

gr
ic

ul
tu

ra
l l

an
d 

us
e 

 p
1 [

%
]

0.25
0.50
0.75

R2 [−]

Figure S16: Coefficient of determination (R2) for the frequency distribution of simulated versus
measured δ15N in groundwater of the main aquifer. Comparison of all considered
realizations for Sc. 3, transport and microbial denitrification in groundwater with
µ = 0.1 a−1.
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b.8 differences in mae and r
2

between scenarios – perched aquifer
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Figure S17: Difference in MAE between Sc. 1 (mixing) and Sc. 2 (transport), ∆M−T
MAE, in the

perched aquifer. Values <−2 or >4 are displayed in grey.
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Figure S18: Difference in R2 between Sc. 1 (mixing) and Sc. 2 (transport), ∆M−T
R2

, in the
perched aquifer. Values <−0.1 or >0.1 are displayed in grey.
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Figure S19: Difference in MAE between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 1 a−1) , ∆T−TD1MAE , in the perched aquifer. Values <−2 or >3 are
displayed in grey.
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Figure S20: Difference in R2 between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 1 a−1) , ∆T−TD1

R2
, in the perched aquifer. Values <−0.2 or >0.2

are displayed in grey.
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Figure S21: Difference in MAE between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 0.1 a−1) , ∆T−TD0.1

MAE , in the perched aquifer. Values <−2 or >2

are displayed in grey.
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Figure S22: Difference in R2 between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 0.1 a−1) , ∆T−TD0.1

R2
, in the perched aquifer. Values <−0.2 or

>0.2 are displayed in grey.
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Figure S23: Difference in MAE between Sc. 1 (mixing) and Sc. 2 (transport), ∆M−T
MAE, in the

main aquifer. Values <−15 or >15 are displayed in grey.
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Figure S24: Difference in R2 between Sc. 1 (mixing) and Sc. 2 (transport), ∆M−T
R2

, in the main
aquifer. Values <−0.5 or >0.5 are displayed in grey.
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Figure S25: Difference in MAE between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 1 a−1) , ∆T−TD1MAE , in the main aquifer.
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Figure S26: Difference in R2 between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 1 a−1) , ∆T−TD1

R2
, in the main aquifer.
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Figure S27: Difference in MAE between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 0.1 a−1) , ∆T−TD0.1

MAE , in the main aquifer.
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Figure S28: Difference in R2 between Sc. 2 (transport) and Sc. 3 (transport and microbial
denitrification µw = 0.1 a−1) , ∆T−TD0.1

R2
, in the main aquifer.
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b.10 determination of the 5
th

percentile for the mae distribution in

sc . 1 to 3
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Figure S27. Cumulative frequency of mean error MAE for all considered realizations of Scenario 1 (a and b), Scenario 2 
(c and d) and Scenario 3 with µ = 1 a-1 (e and f), perched aquifer (a, c, e) and main aquifer (b, d, f). 
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Figure S29: Cumulative frequency of mean error MAE for all considered realizations of Sc. 1

(a and b), Sc. 2 (c and d) and Sc. 3 with µw = 1 a−1 (e and f), perched aquifer (a, c,
e) and main aquifer (b, d, f).
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b.11 histograms of best fitting simulated δ15
n and observed δ15

n dis-
tributions
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Figure S30: Histogram of best fitting simulated δ15N (source mixing, Sc. 1) and observed (obs.)
δ15N for the PA. Numbers in the legend refer to percentage of agricultural land use
(A) and manure (M).
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Figure S31: Histogram of best fitting simulated δ15N (source mixing, Sc. 1) and observed (obs.)
δ15N for the MA. Numbers in the legend refer to percentage of agricultural land
use (A) and manure (M).
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Figure S32: Histogram of observed and simulated δ15N, comparison of Sc. 1-3 for the PA.
Percentage of agricultural land use (A) and manure (M), with transport duration
in years (yr).
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Figure S33: Histogram of observed and simulated δ15N, comparison of Sc. 1-3 for the MA.
Percentage of agricultural land use (A) and manure (M), with transport duration
in years (yr).
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b.12 convergence testing of the sample average and variance
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Figure S34: Convergence of the sample average (a, c, e) and variance (b, d, f) of simulated δ15N
(number of random samples n) for selected realizations of Sc. 1 (a and b), as well
as Sc. 2 and 3 (b to f). Selected realizations correspond to those presented in Fig.
12.
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