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Preface 

The aim of this dissertation is to investigate the determinants of the diatom diversity in small, naturally 

oligotrophic mountain lakes in the northern European Alps. The thesis is structured in the three 

following parts. 

The introduction presents the state of knowledge on the ecology and importance of mountain lakes in 

the European Alps. Then, the current ecological concepts in diatom research are explained in view of 

their historical development and advances of statistical methods and taxonomy. A focus is set on 

diatom diversity research in mountain lakes and practical consequences. Thereafter, a summary of the 

objectives and hypotheses of the work is presented, followed by an overview of the applied methods 

including lake sampling, sample processing and data analysis. 

The main part consists of three chapters on different aspect of the diatom diversity in the studied 

lakes. 

1. Chapter 3 describes the interaction of the frequent planktic diatom Cyclotella comensis and 

lake environmental conditions within a subset of the study lakes. The importance of lake 

mixing conditions and nutrient level is discussed in view of global change.   

2. Chapter 4 identifies principal drivers of diatom α and β diversity in the assessed lakes. It 

describes the varying role of environmental and spatial constraints among the assessed 

assemblages and identifies the processes that led to the detected patterns.  

3. Chapter 5 analyses the conservation value and human pressures impacting the lakes by 

studying the number, share and abundance of Red List diatom taxa among the lakes and 

assemblages. The comparison of the applied Red List indices and diversity metrics provides a 

framework for detecting lake conservation value and deterioration.  

Chapter 6 is a general discussion which also consists of three parts. The first part embeds the results 

in view of global change with a focus on changing stratification and turbidity patterns on the within-

lake processes and implications for regional diatom diversity. The second part identifies possible 

effects of historical legacies on diatom diversity and implications on biotic resilience under climate 

change. The final part of the general discussion pinpoints the implications of this thesis for mountain 

lake conservation in the study region.  
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Summary 

This thesis explored the determinants of diatom diversity and composition in mountain lakes of the 

northern European Alps based on a field study that incorporated 43 lakes across an elevational 

gradient of c. 1,700 m and an area of 50 x 200 km (latitude x longitude). The results showed that the 

local aquatic environment had significant effects on assemblage structure of sedimentary, littoral and 

planktic assemblages with varying importance of different environmental variables and mechanisms. 

Variation purely explained by spatial variables was only observed for planktic diatoms, while shared 

effects of spatially structured environmental variables were relevant across all assemblages. Significant 

response variables in redundancy analysis and explained variation in variation partitioning and 

distance decay analysis were dependent on the investigated assemblages. The conservation value of 

the lake diatom assemblages was generally high with 64% of the 560 identified diatom species being 

on the Red List (RL) and 33% belonging to a category of endangerment (Hofmann et al., 2018). 

Ecological uniqueness of diatom assemblages and species richness contributed to the detection of high 

RL indices, i.e. those with high abundance or number of endangered species. The effects of catchment 

land use and fish stocking were mainly reflected within sedimentary and littoral diatom assemblages 

through lower share and abundance of RL diatom species, respectively. Accordingly, bottom-up and 

top-down control may affect the whole lake ecosystems due to the observed human pressures. In a 

subset of 20 deep and stratifying lakes, the most frequent planktic diatom from the data set Cyclotella 

comensis showed a strong response to lake surface temperature coupled with nitrogen availability and 

thermocline depth. In line with previous works in the study region, this indicates the sensitivity of 

mountain lakes towards ongoing climate change, probably leading to expanding dominance of C. 

comensis in the future.   

Overall, the different assemblages showed varying values for alpha, spatial beta, and gamma diversity, 

unveiling processes that constrain within-lake and among-lake diatom diversity patterns and 

composition in temperate mountain lakes. This enables to place mountain lakes of the northern 

European Alps in a European and global context. It helps to understand the consequences of global 

change on mountain lake metacommunities and is a basis upon which mountain lake conservation 

strategies can be developed.  
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Zusammenfassung 

In dieser Dissertation wurden die Einflussfaktoren auf die Diversität und Zusammensetzung von 

Diatomeengemeinschaften in Bergseen der nördlichen Europäischen Alpen basierend auf einer 

Geländestudie von 43 Seen entlang eines Höhengradienten von ca. 1.700 m in einem 50 x 200 km 

großen Gebiet untersucht. Die Ergebnisse zeigen einen signifikanten Einfluss der lokalen aquatischen 

Umwelt auf die Struktur der sedimentären, litoralen und planktischen Gemeinschaften und einen 

unterschiedlich starken Einfluss verschiedener Umweltvariablen und Mechanismen. Räumliche 

Faktoren erklärten die Varianz innerhalb der Artgemeinschaft nur bei planktischen Diatomeen, 

während räumlich strukturierte Umweltfaktoren auf alle Artgemeinschaften einen relevanten Einfluss 

hatten. Die Redundanzanalyse, Varianzpartitionierung und Distance Decay Analyse ergaben für die drei 

Artgemeinschaften unterschiedliche signifikante Variablen.  

Von den 560 identifizierten Arten sind 64 % auf der Rote Liste (RL) Arten und 33 % werden eine 

Gefährdungskategorie zugeschrieben, was den hohen Naturschutzwert der Artgemeinschaften 

aufzeigt. Eine hohe ökologische Einzigartigkeit und Artenanzahl der Gemeinschaften spiegelt eine hohe 

Abundanz und Artenanzahl an RL Arten wider. Auswirkungen der Nutzung des Einzugsgebietes und 

von Fischbesatz waren insbesondere bei den Litoralen und Sedimentären Diatomeen erkennbar durch 

einen niedrigen Anteil und Häufigkeit an RL Arten. Bottom-up und top-down Effekte welche durch 

menschliche Eingriffe ausgelöst werden können dementsprechend die Seenökosysteme fundamental 

verändern.  

In einem Teildatensatz aus 20 tiefen und geschichteten Seen war das Auftreten der häufigsten 

planktische Diatomee Cyclotella comensis durch die Kombination aus Oberflächenwassertemperatur, 

Nitratverfügbarkeit und die Tiefe der Sprungschicht bestimmt. Dies belegt die Sensitivität der Bergseen 

gegenüber Klimawandel Effekten, welche schon in früheren Arbeiten aufgezeigt wurde, und zu einer 

zukünftig noch häufigeren Dominanz von C. comensis führen wird.  

Die unterschiedlich hohen Werte für α, räumliche β and γ Diversität der einzelnen Artgemeinschaften 

offenbarten unterschiedliche Prozesse, welche Diversitätsmuster innerhalb und zwischen den Seen 

bestimmen. Dies ermöglicht den Vergleich von Bergseen der nördlichen Kalkalpen im Europäischen 

und globalen Kontext. Es hilft die Auswirkungen von Klimaveränderungen und des globalen Wandels 

auf Bergseen Metagemeinschaften zu verstehen und ist eine Grundlage für die Entwicklung von 

Naturschutzstrategien für Bergseen.    
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1. Introduction 

1.1 Mountain lakes in the European Alps 

Mountain lakes are important to humans as they sustain a broad array of ecosystem services. In the 

eastern European Alps, maintenance of habitats, aesthetic value, outdoor recreation, representation, 

scientific value and entertainment were identified as important ecosystem services of mountain lakes 

(Ebner et al., 2022, Schirpke et al., 2021a). However, high recreational value can also lead to 

deterioration of lake ecosystems, for example through the construction of mountain huts (Hofmann 

et al., 2021, Sienkiewicz and Gasiorowski, 2014) and easy access of mountain lake shores via nearby 

trails (Senetra et al., 2020). Therefore, it is important to preserve the naturalness of remote lakes and 

not to improve their accessibility (Schirpke et al., 2021b). 

Within the European Alps, three main groups of mountain lakes can be defined: Pre-alpine lakes (e.g. 

Lake Garda, Lake Chiemsee), which were formed by the glaciers of the alpine main valleys, large intra- 

alpine lakes, that often lie in the main valleys and were either formed by glaciers of these valleys (e.g. 

Lake Achensee, Lake Zeller See), tectonically (e.g. Lake Walchensee) or by a combination of both (e.g. 

Lake Königssee) and mountain lakes, that are located on mountains (e.g. within cirques) or within side 

valleys (Buckel et al., 2018) (mainly above 500 meters above sea level; hereafter called as “masl”; 

Figure 1). The latter group of lakes are the subject of this thesis. They often are in terrain shaped by 

cirque glaciers, dolines, rockslides and riverine peatlands, which accounts for all the assessed lakes in 

this study.  

 

Figure 1: Schematic depiction of lakes in the European Alps. 

Within the alpine environment, mountain lakes play an important role in various aspects:  

(1) Mountain lakes often act as headwaters of alpine streams and rivers and as such directly influence 

biota and biogeochemical processes within downstream waters (Figure 2). Mountain lakes are known 

to cause both top-down and bottom-up control into downstream reaches: For example, fish presence 
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in mountain lakes strongly diminishes the downstream density of large zooplankton (Detmer et al., 

2017), while downstream organic matter decomposition rate is up to 43% higher than upstream rate 

through a higher nitrogen to phosphorus ratio and elevated water temperatures (Goodman et al., 

2010). Mountain lakes also act as sinks for sediment, leading to coarser sediment downstream of the 

lakes compared to the upstream reaches (Arp et al., 2007).  

(2) Mountain lakes have great biodiversity 

with many unique species and highly adopted 

taxa (Schmidt et al., 2004, Catalan et al., 

2013). This is caused by highly variable 

environmental conditions with extreme 

values for ultraviolet radiation (UVR), water 

temperature and duration of snow and ice 

cover. The main driver for this variation is the 

long environmental gradient. High UVR at 

high altitudes selects adapted species among 

heterotrophic bacteria (Hugoni et al., 2017), 

diatoms (Cabrera et al., 1997), phytoplankton 

(Rodhe et al., 1966), zooplankton 

(Starkweather, 1990) and fish (Bullock and 

Coutts, 1985). UV stress can cause adaptions 

within algae such as mixotrophy, by using 

bacteria as a source of carbon and mineral 

nutrients in conditions of inhibited photosynthesis (Medina-Sanchez et al., 2004). Competitive 

advantages of “UV-specialists” can influence phytoplankton composition (Sommaruga, 2001), with 

feedback to alpine zooplankton species (Williamson et al., 2010a). Moreover, characteristically low 

and highly variable water temperatures have been shown to affect lake biota directly, for example they 

mediate diatom silicification rate (Kuefner et al., 2020d). An important indirect effect is through the 

coupling of lake mixing and water temperature. Global change therefore is expected to have severe 

impacts on mountain lake ecosystems, with higher temperatures leading to less frequent and less 

profound mixing (Niedrist et al., 2018) that in turn promotes small celled planktic algae that have lower 

probability of subsiding of the euphotic zone under stable water conditions (Gunkel and Casallas, 2002, 

Rühland et al., 2015). Overall phytoplankton density was found to increase at higher water 

temperature and high release of dissolved organic carbon (DOC) in lakes, while both factors separately 

have the opposite effect (Weidman et al., 2014). The duration of ice cover has several indirect 

consequences for lake biota, with shorter ice cover causing an earlier onset of lake mixing and a longer 

 

Figure 2: Outflow of the lake "Unterer Gaisalpsee", source 
of the “Gaisalpbach” that eventually drains in the river 
“Iller”, a tributary of the Danube. 
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period of open water (Kirillin et al., 2012). There is some evidence that this may cause higher dissolved 

oxygen saturation in mountain lakes, especially as they shift from meromictic to dimictic state (Flaim 

et al., 2020, Catalan et al., 2002b). The snow cover in the catchment mainly determines the drainage 

of soil ions into the lakes by controlling mobilization of weathering products, which affects chemical 

properties of the lake. Consequently, high altitude lakes with long snow cover have less ionic runoff in 

the soil than lower altitude counterparts (Rogora et al., 2020). 

Even though mountain lakes are generally shed from many direct anthropogenic pressures, impacts 

due to pasture, fish stocking, damming and tourism are frequent in some regions (Moser et al., 2019b). 

In addition to direct pressures, global environmental change is increasingly affecting mountain lakes. 

To assess these effects, the European Union (EU) set up the research programs ALPE, MOLAR and 

EMERGE. Starting in 2000, a large set of mountain lakes in Europe were systematically investigated, 

with a special focus on acidification. Lakes from the central Alps in Austria and Italy were considered, 

however no lakes of the Northern Alps as the main research focus was on acidification (Battarbee et 

al., 2002, Curtis et al., 2009). In the northern Alps, limestone bedrock prevails, which means the lakes 

are well buffered, and potential acidification effects are mitigated. However, northern European 

mountain lakes are indeed affected by global warming (Kuefner et al., 2020a) and through changes in 

water chemistry due to nitrate deposition (Bergstrom, 2010), which affects primary producers in lakes. 

In this region, shallow subalpine mountain lakes with elevated nutrient levels have been identified to 

be most susceptible to climate change impacts through both, direct impacts on lake processes and 

indirect impacts reflecting processes mediated by the catchment (Schindler, 2009, Kuefner et al., 

2020c, Niedrist et al., 2018). With the EU projects mountain lake research in the European Alps has 

diversified including studies that investigate ecological thresholds (Catalan et al., 2009), catchment – 

lake interactions (Kamenik et al., 2001), impacts of glaciers on lakes (Sonnleitner et al., 2011), 

occurrence of persistent organic pollutants (Carrera et al., 2001) and ecosystem services (Schirpke et 

al., 2021a).  
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1.2 Diatoms: The most diverse group of algae 

Diatoms (Class Bacillariophyceae) are unicellular, 

eukaryotic algae, having a characteristic silica-

based cell wall called frustule. Most diatoms have 

internal vacuoles for defence and buoyancy 

control. Characteristically, diatoms are covered in 

a bipartite frustule, composed of the hypotheca 

that overlaps with the epitheca (Figure 3). Each cell 

division leads to a diminished daughter cell as both 

halves of the frustule serve as the hypotheca for 

both daughter cells. This necessitates sexual 

reproduction at a critical cell size. The formerly 

proposed function of vacuoles to store nutrients 

during luxury consumption appears to matter only 

for few species such as Asterionella formosa (Behrenfeld et al., 2021). The origin of the word diatom 

comes from the Greek “diatomos”, meaning “cut in half” and referring to the two-part nature of the 

diatom cell. According to molecular clock data, the diatoms appeared at least 240 Mio. years ago and 

the oldest fossil records date back 190 Mio. Years (Sorhannus, 2007, Sims et al., 2006, Medlin et al., 

1996). Diatoms colonized almost all aquatic environments, from marine to freshwater habitats, 

semiaquatic environments, soils, aerosols and even hot springs (Owen et al., 2008, Medlin, 2016, 

Mann, 1999). Aquatic diatoms can be divided into the following life forms: planktic diatoms float in the 

water column, benthic settle on various substrates and tychoplanktic alternate between the planktic 

and benthic life forms (Round et al., 1990).  

Diatoms are one of the most important primary producers, contributing 40-45% of marine primary 

production (Yool and Tyrrell, 2003) and 20-25% of total global primary production (Falkowski et al., 

1998). The majority is photoautotrophic, but obligate heterotroph forms exist (Round et al., 1990). The 

currently assessed species richness of diatoms is assumed to range from 10,000 to 12,000 (Mann and 

Droop, 1996), making them the most speciose group of unicellular eukaryotes. With 70%, most diatom 

taxa described so far are from freshwater and 83% of all diatoms of either freshwater or marine are 

benthic. Divergences in species richness among habitats are reflected by three times higher ratios of 

net diversification and net turnover (speciation and extinction) within freshwater diatoms compared 

to the marine environment, which can be contributed to salinity as the principial gradient and 

differences in underlying environmental, ecological and trait factors (Behrenfeld et al., 2021). 

Projections of the actual species richness range from 20,000 (Guiry, 2012) to 200,000 (Mann and 

 

Figure 3: The diatom Cyclotella cf. delicatula under 
the scanning microscope. Some characteristic 
elements can be recognized such as the 
symmetrical valve structure and the lateral girdle 
band where both valves (Hypotheca and Epitheca) 
overlap. 
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Droop, 1996). Generally, high species richness compared to other photosynthetic protists is probably 

due to the greater requirement for sexual reproduction in diatoms (a fortuitous consequence of the 

frustule): While speciation under asexual reproduction is highly reserved to mutations and gene 

transfer, more regular genetic recombination in sexual reproduction implies higher gene diversity and 

thus higher speciation potential (McDonald and Linde, 2002). In line with this, the most sexually active 

modern diatom lineages are also the most species-rich (Nakov et al., 2019).  

High diatom species richness of up to 100,000 is likely because many regions such as the tropics or 

marine littoral zone to date remain largely unexplored and there is a huge potential for (pseudo)-

cryptic variation (Souffreau et al., 2013) that will only be revealed through further genetic studies or 

crossing experiments (Mann and Vanormelingen, 2013). As (pseudo)-cryptic species are likely to 

coexist in many cases (Poulickova et al., 2010, Van den Wyngaert et al., 2015) this is a challenging task. 

However, refining diatom taxonomy through investigation of (pseudo)-cryptic species occurrence or, 

in contrast, identification of phenotypes among previously believed distinct morphospecies will be 

crucial for delimiting a correct number for diatom species richness. Moreover, this will enhance correct 

identification of species distribution patterns, endemism and cosmopolitism, topics that have been 

debated controversially (see next chapter) (Finlay, 2002, Shurin et al., 2009). In turn, this will help to 

delimitate the relative importance of various evolutionary mechanisms that lead to diatom 

diversification. For example, allopatric divergence including adaptive radiation is based on the distinct 

geographical distribution of a species caused by long-distance dispersal and subsequent isolation 

(Vanormelingen et al., 2008).  

However, for most species complexes their evolutionary history is still poorly understood. For example, 

only recently the importance of allopatric speciation for the diversification of the soil diatom Pinnularia 

borealis through long-distance dispersal and colonization of novel geographic areas and subsequent 

evolution in isolation has been unveiled (Pinseel et al., 2020). Within this study 126 species belonging 

to the P. borealis complex were delimitated with an estimated species richness of 415 according to 

species accumulation curves. The results were based on applying genetic markers but were also 

reflected by divergent morphological and ecological characteristics. Diversification rates likely range 

between 0.09 to 0.30 events per lineage per Million years. Further studies point to similar high cryptic 

variation in other species formerly deemed cosmopolitan such as Asterionella formosa (Van den 

Wyngaert et al., 2015), Sellaphora spp. (Vanormelingen et al., 2013) and Asterionellopsis glacialis 

(Kaczmarska et al., 2014). Further research using species-level phylogenetic markers is needed to place 

these observed differentiations in an evolutionary context. 

Another important feature of diatom populations is their high intraspecific variation, which helps them 

to endure environmental changes (Godhe and Rynearson, 2017, Andersson et al., 2021). This is 
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especially relevant in light of human induced global environmental change, which can be expected to 

fuel selection processes among intraspecifically divers diatom populations (Wolf et al., 2019).  

1.3 Developments in diatom population biology 

1.3.1 A brief history of diatom research 

The discovery of diatoms can be dated back to the year 1703 and was made possible through the 

invention of the microscope (Round et al., 1990). The systematic description of diatoms was pioneered 

by Müller (1783), and pursued by Ehrenberg (1843), Kützing (1844) and Hustedt (1930). In the first part 

of the 20th century, ecological studies and classifications including water properties were increasingly 

carried out as outlined by Patrick (1948).  

At this time, the importance of water movement, physical variables such as water temperature, pH 

and turbidity, i.e. light intensity, and water chemical properties such as salinity, iron and nutrient 

concentration was already broadly recognized. Also geographic differences in the distribution of 

species and genera were recorded, for example Cleve and Möller (1878) found that 51% of the diatom 

flora of Franz Josef Land was present in Spitzbergen but only 26% in Lapland. Moreover, also temporal 

variation was investigated, demonstrating the importance of turbulent lake water conditions, 

exemplified by the seasonal occurrence of the planktic diatom Melosira italica (Lund, 1954). During 

this period, demonstration of coexistence of species with similar ecological requirements led to new 

insights into diatom population ecology (Small, 1950) and investigations on grazing pressure of the 

marine snails Littorina and Limpet emphasized the importance of diatoms as food source for higher 

aquatic organisms (Castenholz, 1961). Moreover, the development of diversity indices such as the 

Shannon-Wiener Index (Shannon, 1948), Simpson´s index (Simpson, 1949) and Margalef´s index 

(Hairston, 1959) enhanced the quantitative assessment of diversity patterns at different sites (McIntire 

and Overton, 1971) and helped to unveil relationships between diatom diversity and water chemical 

properties (Williams, 1964). It is no coincidence that the development of some of the essential 

principles of modern population ecology fall into this period. For example, the theory of island 

biogeography was developed through the study of the successive phase colonization (Macarthur, 

1965). This theory could be applied to other habitats and was a basis for population ecology, which 

then evolved rapidly.  

1.3.2 Setting the stage: Modern statistical techniques 

A fundamental advance in understanding patterns within aquatic communities and thereupon develop 

and test ecological theory became possible through the implementation of multivariate statistical 

methods that can account for the multivariate nature within environmental and community datasets 

(Terbraak and Verdonschot, 1995). The basic feature of these methods is to use weighted averages of 
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species occurrences, a concept already proposed by the pioneers in community ecology such as 

Ellenberg (1948) and Whittaker (in Gauch (1982). A distinction can be made between redundancy 

analysis which models a linear relationship between environment and species (Borcard et al., 1992) 

and canonical correspondence analysis which predicts an unimodal relationship (Terbraak and 

Verdonschot, 1995). Both methods produce synthetic environmental gradients that can be used to 

describe and visualize ecological preferences of species. Enhancements of these methods such as 

Monte-Carlo-Permutation tests and backward/forward selection procedures allow for detecting 

variables that significantly influence overall species composition. Another advance was the partitioning 

of the total variation of species abundances into independent components and measuring decay of 

assemblage similarity with increasing distance (geographical, environmental or other factors that may 

affect species) (Borcard et al., 1992). Both methods are complementary and enabled to deduce the 

relative importance of different constraints on diatom populations, such as local environment (e.g., 

(Soininen and Weckstrom, 2009), climate (e.g., Benito et al., 2018), isolation (e.g., Schmera et al., 

2018), spatial distance (e.g., Plante et al., 2021) and phylogenetic distance (Morlon et al., 2011). 

Current research suggests that procedures based on machine learning such as boosted regression 

trees, random forest, fully connected neural network and neural generalized additive models have a 

wide applicability and high power to model ecological patterns (Valletta et al., 2017, Moisen and 

Frescino, 2002, Segurado and Araujo, 2004). For example, they were used to detect global marine 

diatom diversity and to predict its future trend under a changing climate (Busseni et al., 2020) or to 

model silicification patterns of diatoms depending on water temperature (Javaheri et al., 2015). 

1.3.3 Setting the stage: Modern diatom taxonomy 

Together with new statistical methods, revisions in taxonomy, possible through molecular technics, 

set the stage for modern diatom population biology (see chapter 1.3.4). The current state of the 

knowledge is that distinct morphospecies were largely pooled in the globally used European 

freshwater diatom floras of Hustedt (1927-1966) and Krammer and Lange-Bertalot (1981-1996) 

(Vanormelingen et al., 2008). On the one hand, the global use of this identification literature leads 

either to an “enforced-fitting” of the European flora to other floras such as the Australis (Tyler, 1996), 

or to large amounts of unidentified taxa. For example, in a 2,735 sample study of US rivers 26% of all 

species could not be identified (Potapova and Charles, 2002). On the other hand, species pooling led 

to underestimation of the strong biogeographical component of many diatom taxa (Vanormelingen et 

al., 2008). After it became increasingly clear that there are many diatom strains with distinct taxa 

exhibiting different ecological characteristics, more than 1,400 new diatom taxa were described in the 

Iconographia Diatomologica (edited by Lange-Bertalot) between 1999 and 2008. Other studies into the 

taxonomy of diatoms are continually expanding the knowledge on geographical distribution patterns, 
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ecological niches and species interactions (Vanormelingen et al., 2008). For example, refinements in 

taxonomy have clarified the long debated question of whether microbes (size < 1 mm) are ubiquitous 

across the globe (Finlay, 2002). This is not the case, as many examples for endemic diatom species 

have been proven (e.g., Shishlyannikov et al., 2018), while evidence for cosmopolites is restricted on 

few marine species (Vanormelingen et al., 2008). This is also true on a population level, for example 

the Antarctic and Arctic region have hardly any species in common (Spaulding et al., 2010). 

Furthermore, among freshwater diatoms large pure spatial effects mediating distance decay of 

similarity of assemblages have been detected on a continental scale (e.g., Potapova and Charles, 2002).  

1.3.4 Concepts in population biology and their application to diatoms 

Demonstration of endemism, distance 

decay of assemblage similarity and 

distinct biogeographical distribution in 

diatoms (see chapters 1.3.3) is highly 

relevant in studying the importance of 

dispersal for structuring populations, 

one of the core criteria in modern 

population biology. Thus, diatomology 

benefits from and, in turn, contributes to 

the development of new concepts in 

population biology. The most 

comprehensive and yet fundamental 

concept is the metacommunity 

framework (Leibold et al., 2004) as it 

comprises various ideas of population 

biology such as the importance of ecological niches, species interactions, stochasticity and dispersal. 

Accordingly, a metacommunity defines as a set of local communities that are linked by dispersal of 

multiple potentially interacting species (Figure 4).  

The following four paradigms are defined, each emphasizing different processes of potential 

importance in metacommunities: The neutral view, the patch-dynamic view, the species-sorting view, 

the mass effects view. In neutral theory, species are identical concerning interspecific interactions and 

they respond uniformly to the environment (Hubbell, 2001). Hence, demographic processes such as 

extinction are stochastic. Within the patch dynamics archetype, species reactions to the environment 

vary, but extinction is stochastic, and the environment is homogenous. The species sorting concept  

 

Figure 4: Features of a metacommunity (from Leibold and 
Chase (2018). 
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assumes that the environment is heterogenous and species 

react differently to environmental conditions. Moreover, local 

conditions regulate species demographic processes and 

adaptive abilities while species distribution can be limited. The 

mass effect framework expects that the environment is 

heterogeneous, local conditions regulate the competitive 

abilities of species and the demographic processes. Since 

dispersal is sufficient, each species can persist in any habitat 

where it can achieve positive population growth. Furthermore, 

very high dispersal rates can allow stable populations of species 

even under unfavourable conditions (Leibold and Chase, 2018) 

(Figure 5). For freshwater diatoms, varying importance of local 

environmental factors compared to geographical and historical 

constraints has been detected. This ratio is strongly mediated by 

the scale of the study area: At continental to global scale the importance of historical constraints and 

dispersal limitation expressed through spatial patterns is often stressed (Vyverman et al., 2007), while 

in regional studies local environmental influence predominates (reviewed in Soininen (2007). Thus, it 

is evident, that there exist multiple drivers on diatom assemblages acting simultaneously at different 

geographical and temporal scales. The local to regional perspective mainly reflects the species sorting 

archetype, i.e. the classical view that assemblages are ordered by the available niches and that all 

regional species can reach and colonize these niches. However, very high dispersal rates, 

corresponding to the mass effects archetype, were detected within regional diatom sets, leaving a 

spatial imprint on otherwise environmentally structured diatom community patterns (Leboucher et 

al., 2020, Jamoneau et al., 2018). In contrast, also dispersal limitation was prevalent on regional scales 

as indicated by exclusively spatially structured diatom assemblages (de Oliveira et al., 2020). This 

overlap of mechanisms has implications on a practical level. For example, spatial effects can distort 

results of diatom bioassessment indices as identified in a set of lake benthic diatoms from Norway 

(study area: 305 km²) (Vilmi et al., 2016). To resolve this problem, the pioneering work by Leboucher 

et al. (2020) to detect mass effect species is an important basis and it was shown that excluding species 

influenced by mass effect fortifies the relationship between diatom indices and environmental 

conditions (Leboucher et al., 2021). The used approach relies on a species distribution modelling, with 

environmental and spatial factors computed from asymmetric eigenvector maps, coupled with 

negative co-occurrence patterns. However, a core challenge remains to distinguish between the forms 

of dispersal. Therefore, further assessments of diatom dispersal ability based on species traits, e.g. 

probability of wind, bird or insect mediated dispersal as a function of body size, habitat or attachment 

 

Figure 5: Processes that act within a 
metacommunity and define the 
relative strength of the four 
paradigms within the 
metacommunity concept: Patch 
dynamics (PD), mass effects (ME), 
species sorting (SS) and neutral 
model (NM) (from Leibold and Chase 
(2018). 
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probability are urgently needed (Cottenie, 2005). Resolving this issue will not only provide information 

for future bioassessment procedures but also contribute to better understand the global diatom 

evolution and their response to environmental change.  

1.4 Diatom diversity within mountain regions 

Biodiversity combines the words “biological diversity” and can be defined as the "full variety of life on 

Earth”. It considers the diversity of individuals within populations, the diversity of species within 

communities, and the range of ecological roles within ecosystems. It consists of three components: 

species diversity, ecosystem (or habitat) diversity and genetic diversity (Schmeller et al., 2017). The 

following chapters focus on species diversity of diatoms, hereafter referred to as “diatom diversity”, 

which in turn can be diverted into α, β, and γ diversity. α diversity describes species richness and is a 

measure derived from species presences or abundances measured at a specific site, β diversity 

considers the dissimilarity of species composition among sites, describing the abundances of species 

entities at all sites within a region and γ diversity refers to the total diversity within a region (Whittaker, 

1965). 

1.4.1 Diatom α, β and γ diversity 

Along the elevational gradient decreasing α diversity has been detected for lotic and lentic aquatic 

habitats such as Chinese Himalayan plateau streams (Wang et al., 2011) or a Nepalian river (Ormerod 

et al., 1994). The former study also revealed a correlation of α diversity with the total nitrogen to total 

phosphorus ratio (TN/TP ratio) and, more specifically, a negative binomial relationship for evenness 

along the altitudinal gradient. Both studies point to an important role of species sorting mechanisms 

for diatoms along the elevational gradient that is reflected by the strong correlation of nutrient supply 

and species assemblage composition. Because TN and TP concentration depend mainly on geoclimatic 

variables (Kamenik et al., 2001) α diversity of diatoms is indirectly dependent on climatic conditions. 

However, the elevation dependent environmental gradient not contributes exclusively to diatom α 

diversity. For example, in Fenoscandinavian rivers along an elevational gradient of 21-877 meters 

above sea level only a weak richness-elevation relationship was detected. Accordingly, this diatom 

flora does not conform to Rapoport's elevational rule, predicting a general decrease of local species 

richness with elevation (Teittinen et al., 2016, Stevens, 1992, Rapoport, 1982). Instead, local 

environmental factors such as water depth and substrate size were of major importance. Generally, 

relying solely on species richness to describe a diatom community can be problematic due to the 

pronounced effects of undersampling. For example, for a set of 71 Swiss springs with a total of 539 

diatom species, species richness increased monotonically with elevation. However, the Jaccard index 

for the measured compositional turnover showed a mean similarity of 70% between microhabitats, 

while the Chao index, which accounts for sampling artefacts, estimated a turnover of only 37%. This 
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suggests that the counted 500 valves per sample (the commonly applied method) led to an 

undersampling of rare species (Taxbock et al., 2020).  

Regional diatom β diversity in freshwater habitats appears to be mainly influenced by local 

environmental variables, that in turn are determined by geoclimatic conditions or geology and land 

use. This is indicated by shared effects of environment and space in variation partitioning (Soininen 

and Teittinen, 2019). Studies from the Tibetan plateau unveiled a u-shaped pattern for the local 

contribution to diatom β diversity (LCBD), which is a component of β diversity, along the elevational 

gradient. This pattern was mainly related to the changes in ambient temperature (Wang et al., 2020a). 

Moreover, changes in β diversity and the importance of environmental determinants have been found 

to depend on the presence of direct or indirect human impacts within a lake set in the Tibetan plateau 

(Wang et al., 2020b). Interestingly, indirect human impact primarily enhanced β diversity. However, in 

the long term a homogenization of diatoms in lakes was observed. This process has led to a decrease 

in overall species diversity. Generally, the emphasis of the local environment might be because until 

now the overarching contribution to diatom research in mountain regions has been made at the 

regional scale, probably because of the challenging sampling. 

Across large mountain ranges, also pure spatial patterns were evident, pointing either to dispersal 

limitation or mass effects (Benito et al., 2018). Recently, also the imprint of historical legacies on 

diatom β diversity in mountain streams has been proven, pointing to an important role of 

biogeography for freshwater ecosystems that are found on mountains (Gonzalez-Trujillo et al., 2021).  

A study of γ diatom diversity within a study region must be considered in a global context. 

Disproportional high regional diversity in mountain regions can be expected for several reasons: 

1. It was found that low water temperatures in the Antarctic during the last 15 Mio. years resulted 

in high diatom speciation ratios. This is probably due to direct influence of temperature on 

metabolic rate and hence may also cause high diatom diversity and speciation rate in mountain 

environments (Crampton et al., 2016). 

2. Studies investigating processes that lead to diatom speciation frequently identified allopatric 

speciation (Evans et al., 2009, Pinseel et al., 2020). This suggests that mountain lakes, even 

though relatively young compared to lowland rivers and oceans, are a hotspot for diatom 

speciation as dispersal boundaries are more pronounced here than in flat areas. This effect is 

enhanced through environmental divergence among habitats, as demonstrated for Patagonian 

mountain lakes (Fernandez et al., 2017).  
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3. The ecological divergence of mountain lakes (e.g., the variation of benthic habitats along the 

elevational gradient) probably enhances the potential for sympatric speciation, as demonstrated 

within soil diatoms (Rysanek et al., 2016).  

1.4.2 Mountain lake diatom diversity in applied research 

Diatoms are among the most used biological indicator organisms in mountain lakes (Smol et al., 2001). 

The basis for any paleolimnological interpretation of fossil diatoms in sediment records and for the 

inference of current ecological lake conditions is a sound understanding of the impact factors 

controlling diatom diversity and distribution (Hamilton, 2005), which is assessed by community-based 

measures (Winter et al., 2013). An approach to quantitatively model past environmental conditions is 

the application of transfer functions (Antoniades et al., 2005). These are based on a training set of 

diatom assemblages that should correspond to the environmental gradient of interest. However, it 

was shown that this approach is susceptible for secondary gradients, inhomogeneous sampling and 

analogue problems (if fossil diatoms are missed in the training set) (Juggins, 2013). An additional and 

previously hidden source for uncertainty, i.e. low predictive power, may arise from effects of species 

dispersal within the diatom training set as has been demonstrated for current bioassessment 

approaches (see chapter 1.3.4). Therefore, it may be worthwhile to test current training sets on spatial 

effects and eliminate species that are affected by mass effect or dispersal limitation (Leboucher et al., 

2021).  

1.4.3 Mountain lakes and diatom conservation 

The conservation of lakes including mountain lakes has largely focused on mammals and invertebrates, 

mainly due to the broad knowledge on their distribution (Casamayor, 2017). However, the species 

diversity of diatoms probably exceeds that of higher trophic groups in most cases and so it is 

recommended to include these species in future conservation programs. This calls for the further 

development of regional diatom Red Lists (RL) such as the one that exists for Germany (Cantonati et 

al., 2022b, Hofmann et al., 2018). Besides of the degradation of mountain lakes through human 

recreational activity (Chapter 1.1) several other stressors impair diatom communities. These are fish 

stocking and increased cattle herding, leading to nutrient enrichment and top-down control effects 

(Tiberti et al., 2014a, Tiberti et al., 2014b, Schindler and Eby, 1997, Schindler et al., 1993, Schindler et 

al., 2001). Recently, also the introduction of alien diatom species has been problematized. For 

example, the bloom forming northern American diatom Didymosphenia geminata (Lyngbye) M. 

Schmidt was found to have negative effects on invertebrate communities in New Zealand upland 

streams (Anderson et al., 2020) and was recently also detected in stream headwaters of the Picos de 

Europa mountain range in northern Spain (Gonzalez-Paz et al., 2021). Some of these human stressors 

lead to eutrophication and RL species were found to be highly representative of this process within 
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springs (Cantonati et al., 2012, Cantonati et al., 2022b, Cantonati and Lange-Bertalot, 2010, Cantonati 

and Spitale, 2009, Hofmann et al., 2018) and lakes (Cantonati et al., 2011, Tolotti, 2001). Thus, 

identifying and preserving rare and restricted diatom assemblages, i.e. candidates for the Red List, not 

only contributes to sustain the high diversity within algal communities but also helps to preserve 

threatened freshwater habitats that are important to a broader range of taxa and general ecosystem 

functioning (Cantonati et al., 2022b, Juran and Kastovsky, 2019).  
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1.5 Objectives  

This PhD thesis is embedded in a comprehensive "Mountain Lakes Project", which was started in 2016 

at the Limnological Research Station Iffeldorf, Chair of Aquatic Systems Biology. The project deals with 

the effects of climate change on mountain lakes, including diatoms as indicators. This study covers 

most of the natural mountain lakes in the northern European Alps, whose diatom communities were 

recorded for the first time. Within the project, a subset of the lakes was characterized with 

paleolimnological methods, while this dissertation includes the full set of lakes and focuses on the 

study of recent diatom assemblage patterns.  

The goal of this work was to investigate the drivers of diatom diversity for sedimentary, littoral and 

planktic assemblages in mountain lakes. A lake set with a large elevational gradient, resulting in strong 

differences of local environmental conditions was selected for the study. In addition, the highly rugged 

landscape has led to accentuated isolation among those lakes.  

The diatom samples analysed were from lakes in the montane, subalpine to alpine zones. In parallel, 

the chemical and physical characteristics of the lakes important for diatoms were assessed, including 

the year-round continuous recordings of the lake bottom and surface temperatures.  

The following general hypotheses were tested: 

1. The composition of the lake diatoms is mainly mediated by local environmental factors and 

spatial factors play a minor role.  

2. The relative importance of environmental factors for assemblages structure of sedimentary, 

littoral and planktic diatoms varies and determines patterns in α, β and γ diversity.  

3. The diatom assemblages have high conservation value that is reflected by Red List taxa that are 

in turn reflected by ecological uniqueness and species richness.  

The results should contribute to understanding the principal drivers of diatom assemblages 

composition on a regional scale in mountain environments, reveal their conservation value and 

potential human pressures. On this basis and considering ongoing global change the adaption of 

existing conservation strategies is discussed.   
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2 Material and Methods 

2.1 Study Sites 

The study includes 43 mountain lakes located in the northern European Alps in Bavaria (Germany) and 

Tyrol (Austria) (Figure 6). The study area comprises a longitudinal gradient of 220 km from the 

Berchtesgaden mountains in the east to the Allgäu in the west and a latitudinal gradient of 50 km.  

 

Figure 6: Location of the study site in the northern European Alps (adapted from Ossyssek et al., 2022). 

The study lakes cover an elevational gradient from 760 to 2,469 masl, comprising the montane (750 – 

1,400 masl), subalpine (1,400 – 1,700 masl) and alpine (1,700 – 2,500 masl) vegetation zone. Lake 

catchments of the montane zone are characterized by conifer-dominated forest (Picea abies, Larix 

decidua, Acer pseudoplatanus and Fagus sylvatica). The subalpine catchments are located at the 

ecotone from forest to grasslands characterized by patches of Pinus mugo and alpine catchments are 

dominated by alpine meadows (e.g. Carex sempervirens, Rhododendrum hirsutum, dwarf shrub 

communities), poorly developed soils and fellfields (Figure 7).  

   

Figure 7: Examples for a montane lake (Lake Sieglsee, 1,207 m, left), a subalpine lake (Lake Seebensee 1,657 m, 
middle) and an alpine lake (Lake Laufbichlsee, 2,012 m, right). 
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Table 1: Overview of all sampled lakes. The individual altitudinal level, lake name and code, altitude, lake area, 
and sampling dates are given. 

Alt. 
Level 

Lake name Code 
Altitude 
(masl) 

Area 
(ha) 

1. Sampling 2. Sampling 3. Sampling 

M
o

n
ta

n
e 

Falkensee Fal 760 1.0 06-10-2017 06-10-2017  

Bichlersee Bic 955 1.4 09-06-2016 08-09-2016 13-09-2017 

Frillensee Fri 973 1.2 17-07-2017 04-10-2017  

Suttensee Sut 995 1.4 07-06-2016 06-09-2016  

Lautersee Laut 1,013 12.0 15-07-2015 18-09-2015  

Ferchensee Fer 1,060 10.0 15-07-2015 18-09-2015  

Mittersee Mit 1,082 3.3 13-09-2016 08-10-2017  

Wildensee Wild 1,136 2.3 21-06-2016 15-09-2016  

Taubensee Tau 1,138 3.6 09-06-2016 08-09-2016  

Höfersee Hoef 1,192 0.6 24-08-2016 25-10-2016 19-09-2017 

Sieglsee klein SieK 1,205 0.2 24-08-2016 26-10-2016  

Sieglsee groß SieG 1,207 0.8 24-08-2016 26-10-2016 21-08-2018 

Grünsee GruW 1,393 2.3 08-06-2016 07-09-2016  

Su
b

al
p

in
e

 

Röthensteiner See Roe 1,450 1.0 07-06-2016 06-09-2016  

Soinsee Süd SoiS 1,458 4.0 06-07-2016 06-09-2016 13-09-2017 

Grünsee GruO 1,474 3.5 20-06-2017 05-10-2017  

Unterer Gaisalpsee GaiU 1,508 3.5 26-07-2016 21-09-2016  

Soinsee Nord SoiN 1,520 0.3 05-07-2016 07-09-2016  

Unterer Soiernsee SoE 1,552 3.0 30-06-2016 05-10-2016  

Oberer Soiernsee SoW 1,558 3.0 30-06-2016 05-10-2016  

Delpssee N DelN 1,600 0.6 07-07-2016 01-09-2016  

Delpssee S DelS 1,600 0.2 07-07-2016 01-09-2016  

Funtensee Fun 1,601 2.5 20-06-2017 05-10-2017  

Hörnlesee Hoer 1,601 0.5 23-09-2016 09-10-2017  

Seebensee Seeb 1,657 6.3 22-06-2016 13-09-2016  

Schachensee Scha 1,680 3.0 04-07-2016 06-10-2016  

A
lp

in
e

 

Guggersee Gug 1,725 0.1 25-07-2016 23-09-2016  

Oberer Gaisalpsee GaiO 1,769 0.8 26-07-2016 21-09-2016  

Ziereiner See Zie 1,799 3.0 04-07-2017 27-09-2018  

Seeleinsee Seel 1,809 0.4 21-06-2017 04-10-2017  

Eissee Eis 1,827 0.7 21-09-2016 10-10-2017  

Drachensee Dra 1,874 5.3 23-06-2016 13-09-2016  

Engeratsgundsee Eng 1,876 3.0 27-07-2016 22-09-2016 18-09-2017 

Brendlsee Bre 1,903 1.5 22-06-2016 13-09-2016  

Stuibensee Stu 1,921 3.0 28-06-2016 15-09-2016  

Laufbichelsee Lauf 2,012 0.8 27-07-2016 22-09-2016  

Gr. Rappensee Rap 2,047 2.3 28-07-2016 20-09-2016 17-09-2017 

Grubersee Grub 2,060 0.5 04-07-2017 03-10-2017  

Unterer Seewiesee SeeU 2,224 2.4 23-08-2016 17-10-2016  

Auf der Lacke Adl 2,294 1.9 23-08-2016 26-10-2016  

Schiefersee Schi 2,300 2.0 22-08-2016 25-10-2016  

Mittlerer Seewiesee SeeM 2,424 0.5 23-08-2016 18-10-2016  

Oberer Seewiesee SeeO 2,469 1.6 23-08-2016 18-10-2016  
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While the formation of the vegetation zones naturally is constrained by annual local temperature and 

therefore by altitude, ordination, morphology and wind pattern (Korner, 2004, Korner, 2021), the 

actual ecotone between the subalpine and alpine region was shifted downward during prehistoric 

times due to deforestation to create alpine meadows for cattle herding or for generating timber (Pini 

et al., 2017). In turn, ongoing climate warming and abandonment of pastures lead to an upward shift 

of the ecotonal boundaries in current times (Cudlin et al., 2017).  

2.2 Water sampling and processing 

Each of the 43 included lakes was sampled at least two times during the ice-free period, i.e. in early 

summer and in autumn (Table 1). On the first sampling date, bathymetric measurements were 

conducted with an echo sounder (Lawrence HDS8, Oslo, Norway), and a buoy fixed with a rope on a 

stone was subsequently installed at the deepest point of each lake. Temperature loggers (Onset 

Pendant UA-001-64 HOBO, Bourne, MA) were mounted on the rope 0.5 m above the sediment surface 

and 0.5 m below the water surface (Figure 8).  

 

Figure 8: Overview of mountain lake sampling procedures containing the rubber 
boat, buoy, mixed water sampling tube, Secchi disk, hydrophysical instrument, 
gravity corer and temperature loggers.  

On both sampling dates, physical parameters (temperature, oxygen saturation, pH and conductivity 

[at 25°C]) were measured with a multiprobe (WTW 350, Weilheim, Germany) at 1-m intervals at the 

deepest point of each lake. After measuring the Secchi depth of each lake, 0.5 L of a mixed water 

sample for hydrochemical analysis was collected with a hose sampler from the euphotic zone (ZEuph), 

which was defined as ZEuph = 5 × ZSecchi
0.5. Half of the sample was filtered onsite with 0.45 µm syringe 

filters for determination of major ions and nutrients, half of the sample was left unfiltered for 

determination of total phosphorus content. Both samples were stored in cleaned plastic bottles at 4 ° C 
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before further processing. At the end of the 

second sampling day, the temperature 

loggers, together with the stones, were 

retrieved from the lakes (Figure 9).  

All chemical analysis were carried out at the 

Limnological Research Station Iffeldorf (LSI) 

of the Chair of Aquatic Systems Biology at 

Technical University Munich, Germany. 

Standard colorimetric methods using a 

Hitachi 150-200 photometer (Chiyoda, 

Japan) were applied to determine the 

concentrations of total phosphorus 

(Murphy and Riley, 1962), nitrate-N 

(Navone, 1964), ammonia-N (DIN, 1983) and silica. The content of major ions (calcium, magnesium, 

and sodium) was measured using a cation chromatograph (Thermo Scientific, ICS-1100, Waltham, USA) 

(Table 2).  

Table 2: Averages and extreme values for the assessed chemical and physical parameters from the 43 lake set. 

Parameter Abbreviation Minimum Maximum Mean Median 
Standard 
Deviation 

Altitude (masl) alt 760 2,469 1,598 1,600 429 

Lake area (ha) area 0.1 12 2.3 1.9 2.4 

Maximum depth (m) depth 1.3 20.7 7.8 5.5 5.9 

Secchi depth (m) secchi 1.3 11.3 4.6 4.2 2.5 

Nitrate-N (mg/l) NO3 0.03 2.86 0.44 0.33 0.5 

Total phosphorus (µg/l) TP 1 20.41 6.92 6.62 4.6 

Silicate-Si (mg/l) Si 0.12 0.77 0.22 0.18 0.15 

Ammonia-N (µg/l) NH4 3.84 126.85 36.45 25.29 27.49 

Sodium (mg/l) Na 0.1 2.11 0.38 0.23 0.42 

Calcium (mg/l) Ca 12.44 49.24 28.87 27.06 9.94 

Magnesium (mg/l) Mg 0.98 19.47 7.12 6.34 4.8 

pH  pH 7.9 9 8.4 8.5 0.3 

Oxygen (%) O2 5.1 129.8 93.4 96.9 23.8 

Conductivity (µS/cm) cond 121.4 536.7 226 208.6 78.2 

Ø August bottom 
temperature(°C) 

T_aug_bot 4.6 20.9 10 9.4 4 

Ø August surface 
temperature (°C) 

T_aug_surf 8.8 22.6 15.1 14.9 3.1 

 

Figure 9: The picture shows some central equipment of the 
lake sampling: Gravity corer, hose sampler and 
hydrophysical multiprobe as well as carriage systems. In the 
background, water samples are pre-processed on site using 
syringe filters. Photo credit: Lorenz Tschampel. 
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2.3 Diatom sampling and processing 

Diatom samples were collected from the sediment surface, the littoral zone and the open water zone 

in all lakes. For obtaining sediment samples, a sediment core was collected using a gravity corer 

(Uwitec, Mondsee) and the uppermost centimetre of sediment was used for diatom analysis. Planktic 

diatoms were collected by taking one litre of water from the euphotic zone with the hose sampler 

(DIN, 2015a) and preserved with Lugol’s solution (Throndsen, 1978a). Littoral diatoms were obtained 

from four to seven rocks – or other surfaces if no rocks were available – from depths between 20 and 

50 cm. A new toothbrush and distilled water were used to scrub and rinse the biofilm of the stones. 

From all sampled lakes, periphytic diatom samples could be obtained at 34 sites. Sediment cores were 

hermetically sealed directly after recovering and all samples were kept at 4 °C until further processing.  

To obtain planktic diatoms from the water samples these were filtered with 0.45 µm syringe filters and 

the residue on the filters was further processed (Nixdorf et al., 2014a). The residue on the filters, the 

sediment samples and the littoral samples were processed in the same way: Preparation of the 

diatoms was carried out according to van der Werff and Macan (1955). To analyse the composition of 

the diatom samples, 500 valves were identified in each case using a Leica DNM microscope (Wetzlar, 

Germany) at 1000-x magnification. Eleven of the 43 planktic samples were excluded from further 

analysis because they contained an insufficient number of valves. Taxa were counted at the species 

level or, if possible, at the subspecies level. Individuals that could not be identified were given working 

names. For diatoms with difficult morphology, especially centric diatoms, an electron microscope 

(Hitachi S-2300, Tokyo, Japan) was used under a magnification of 5,000 – 20,000. For preparation of 

the sample 50 µl of a sample dilution with reasonable distribution of diatoms was air dried onto a class 

cover slip (Ø 12 mm) and coated in gold with a Polaron SC502 Sputter Coater (Fisons Instruments, UK). 

Standard literature was used for identification (Krammer and Lange-Bertalot, 1991a, Krammer and 

Lange-Bertalot, 1991b, Krammer and Lange-Bertalot, 1997b, Krammer and Lange-Bertalot, 1997a, 

Krammer, 2000, Lange-Bertalot, 2001, Krammer, 2002, Lange-Bertalot et al., 2017). 

2.4 Processing of data 

All analysis were based either on raw community data (for predictive modelling approaches, e.g. in 

Chapter 3), Hellinger-transformed community data (for multivariate analysis of variance, e.g. in 

Chapter 5) or on metrics derived from the raw community data. These were species richness (α 

diversity), Shannon-diversity and β diversity. The latter was partitioned in its turnover and nestedness 

components and the contribution of single species and single sites was calculated (Baselga, 2013). For 

detailed information see Chapter 4 and 5. Moreover, based on the German Red List (RL) (Hofmann et 

al., 2018) for diatoms indices describing the richness, share and abundance share of RL taxa were 

calculated. For detailed information see Chapter 5.  
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2.5 Statistical methods 

The statistical methods applied can be grouped into statistical tests, predictive modelling approaches 

and analysis of explained variance. Within these categories, methods were applied that can handle 

one-dimensional (“1”) or multidimensional patterns (“m”), i.e. the response of one variable or a set of 

variables (Table 3, Column D). The number of predictor variables can vary among the methods and is 

not further accounted for in this summary.  

Moreover, within these categories methods were applied across a varying range of data, i.e. either to 

structures among environmental (“E”), spatial (“S”) and community (“C”) metrics or a combination 

(“co”) of them (Table 3, Column R). Table 3 contains all methods in the context that they were applied. 

Each of the methods is described in detail in the respective chapter (Chapter 3 - 5).  

Table 3: The applied statistical methods can be assigned to statistical tests, predictive modelling approaches and 
analysis of variance. The methods were either applied in a one-dimensional (“1”) or multidimensional (“m”) 
context and on environmental, spatial and community data or on a combination of two or all datatypes. 

D R Statistical test Predictive modelling 
approach 

Analysis of explained 
variance 

1 E Shapiro-Wilk-Test 

Kolmogorov-Smirnov-Test 

Levene´s-Test 

Linear model 

 

Pearson correlation 

 

S Moran-Test of model 
residuals 

Moran´s I 

  

C   Pearson correlation 

 

co  Linear model 

Generalized linear model 

Generalized additive 
model  

Akaike Information 
Criterion 

m E   Principal component 
analysis 

S   Distance-based Moran´s 
eigenvector maps 

C   Principal component 
analysis 

co Monte Carlo permutation 
test  

Mantel test 

Multivariate analysis of 
variance 

Generalized linear model 

Generalized additive 
model  

Redundancy analysis 

Variation partitioning 
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3 Identification of the ecological preferences of Cyclotella comensis in 

mountain lakes of the northern European Alps 

A similar version of this chapter was published as: OSSYSSEK, S., GEIST, J., WERNER, P. & RAEDER, U. 

2020. Identification of the ecological preferences of Cyclotella comensis in mountain lakes of the 

northern European Alps. Arctic, Antarctic, and Alpine Research, 52, 512-523. 

Author contributions: This study was conceived by Stefan Ossyssek (SO) in consultation with Uta 

Raeder (UR), Jürgen Geist (JG) and Petra Werner (PW). On-site-measurements and laboratory analyses 

were carried out by SO. Diatom preparation and microscopic analyses was done by SO. Statistical 

analysis, visualisation and data interpretation was conducted by SO. The manuscript was drafted by 

SO and continuously refined, improved and edited by UR, JG and PW. 

3.1 Abstract 

Planktic diatom ecology in the mountain lakes of the northern European Alps has only been studied 

sparsely so far. To fill this knowledge gap, the driving parameters of planktic diatom assemblage 

composition in the euphotic zones of twenty lakes located between 955 and 2,060 masl were assessed. 

The mean August water temperature, concentration of major ions, total phosphorus and lake physical 

parameters explained significant amounts of variation within the diatom assemblages, as identified by 

redundancy analysis and consecutive backward selection. Cyclotella comensis was the most abundant 

taxon in these oligotrophic (<17 total phosphorus μg/L), phosphorus (P) limited, stratified study lakes, 

particularly when the calcium concentration was high (>35 mg/L). The results of generalized linear 

models and generalized additive models further revealed that August surface temperature, 

thermocline depth, and nitrate-N positively and significantly influenced C. comensis growth. These 

results shed light on the interplay between physical and chemical parameters as important drivers of 

C. comensis abundance in temperate mountain lakes. They may aid in the interpretation of past and 

the prediction of future climate-driven changes in planktic diatom composition in these lakes. 

3.2 Introduction 

Mountain lakes are often remote, and their catchments are therefore less affected by anthropogenic 

factors than the catchments of other lakes. This makes mountain lakes good sentinels for the study of 

environmental change (Catalan et al., 2013). As long-term monitoring data on water properties are 

often lacking, temporal changes are usually inferred through abiotic and biotic remains in lake 

sediments (Smol et al., 2002). In palaeolimnological studies, diatoms are well-established indicator 

organisms (Dixit et al., 1992, Scherer, 2002) as their silica cell walls are preserved well in lake sediments 

and their characteristic cell structure allows for species identification by light microscopy (Scherer, 
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2002). Diatoms have previously been used as indicators of pH, salinity, nutrient levels, mixing regimes 

and light conditions (Curtis et al., 2009, Flower and Battarbee, 1983, Lotter et al., 1997, Lotter et al., 

1998, Saros et al., 2016, Winder et al., 2009). However, interpretation of palaeolimnological results 

requires in-depth knowledge of the relationships between environmental factors and diatom 

distribution (Smol et al., 2002).  

A common approach to lake core analysis is the collection of training sets containing surface sediment 

samples with diatom assemblages representing the current state of lakes (e.g. Hall & Smoll, 1992). 

Whilst this approach has yielded valuable insights, it presents some limitations in terms of 

interpretation, as surface sediment samples commonly represent several years and many life cycles of 

diatoms whereas chemical measurements are usually only taken once. Hence, the need for better 

integration of ecological information in paleoecology is increasingly acknowledged (Davidson et al., 

2018).  

Little is known about what controls the abundant planktic diatom Cyclotella comensis across ecological 

gradients (Saros and Anderson, 2015). This species is an important component of many temperate 

lakes and shows pronounced reactions to climate change (Reavie et al., 2017, Rühland et al., 2008, 

Rühland et al., 2015, Winder et al., 2009). In terms of the distribution of this taxon, the interplay 

between environmental drivers such as lake temperature (Livingstone and Dokulil, 2001), mixing 

patterns (Kraemer et al., 2015), nutrient composition and turbidity (Whitehead et al., 2009) as well as 

competition with other planktic taxa (Jäger et al., 2008, Stomp et al., 2011) are important.  

Within the northern European Alps, only one comprehensive study investigating the ecology of 

planktic diatoms including C. comensis exists (Wunsam et al., 1995). The lakes sampled in that study 

were mostly located at elevations below 1,500 masl, although many lakes in the region are found at 

higher elevations. Therefore, the present study examined the ecological preferences of planktic diatom 

assemblages in 20 mountain lakes, with special emphasis on the ecology of C. comensis. This study was 

designed to survey lakes along an elevational gradient from 955 to 2,060 masl. As the pH and total 

phosphorus (TP) gradients were short, it was hypothesised that changes in water temperature would 

influence planktic diatom assemblage composition along with concomitant changes in water chemistry 

(Reavie et al., 2017), i.e. nitrate concentration and turbidity.  

3.3 Study Sites 

The 20 study lakes are located in Bavaria (Germany) and Tyrol (Austria) along a longitudinal gradient 

of 220 km and a latitudinal gradient of 50 km (Figure 10). 
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Figure 10: Geographical and zonal locations of the sampled lakes in the northern Alps in Austria and Germany. 
Background map based on Natural Earth data (2020). 

Most of the lakes were formed by cirque glaciers. Typically, they are small (< 7 ha) and shallow (< 20 m) 

(Table 4), consisting of one main basin. Two of the lakes are karstic; they are nearly round and have a 

smaller surface area to volume ratio than lakes of glacial origin. The elevation of the 20 lakes ranged 

from 955 to 2060 masl (Table 4). Eight of the lakes were located in montane forest (750–1,400 masl), 

five were located in subalpine forest (1,400–1,700 masl) and seven were located in alpine meadows 

and rock basins (1,700–2,500 masl). In the study region, the montane forest is dominated by beech 

(Fagus sylvatica), spruce (Picea abies) and maple (Acer pseudoplatanus), whilst the subalpine forest 

mainly consists of spruce and—at the ecotone between forest and bare meadows—of pine (Pinus 

mugo ssp. mugo). In alpine meadows, shrubs (e.g. Rhododendron hirsutum), sedge meadows (e.g. 

Carex sempervirens) and fellfields predominate.  

3.4 Methods 

Sampling and laboratory procedures 

The 20 lakes were sampled twice during the ice-free period, once between June and middle of August 

and once between August and November 2016. On the first sampling date, bathymetric measurements 

were taken with an echo sounder (Lawrence HDS8, Oslo, Norway) and a buoy fixed with a rope on a 

stone was subsequently installed at the deepest point of each lake. Temperature loggers (Onset 

Pendant UA-001-64 HOBO, Bourne, USA) were mounted on the rope 0.5 m above the sediment surface 

and 0.5 m below the water surface. Temperature data were recorded at 30 minute intervals between 

the first and second sampling date. On both sampling dates, physical parameters (temperature, oxygen 

saturation, pH and conductivity (at 25 °C)) were measured with a multiprobe (WTW 350, Weilheim, 

Germany) at 1 m intervals from the deepest point of each lake. After measuring the Secchi depth of 

each lake, 0.5 l of a mixed water sample was collected with a hose sampler from the euphotic zone 

(ZEuph), which was defined as ZEuph = 5 × ZSecchi
0.5 (DIN, 2015b). One half of the water sample was filtered 

(0.45 μm) on-site to analyse dissolved ions and the remaining sample was left unfiltered to analyse the 
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concentration of TP. Both samples were stored at 4 °C for further processing in the laboratory. Another 

litre of water was taken from the euphotic zone with the hose sampler and preserved with Lugol’s 

solution to analyse planktic diatom communities (Throndsen, 1978b). At the end of the second 

sampling day, the temperature loggers, together with the stones, were retrieved from the lakes. All 

chemical analyses were carried out in the laboratory of the Limnological Research Station in Iffeldorf. 

Standard colorimetric methods were applied using a Hitachi 150-200 photometer (Chiyoda, Japan) to 

determine the concentrations of TP (Murphy and Riley, 1962), nitrate-N (Navone, 1964), ammonia-N 

(DIN, 1983) and silica (DIN, 1983). The concentrations of major ions (calcium, magnesium, sodium) 

were measured using a cation chromatograph (Thermo Scientific, ICS-1100, Waltham, USA).  

Planktic diatom samples were concentrated with 0.45 µm syringe filters before further processing 

(Nixdorf et al., 2014b). Diatoms were prepared according to van der Werff and Macan (1955). To 

analyse the composition of the diatom samples, 500 valves (including broken valves representing more 

than half of a complete valve) were identified in each case using a Leica DNM microscope at 1000× 

magnification. Taxa were counted at the species level. Standard literature was used for identification 

(Krammer and Lange-Bertalot, 1991a, Krammer and Lange-Bertalot, 1991b, Krammer and Lange-

Bertalot, 1997b, Krammer and Lange-Bertalot, 1997a, Krammer, 2000, Krammer, 2002, Lange-

Bertalot, 2001, Lange-Bertalot et al., 2017).  

Data analysis 

The atomic N/P ratios in lake water were calculated to determine pelagic nutrient limitation status by 

using the DIN/TP ratio (Bergström, 2010, Kolzau et al., 2014). Our dataset included only concentrations 

of nitrate-N and ammonia-N; nitrite-N was not measured. Therefore, the real DIN/TP ratio is probably 

higher than the results suggest. However, as nitrite occurs only at very low amounts under aerobic 

conditions, and the conditions in the euphotic zones of the sampled lakes were mostly aerobic, this 

bias is probably negligible. Moreover, all lakes were found to be P-limited and integration of nitrite-N 

would have shifted the N/P ratio further in this direction. The lake mixing regime was assessed by 

calculating thermocline depth and buoyancy frequency at the thermocline and within the epilimnion 

based on temperature profiles using the R package “rLakeAnalyzer” (Winslow et al., 2019). Sodium 

was excluded from further analysis as it could only be detected in a few samples. 

With the obtained set of 19 abiotic parameters, a Pearson correlation matrix with Bonferroni-adjusted 

probabilities was computed (Haynes, 2013) using the R package “corrplot” (Wei and Simko, 2017a). 

For significantly correlated parameters, coefficients of linear regression models were included. To 

identify relationships among environmental variables, principal component analysis (PCA) was carried 

out with the datasets of 19 variables (Terbraak and Prentice, 1988). Before analysis, all environmental 
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variables except pH and elevation were log transformed to correct for non-normal distribution (pH is 

a log scale and elevation showed a normal distribution). Further, the parameters were normalised by 

subtraction of the mean and division by the standard deviation for each variable (Oksanen et al., 2018).  

The share of species with planktic life cycles was higher than 10% in all assemblages. For all 

calculations, benthic or tychoplanktic species were excluded and relative abundances were calculated 

based on the sum of obligate planktic species (Table S 2). Before numerical analysis, the dataset was 

Hellinger transformed (Prentice, 1980) and the obtained Hellinger distance matrices were used for PCA 

(Legendre and Gallagher, 2001). Before constrained analysis, variance inflation factors (VIFs) were 

calculated for the environmental data with the R package “usdm” (Naimi et al., 2014). To evaluate 

collinearity problems, the function “vifcor” of the “usdm” package was applied. According to the 

obtained results, no variable had collinearity problems. To evaluate whether diatom distribution 

followed a linear or unimodal trend, detrended correspondence analysis (DCA) was applied (Hill and 

Gauch, 1980). For gradient lengths < 3, linear constrained methods are considered appropriate; for 

gradient lengths between 3 and 4, linear or unimodal methods can fit; for higher gradient lengths, 

unimodal methods should be used (Terbraak and Prentice, 1988). The DCA gradient length was 3.51 

for the first axis and 2.91 for the second axis. Based on the results of DCA and VIFs, an initial 

redundancy analysis (RDA) with the 14 initially measured variables was computed. The significance for 

the whole model and for the first and second RDA axis was assessed by means of a Monte Carlo 

permutation test with 999 permutations; all tests were significant (p < 0.01). For further evaluation of 

the importance of each single explaining variable, backward selection was applied (Blanchet et al., 

2008). With the selected variables, another RDA was performed. As p-values decrease and R² values 

increase with the number of explanatory variables, adjusted model values (R²adj) were obtained 

through Bonferroni–Holm correction (Haynes, 2013). All models and each of the first two axes were 

significant as inferred by Monte Carlo permutation tests (p < 0.01). The explanatory potential and 

significance value of each single variable was obtained by setting the variable as the sole explanatory 

variable with all other variables as covariables in another round of Monte Carlo permutation tests. All 

multivariate analyses were carried out with the R package “vegan” (Oksanen et al., 2018).  

To evaluate the correlation between environmental variables and C. comensis, generalised linear 

models (GLMs) were applied. For parameters with a significant influence on C. comensis based on GLM 

results and for further assumed important ecological drivers, generalised additive models (GAMs) were 

applied using the R package “gam” (Hastie, 2019). GAMs were used instead of GLMs when the 

responses of C. comensis to interacting parameters were assumed to be non-linear. All data analysis 

was carried out using the free statistics software R (version 3.6.3) (R Core Team, 2013).  
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3.5 Results 

Physical and chemical features 

The lakes were shallow (maximum depth 20.7 m, median depth 7.6 m) and small (< 6.4 ha). While most 

of the lakes can be assumed to stratify during summer, i.e. the sampling period, at least four of the 

lakes probably mix irregularly as they are very shallow (< 4 m) (Table 4). The Secchi depths of the lakes 

ranged from 1.5 m to 11.3 m (median = 4.6 m). At seven sites, the Secchi depth was equal to the 

maximum lake depth, i.e. light reached the bottom of the lake. The pH levels ranged from 7.9 to 9.0 (n 

= 20), reflecting the high concentration of alkaline earth ions; concentrations reached 49.2 mg/l for 

Ca2+ and 18.4 mg/l for Mg2+. Accordingly, electrical conductivity averaged 251.5 µS/cm (reference 

temperature = 25 °C). The maximum conductivity level, which was more than 500 µS/cm, was recorded 

in one of the karstic lakes (‘SieG’), which was strongly influenced by groundwater. Nitrate-N and TP 

concentrations were generally low with a mean of 0.39 mg/l and 6.1 µg/l, respectively, classifying most 

lakes as oligotrophic according to Vollenweider (1968). Based on N/P ratios, all lakes were P-limited 

(N/P > 43; sensu Klausmeier et al., 2004) and all but two lakes (‘Eng’, ‘Rap’) were co-limited by silica 

(Si/N < 1.12; sensu Brzezinski (1985). The ammonia -N concentration was low in most lakes (median 

26.7 µg/l) but showed a wide range (3.8–126.9 µg/l), possibly due to oxygen depletion in the 

hypolimnion of a few lakes. The means of the average August surface and bottom water temperatures 

were 15.1 °C and 9.4 °C, respectively.  

Table 4: Descriptive metrics of the measured and calculated environmental variables of the twenty-lake set. 

Parameter Abbre-
viation 

Min. Max. Mean Me-
dian 

SD 

Elevation (masl) alt 955 2,060 1,491 1,537 373 
Lake area (ha) area 0.1 6.4 2.2 1.9 1.9 

Maximum depth (m) depth 1.5 20.7 9.3 7.4 6.4 

Secchi depth (m) secchi 1.5 11.3 5.3 4.6 2.91 

Nitrate-N (mg/l) NO3_N 0.03 0.93 0.39 0.41 0.27 

Total phosphorus (µg/l) TP 1.0 17.0 6.1 4.8 3.6 

Silicate (mg/l) Si 0.12 0.77 0.25 0.18 0.20 

Ammonia-N (µg/l) NH4_N 3.8 126.9 36.8 25.0 40.0 

Calcium (mg/l) Ca 14.97 49.24 31.62 30.53 9.29 

Magnesium (mg/l) Mg 1.42 18.40 6.90 5.20 4.60 

pH value pH 7.9 9.0 8.4 8.5 0.3 

Conductivity (µS/cm) cond 150.6 536.7 251.5 222.2 93.0 

Ø August bottom temperature 
(°C) 

T_B 4.5 18.4 9.4 8.8 4.0 

Ø August surface temperature 
(°C) 

T_S 

 

8.8 22.6 15.1 14.5 3.8 

Thermocline depth (m) TCL 0.17 6.5 2.2 1.3 2.0 

Ø Buoancy frequency Hypolim. 
Epilimnion (1/s) 

BFe_mean 0.0001 0.0067 0.001
3 

0.001 <0.001 

Buoancy frequency Thermocl. 
Thermocline (1/s) 

BF_TCL 0.0001 0.0067 0.001
7 

0.001
4 

<0.001 

Atomic Si to N ratio Si_N 0.07 4.30 0.58 0.27 0.93 

Atomic N to P ratio N_P 44.38 4,442.2
5 

890.8
5 

537.4
9 

1,173.9
2 



29 

 

The chemical parameters of the 20 study lakes varied along the elevation gradient, which was mainly 

correlated with PCA axis one (λ = 4.59, 24.17%) (Figure 11). Elevation was negatively correlated with 

conductivity, ammonia-N, nitrate-N, the N/P ratio, the August surface temperature and the Ca and Mg 

concentrations. It was positively correlated with pH and the Si/N ratio (Figure S 1, Figure S 2). The 

second PCA axis (λ = 3.97, 20.91%) was positively correlated with lake depth and Secchi depth, but 

negatively correlated with August surface and bottom temperatures, thermocline depth and buoyancy 

frequency. The positive correlation between lake depth and Secchi depth was highly significant and 

can be explained by seven lakes that had equal Secchi depths and maximum depths (Table S 1).  

 

Figure 11: Principal component analysis correlation biplot for nineteen environmental variables measured in 
twenty mountain lakes in the northern European Alps. Principal components 1 and 2 (PC1, PC2) are plotted. λ 
indicates eigenvalues, var indicates percentage of explained variance. For variable and lake abbreviations, see 
Table S 1. 

Bottom water temperature decreased significantly with maximum lake depth and Secchi depth and 

was positively correlated with surface water temperature. Buoyancy frequency at the thermocline and 
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within the epilimnion were negatively correlated with Secchi depth, whilst thermocline depth was not 

correlated with any of the measured variables. Correlations among nutrients were significant for 

nitrate-N and ammonia-N (positive), nitrate-N and TP (negative), ammonia-N and Ca (positive) and 

nitrate-N and Ca (positive).  

Diatom assemblages 

Obligate planktic taxa occurred with relative abundances of 10.4% to 100% (median = 79.8%, n = 20) 

(Table S 2). Of the 14 identified planktic taxa, C. comensis was the most abundant (33 % of all planktic 

taxa, present in 10 lakes, abundance range = 0.4%–100%, median = 19%). Also abundant were 

Fragilaria nanana (21%), Fragilaria delicatissima (12%), Discostella woltereckii (10%), Fragilaria gracilis 

(8%) and Discostella stelligeroides (7%) (Table S 2). 

Diatom–environment relationships 

Variation in planktic taxa distribution was significantly influenced by the August surface temperature, 

lake area, Ca concentration, Secchi depth, Mg concentration, August bottom temperature and TP, 

which explained 11.6%, 7.6%, 6.6%, 5.3%, 5.2%, 5.1% and 4.6% of variation, respectively. The adjusted 

R² value of the full RDA model was 37.8 (Table 5). 

Table 5: Adjusted R2 values for a planktic diatom RDA model 
with backward selected variables. Explained variance and p 
values were inferred from Monte Carlo permutation test. 

Dataset Variable var. (%) p 

Plankton  T_S 11.6 0.001 

n=20 

 

 

 

 

 

area 7.6 0.007 

R²= 60.7 % Ca 6.6 0.009 

R²adj = 37.8 
% 

secchi 5.3 0.025 

 Mg 5.2 0.026 

 T_B 5.1 0.027 

 TP 4.6 0.052 

 

For the planktic diatom dataset, the first constrained RDA axis (λ = 0.172, var = 29.99%, p = 0.001) was 

negatively correlated with August surface and bottom temperature and TP. The second axis (λ = 0.079, 

var = 12.26%, p = 0.001) was negatively correlated with Mg concentration and positively correlated 

with Secchi depth and lake area (Figure 12). The RDA biplot revealed a preference of C. comensis for 

warm, calcium-rich lakes, whilst Fragilaria nanana showed the opposite preference. Discostella 

woltereckii was abundant in lakes with high Secchi depths, whilst Fragilaria delicatissima showed a 

preference for magnesium-rich waters (Figure 12). 
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Figure 12: RDA correlation biplot of species scores and environmental parameters that 
significantly and independently influenced diatom taxon composition as determined by 
backward selection applied to RDA models for planktic diatom assemblages of twenty lakes. 
For variable, species, and lake abbreviations, see Table S 1and Table S 2. 

The results of the GLMs confirmed the tight coupling of C. comensis abundance and August surface 

temperature (p = 0.025, R² = 0.66) and further revealed a significant positive influence of thermocline 

depth on C. comensis abundance (p = 0.047, R² = 0.41) (Figure 13). None of the models including the 

other parameters significantly predicted C. comensis abundance; however, high relative abundances 

of C. comensis were found in samples with Ca values above 35 mg/l, Secchi depths of 4 to 5 m and 

nitrogen-N levels of 0.5 to 1 mg/l. GLMs were also applied to all other taxa in the dataset; however, no 

model identified a significant correlation between these taxa and any of the measured variables. 
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Figure 13: Relative abundances of Cyclotella comensis plotted against August surface 
temperature and thermocline depth. R² values and p values are given for generalized 
linear models; model prediction curves are plotted for significant models (p < 0.05). For 
abbreviations and units, see Table 4. 

According to the GLM analysis, the relative abundance of C. comensis was significantly correlated with 

August surface temperature and thermocline depth. The GAMs also included nitrate-N as it was 

deemed to have an effect on C. comensis based on literature. For all three parameters, a significant 

GAM was found, with thermocline depth having the lowest AIC score and highest R²adj (Table 6).  

Table 6: Model coefficients for generalized additive models for abundance 
of Cyclotella comensis in response to environmental variables that proved 
to be important for Cyclotella comensis abundance based on GLM results 
and are known to be ecologically important factors influencing the taxon. 
For abbreviations see Table 4. 

Model F value p R²adj AIC 

T_S 34.27 < 0.001 0.941 215.3 
TCL 55.15 < 0.001 0.963 206.3 

NO3_N 4.854 0.013 0.421 257.9 

log(NO3_N) 3.946 0.017 0.507 256.0 

Secchi 1.655 0.201 0.210 264.7 

T_S + TCL   0.864 230.0 

    T_S 6.082 0.020   

    TCL 6.570 0.002   

T_S + NO3_N   0.930 218.6 

    T_S 17.619 < 0.001   

    NO3_N 4.793 0.018   

TCL + NO3_N   0.88 228.7 

    TCL 20.221 < 0.001   

    NO3_N 6.774 0.021   
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All combinations of parameters produced higher AIC scores, with August surface temperature and 

nitrate-N scoring lowest among all model combinations. The models suggested a pronounced increase 

in C. comensis abundance at lake surface temperatures above 18 °C and nitrate-N values above 0.8 

mg/l (Figure 14).  

 

Figure 14: Generalized additive model results for the relative abundance of Cyclotella comensis and its 
interaction with August surface temperature and nitrogen-N. For model scores, see Table 6. 

Cyclotella comensis was also particularly dominant in the planktic diatom assemblages when August 

surface water temperatures and nitrate-N concentrations were high (Figure 15). 
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Figure 15: Scatterplot depicting relative abundances of the most frequent taxa in the data along the nitrate-N 
gradient and the August surface temperature gradient. The plotted taxa represent 93 percent of all counts. 
For species abbreviations, see Table S 2. 

3.6 Discussion 

Cyclotella comensis occurred at high abundance in the plankton communities of alkaline montane lakes 

with high August surface temperatures (> 18 °C) and thermocline depths of 4 to 5 m. The lakes were 

P-limited but rich in nitrogen (> 0.8 mg/l), giving high N/P ratios. Further, most of the lakes had 

intermediate Secchi depths (4–5 m, range = 1.5–11.3 m). The ecology of C. comensis has been the 

subject of numerous studies involving the combination of palaeolimnological lake data and recent 

observations (Lotter and Bigler, 2000), the compilation of training sets (Catalan et al., 2009, Curtis et 

al., 2009, Hall and Smol, 1992, Wunsam et al., 1995, Werner and Smol, 2006), investigations of in situ 

growth (Williamson et al., 2010a) and mesocosm experiments (Jäger et al., 2008).  
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Apart from one study that found C. comensis under slightly acidic conditions (Battarbee, 1984), this 

taxon prefers alkaline conditions with an optimum pH between 8 and 9 (Saros and Anderson, 2015, 

Scheffler et al., 2005, Werner and Smol, 2006). In line with this, all study lakes were alkaline in the 

present study (pH range = 7.9–9.0, median = 8.5), and C. comensis was especially abundant at the 

higher end of the Ca2+ gradient (35–49 mg/l; range = 15–49 mg/l, median = 27 mg/l). 

Cyclotella comensis is generally rare at TP concentrations above ca. 10 µg/l (Hall and Smol, 1992, 

Ramstack et al., 2003, Saros et al., 2012, Saros and Anderson, 2015, Werner and Smol, 2006, Wunsam 

et al., 1995). In the present study, the taxon occurred only in one lake with a TP concentration above 

10 µg/l (range = 1–17 µg/l, median = 5 µg/l). The results are in line with those of the only other 

comprehensive study on lake diatom ecology within the study region, which identified a TP optimum 

of < 15 µg/l for C. comensis (range = 2–266 µg TP/l) (Wunsam et al., 1995).  

Despite the insights into C. comensis ecology that the present results provide, the responses of this 

taxon to environmental changes remain unclear in some respects. In particular, the interaction of 

epilimnetic water temperature with C. comensis (and the Cyclotella sensu lato complex in general) 

remains controversial, as there are various examples of increasing abundances of these taxa with 

higher temperatures (e.g. the present study, Pienitz et al., 1995, Catalan et al., 2002, Koinig et al., 

2002), whilst there is also evidence for the opposite pattern (Weckstrom et al., 1997). Various studies 

have noted that increases in C. comensis abundance with increasing water temperature may reflect 

indirect limnological factors, such as interactive effects between water temperature and thermocline 

depth (Catalan and Fee, 1994, Catalan et al., 2002a, Huisman and Weissing, 1995, Huisman et al., 

1999). The results of the present study demonstrate that thermocline depth has a significant effect on 

the abundance of C. comensis (Figure 13; GLM: p = 0.047, R² = 0.41; GAM: p < 0.001, R²adj = 0.963, 

lowest AIC among all significant parameters). The thermocline depth in small lakes in turn depends on 

several factors, including water temperature (Catalan et al., 2002), turbidity (Sadro and Melack, 2012, 

Strock et al., 2017) and fetch (France, 1997). In our dataset, none of the assessed variables, including 

mean August water temperature, were significantly correlated with thermocline depth (Table S 1). This 

finding indicates that multiple drivers may be relevant and that a single dominating driver of C. 

comensis abundance seems unlikely. However, turbidity and fetch were not assessed in the present 

study. Therefore, further research in these lakes should consider the importance of factors that control 

thermocline depth separately. 

Interestingly, the results of the GAMs indicate interactive effects between thermocline depth, 

nutrients and C. comensis abundance (FTCL = 20.221, FNO3 = 6.774, pTCL < 0.001, pNO3 = 0.021, R²adj = 0.88, 

AIC = 228.7). The positive interactive effect of thermocline depth and nitrogen on C. comensis growth 

may be attributed to weaker phosphorus upcycling from the hypolimnion (Jager et al., 2010); 
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phosphorus is mostly released through internal hypolimnetic processes. Nitrogen input, in contrast, 

mainly comes from external sources (Rogora et al., 2018a, Schwefel et al., 2019). It was found that an 

increase in the N/P ratio can select for small centrics that have competitive advantages due to more 

effective nutrient uptake mechanisms (Malik et al., 2017, Tolotti et al., 2007, Tolotti et al., 2012). In 

experiments in which light and nutrient concentrations were varied, Cyclotella bodanica and C. radiosa 

showed especially high growth rates under P-limitation and moderate to low light conditions, but 

required sufficient nitrogen; i.e. their growth declined under colimitation of nitrogen (Malik et al., 

2017). This can be explained by the fact that nitrogen is an important component of the light harvesting 

apparatus of these taxa, which supports sustained growth even under P-limitation. An increase in 

phosphorus can even be detrimental as it increases susceptibility to photoinhibition (Litchman, 2003). 

Hence, it is likely that increased thermocline depths offer superior nutrient conditions for C. comensis, 

leading to competitive advantages within the phytoplankton assemblage (Catalan et al., 2002a, Cantin 

et al., 2011, Jager et al., 2010, Jäger et al., 2008, Huisman et al., 2004, Williamson et al., 2010b). Under 

climate change, extreme precipitation events will become more frequent (Gobiet et al., 2014) and thus 

external input of nitrogen compounds into the study lakes will likely increase. Furthermore, the input 

of atmospheric nitrogen into high altitude lakes is increasing and it is likely that this trend will continue 

(Catalan et al., 2013). As a result, C. comensis may become more abundant in lakes at higher elevations 

within the study region. 

This study further demonstrated a significant positive correlation between August surface water 

temperature and the relative abundance of C. comensis (Figure 13; GLM: p = 0.025, R² = 0.66; GAM: 

FT_S = 34.27, p < 0.001, R²adj = 0.941, AIC = 215.3). Epilimnetic water temperature was found to be 

correlated with various parameters that may in turn be relevant to C. comensis growth. These include 

the duration of ice cover (Catalan et al., 2002, Koinig et., 2002, Sorvari et al., 2002), the strength of 

summer stratification (Catalan et al., 2013, Korhola et al., 2002, Reavie et al., 2017, Rühland et al., 

2008, Rühland et al., 2015, Saros et al., 2016b, Thompson et al., 2005), elevation and consequently 

catchment characteristics (e.g. Kamenik et al., 2001, Livingstone et al., 1999) as well as light availability 

(Malik et al., 2017, Saros and Anderson, 2015, Tolotti et al., 2012, Winder et al., 2009). All of these 

parameters in turn influence lake biogeochemical cycling (Catalan et al., 2002a, Catalan et al., 2002c). 

Based on the data of the present study, buoyancy frequency within the epilimnion (which corresponds 

to the strength of summer stratification) did not significantly influence C. comensis growth. However, 

August surface water temperature was negatively correlated with elevation, implicating possible 

interactions with variables that were not assessed, such as the duration of ice cover, which in turn 

depends on catchment characteristics and can influence light availability. Further research should 

integrate these possible secondary effects to further specify the influence of epilimnetic temperature 

on C. comensis. 
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3.7 Conclusions 

The present study underscores the potential of the diatom C. comensis to be used as an indicator of 

rising lake temperatures under elevated nitrate concentrations. Cyclotella comensis abundance is 

indicative of relatively deep thermoclines, whereas the strength of summer stratification was not an 

important driver of C. comensis abundance within the sampled lakes. At present, the conditions in 

montane lakes of the northern European Alps are especially favourable for C. comensis. As 

temperatures rise, the tree line will shift upwards, catchment vegetation and soil formation will 

enhance and extreme precipitation events will become more frequent. All of these consequences of 

climate change will lead to higher input of organic compounds, including nitrate, into mountain lakes. 

Therefore, it is possible that C. comensis will also increase in abundance and possibly dominate lake 

plankton in subalpine or even alpine lakes in the future, if thermoclines are sufficiently deep and 

epilimnetic water temperatures continue to rise. 
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4 Sedimentary, planktic and littoral diatom metacommunities in 

mountain lakes of the northern European Alps show divergent 

assembly patterns 

A similar version of this chapter is currently under review in Hydrobiologia. 

Author contributions: This study was conceived by Stefan Ossyssek (SO) in consultation with Uta 

Raeder (UR) and Jürgen Geist (JG). On-site-measurements and laboratory analyses were carried out by 

SO. Diatom preparation and microscopic analyses was done by SO and Andrea Maria Hofmann (AMH). 

Statistical analysis, visualisation and data interpretation was conducted by SO. The manuscript was 

drafted by SO and continuously refined, improved and edited by UR, JG and AMH. 

4.1 Abstract 

This study analysed diversity patterns of sedimentary, littoral and planktic diatoms in 43 mountain 

lakes in the northern European Alps and identified processes that contribute to these patterns. Linear 

regression models showed a significant increase of sedimentary α-diversity with lake area and 

conductivity, and a negative trend along the elevational gradient, while the littoral diatom α-diversity 

increased significantly with conductivity and lake water temperature. Planktic diatom α-diversity 

significantly increased in shallow and small lakes. August water temperature, total phosphorus, 

conductivity, and lake depth explained a significant part of the variation and were significantly 

correlated with pairwise β-diversities in the data sets, but spatial and shared effects were more 

important for planktic and littoral diatoms. A null-model approach revealed that the structure of 

littoral and planktic assemblages was predominantly stochastic. In contrast, sedimentary diatoms were 

formed by both deterministic and stochastic processes. Abundant and widespread species contributed 

a large part to the assemblage β-diversity. The results point to a stronger role of niche assembly in 

sedimentary than for littoral and planktic diatoms. Dispersal limitation, in turn, is likely to contribute 

to the spatial patterns and stochastic assembly processes observed for littoral and planktic diatoms. 

4.2 Introduction 

Understanding the spatio-temporal patterns of diatom diversity is one of phycologists’ most important 

goals. Species richness, i.e. α-diversity, and differences among local community composition, in other 

words β-diversities, contribute to a region’s species diversity (Whittaker, 1972). Different patterns of 

diatom diversity were found for the two components. For example, there is evidence that harsh 

environmental conditions can lead to species-poor diatom assemblages in streams (Bae et al., 2011), 

while stream diatom β-diversity showed an unimodal relationship with altitude across several 
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biogeographical regions (Wang et al., 2020a). Other studies highlight the importance of disturbance 

(Teittinen et al., 2016) and nutrients for stream diatom richness (Wang et al., 2011). Diatom diversity 

in lakes is known to be influenced by various local environmental factors such as total phosphorus, i.e. 

nutrient level (Rodriguez-Alcala et al., 2020) and pH (Pither and Aarssen, 2005). Moreover, the role of 

spatial factors for β-diversity patterns is more pronounced in lakes than in streams (Vilmi et al., 2017), 

with the importance of dispersal limitation increasing in more isolated lakes and ponds (Heino et al., 

2015, Shurin et al., 2009). However, few studies have compared the diversity patterns of lake 

assemblages. 

Single diatom assemblages from lakes are commonly used for biomonitoring or as paleolimnological 

proxies. In this context, it is important to ask if different assemblages within a lake respond to the same 

environmental drivers and if the influence of environmental and spatial constraints is consistent 

among assemblages. In a 468-lake set in the USA, Winegardner et al. (2015) found that environmental 

and spatial variables explained a similar part of the variance in sedimentary and planktic assemblages. 

They also found that productivity-related variables structured both sets of communities. Studies from 

tropical reservoirs are in line with these findings (Bartozek et al., 2019, Zorzal-Almeida et al., 2017). In 

turn, for planktic and benthic diatoms across south American lakes, a dominant role of spatial and 

topographical factors was detected, especially in mountain regions (Benito et al., 2018). Such analyses 

are still lacking for European lakes.  

Consequently, this paper aimed to investigate if α- and β-diversity patterns are congruent among 

sedimentary, littoral and planktic diatoms in the mountain lakes of the northern European Alps. The 

relative contribution of local environmental variables and spatial predictors was evaluated and the 

importance of stochastic versus deterministic processes was measured. These complementary 

approaches were used to disentangle the effects of unmeasured yet important environmental factors 

and dispersal processes that both may lead to spatial patterns in community structure (Heino and 

Soininen, 2005, Soininen et al., 2007). Even though β-diversity results may be context-dependent, 

dispersal processes’ strength depends on spatial scale (Graco-Roza et al., Leboucher et al., 2019, 

Soininen, 2007) and isolation (Ramos-Jiliberto et al., 2009); differences among assemblages may be 

representative for mountain regions elsewhere. Dispersal processes include dispersal limitation and 

excessive dispersal, so-called “mass effects”. The latter may homogenise communities, and it was 

recently shown that some specific taxa may be affected more than others (e.g., Benito, Fritz, Steinitz-

Kannan, Velez, McGlue, 2018, Blanco et al., 2020, Jamoneau, 2018, Leboucher, 2020). Thus, dispersal 

limitation and mass effects may operate simultaneously but may be disentangled by examining the 

individual species’ contribution to β-diversity. 

Based on the approaches mentioned, the following hypotheses were tested:  
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1. Along the altitudinal gradient, diatom α-diversity decreases as environmental conditions 

become harsher at higher altitudes, selecting for a few adapted species 

2. The influence of spatial variables is weaker with sedimentary diatoms than with littoral and 

planktic diatoms due to the integration of introduced diatoms across several seasons 

3. Dispersal limitation contributes to spatial patterns among littoral and planktic diatoms because 

most lakes are isolated 

4.3 Study sites 

The 43 study lakes are in Bavaria (Germany) and Tyrol (Austria) and span a longitudinal gradient of 

220 km and a latitudinal gradient of 50 km (Figure 16).  

 

Figure 16: Geographical and zonal locations of the selected lakes in the northern Alps in Austria and Germany. 
Background map is based on SRTM Data. 

Most lakes of this study are located on carbonate bedrock and are well-buffered, as reflected by their 

pH of between eight and nine (Table S 3). The altitudinal gradient comprises the vegetation zones of 

montane forest (750 – 1,400 masl), subalpine forest (1,400 – 1,700 masl) and alpine meadows (1,700 

– 2,500 masl). In this region, the montane forest is dominated by beech (Fagus sylvatica), spruce (Picea 

abies) and maple (Acer pseudoplatanus); the subalpine forest mainly consists of spruce and pine at the 

ecotone to bare meadows (Pinus mugo ssp. mugo). In alpine meadows, shrubs (e.g., Rhododendron 

hirsutum), grasslands (e.g., Carex sempervirens) and fellfields mostly predominate.  

Most lakes were formed by cirque glaciers and are typically small (< 3 ha) and shallow (<10 m) (Table 

S 3) with a single deep zone. Two of the lakes are karstic; they are nearly round and deeper than the 

other lakes in relation to their surface. Six of the lakes are polymictic, and macrophytes are found in 

26 of the 43 lakes sampled. 
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4.4 Methods 

Sampling and laboratory procedures 

The 43 lakes were sampled twice during the ice-free period: once between June and mid-August and 

once between August and November. Thirty-six lakes were investigated In 2016 and seven in 2017. On 

the first sampling date, lake bathymetry was determined with an echo sounder (Lawrence HDS8, Oslo, 

Norway) and subsequently, a buoy was installed, attached by rope to a stone at the deepest point of 

each lake. Temperature loggers (Onset Pendant UA-001-64 HOBO, Bourne, USA) were mounted on the 

rope 0.5 m above the ground and 0.5 m below the water surface. During most of the ice-free period, 

the loggers in the lakes were exposed to assess the temperature regime and the lake’s mixing type. On 

both sampling dates, physical variables (temperature, oxygen saturation, pH and electrical conductivity 

at 25 °C) were measured with a multiprobe (WTW 350, Weilheim, Germany) in one-metre steps above 

the deepest point of each lake. After measuring the Secchi depth, 0.5 litres of a mixed water sample - 

comprising the euphotic zone (CEN, 2015) - was collected with a hose sampler. One half of the water 

sample was filtered (0.45 µm) on-site and stored at 4 °C together with the unfiltered rest until further 

processing at the laboratory.  

Another litre of water was taken from the euphotic zone with the hose sampler and preserved with 

Lugol’s solution to analyse planktic diatom communities (Throndsen, 1978b). Planktic samples could 

only be taken from every lake on the first sampling date. Periphytic diatom assemblages were assessed 

by scraping off the diatom communities of five stones at depths of between 20 cm and 50 cm in the 

northern and southern littoral zone of each lake with a single-use toothbrush (DIN, 2014). At nine sites, 

no stones were present in the littoral zone. On the second sampling date, sediment cores were taken 

from the deepest point of each lake with a gravity corer (Uwitec, Mondsee, Austria) to assess the 

sedimentary diatom communities from all 43 lakes according to Kuefner et al. (2020a). Hence, three 

diatom assemblages could be sampled: planktic diatoms from the open water, periphytic diatoms from 

the northern littoral zone and sedimentary diatoms (the uppermost centimetre of each sediment core) 

from the deepest point of each lake.  

All chemical analyses were carried out at the laboratory of the Limnological Research Station Iffeldorf 

at the Technical University of Munich, Germany. Standard colorimetric methods using a Hitachi 

150-200 photometer (Chiyoda, Japan) were applied to determine the concentrations of total 

phosphorus (Murphy and Riley, 1962), nitrate-N (Navone, 1964), ammonia-N (DIN, 1983) and silica. 

The concentrations of major ions (calcium, magnesium, and sodium) were analysed using a cation 

chromatograph (Thermo Scientific, ICS-1100, Waltham, USA).  
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Planktic diatom samples (1 L) were filtered with 0.45 µm syringe filters, and the residue on the filters 

was further processed (Nixdorf et al., 2014a). The uppermost centimetre of each sediment core was 

used to assess the sedimentary diatom assemblages present. The residue of the filters of the planktic 

samples, the sediment samples and the littoral samples were processed in the same way: preparation 

of the diatoms was carried out according to van der Werff and Macan (1955). A total of 500 valves 

were identified in each case using a Leica DNM microscope (Wetzlar, Germany) at 1000-x magnification 

to analyse the composition of the diatom samples. Eleven of the 43 planktic samples were excluded 

from the data analysis because they contained an insufficient number of valves. Taxa were counted at 

the species level and where possible, at the subspecies level. Individuals that could not be identified 

were given working names. Standard literature was used for identification (Krammer and Lange-

Bertalot, 1991a, Krammer and Lange-Bertalot, 1991b, Krammer and Lange-Bertalot, 1997b, Krammer 

and Lange-Bertalot, 1997a, Krammer, 2000, Lange-Bertalot, 2001, Krammer, 2002, Lange-Bertalot et 

al., 2017). 

Data analysis 

For each sample of the three assemblages, α-diversity was computed as species richness and Shannon 

diversity. Both measures of α-diversity were included as they are frequently used in the context of 

conservation (Spellerberg and Fedor, 2003) but may reveal different patterns along environmental 

gradients (Stirling and Wilsey, 2001). Differences in mean α-diversity among the assemblages were 

assessed with the Wilcoxon Test as diversities were not distributed normally (Wilcoxon, 1945). 

Relations between environmental variables and α-diversity measures were investigated using linear 

regression models and multiple R²-values were calculated for significant models.  

The mean and pairwise β-diversity of diatom communities was calculated for sedimentary, littoral and 

planktic assemblages for abundance and incidence data, based on the method proposed by Baselga 

and Orme (2012). For the abundance data, the multiple-site Bray-Curtis dissimilarity (βtot) was 

computed and then partitioned into its “abundance balanced variation” (βbal) and “abundance 

gradients” (βgra) components (Baselga, 2017). For incidence data, β-diversity was calculated as a 

Simpson diversity (βsim) and then partitioned into its component for turnover (representing the 

Sorensen dissimilarity which measures species replacement) (βsor) and nestedness (representing the 

nestedness component of the Sorensen dissimilarity, reflecting species loss) (βsne) following Baselga 

(2010). The contribution to abundance and incidence-based β-diversity (SCBD) of each species was 

assessed according to Legendre and De Caceres (2013). The relationship between SCBD-values and 

species abundance and occurrence was modelled using polynomial regression models.  
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The β-diversity variation among lakes was investigated by distance decay analysis (Dray, 2020). The 

effect of spatial, environmental and altitudinal distance on total β-diversity (βtot, βsim) and its 

components (βbal, βgra, βsor, βsne) was investigated with partial Mantel tests (Borcard et al., 1992). 

Significance levels and r-values were calculated for each combination while controlling for the other 

distance matrices to obtain the exclusive effect values of the factor of interest. The decay of 

assemblage similarity with spatial, altitudinal and environmental distance was assessed by fitting 

negative exponential functions using the “decay.model” function in the “beta part” package (Baselga 

and Orme, 2012). Distance decay analysis of the abundance and incidence data was complemented 

with variation partitioning to investigate the proportion of variance explained by environmental and 

spatial variables using Euclidean distances (Borcard et al., 1992).  

To choose the environmental variables used in distance decay analysis and variation partitioning, 

separate redundancy analysis (RDA) models for sedimentary, littoral and planktic diatom assemblages 

were computed based on Hellinger-transformed assemblage data (Legendre and Gallagher, 2001). 

Only variables with variance inflation factors less than five for all data sets were included in the RDAs. 

VIF´s were calculated and variables were selected with the “step.vif” function in the “usdm” R package 

(Naimi, 2017). The same ten variables were selected for each dataset and used for all further 

calculations. Pearson correlations were calculated for these variables, and p-values were Bonferroni-

Holm-corrected. Based on the results, correlation plots were produced using the “corrplot” function 

to identify significantly correlated variables (Wei and Simko, 2017b). All variables except for altitude 

and pH were log transformed and the full data set was scaled before RDA using the “scale” function in 

“vegan.” Only variables that were identified by forward selection using the “ordiR2step” function in 

“vegan” (p < 0.05) were incorporated into the final environmental distance matrix (Blanchet et al., 

2008). The altitudinal distance matrix used in distance decay analysis and variation partitioning was 

calculated based on Euclidean distances between sites. Distance-based Moran´s eigenvector maps (db 

MEM) based on the geographical coordinates of the lakes were used in variation partitioning (Dray et 

al., 2006) to explore spatial effects. Eigenvectors were selected using the “mem.select” function in the 

“ade4” R package. This function runs a forward selection based on R²-values after a global test of 

significance (Bauman et al., 2018). The significance of each MEM was assessed with the 

“moran.randtest” function that computes Moran´s index and calculates p-values using random 

permutations. To measure the relative strength of stochastic versus deterministic processes, a null-

model approach was applied using the “tNST” function in the “NST” R package (Ning et al., 2019). Null-

models were calculated for all three diatom data sets and abundance data using the Bray-Curtis 

distance and incidence data using the Jaccard index. This function produces results ranging from 0 to 

100, with values below 50, indicating a prevalence of deterministic processes and values above 50, 

denoting stochasticity. The results for the data sets were compared by ANOVA, PANOVA and 
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PERMANOVA with 1000 resampling runs. All the analyses were computed using version 3.6.6 of the 

“R” free statistics software, except for NST analysis, which was conducted using version 4.1.3 

(R Core Team, 2013). Data curation was facilitated using the “dplyr” package (Wickham and François, 

2014).  

4.5 Results 

Environmental variables 

Variables with VIFs < 5 were altitude (“alt”), lake area (“area”), lake depth (“depth”), nitrate (“NO3”), 

total phosphorus (“TP”), silicate (“Si”), pH, conductivity (“cond”), August bottom temperature (“ABT”) 

and August surface temperature (“AST”). A significant negative Pearson correlation was found in all 

data sets between conductivity and altitude, conductivity and pH and ABT and depth (p < 0.05, Figure 

S 15).  

α-diversity 

The mean species richness and Shannon diversity were significantly higher for sedimentary and littoral 

diatom assemblages than for planktic assemblages (Wilcoxon Test, p < 0.001; Figure 17). 

 

Figure 17: Boxplots for species richness and Shannon diversity in 
sedimentary (“S”, n=43), littoral (“L”, n=34) and planktic (“P”, n=32) 
diatom assemblages. Asterisks indicate significantly higher mean values 
for sedimentary and littoral data compared to planktic data (Wilcoxon 
Test: P < 0.001). 

Species richness of sedimentary samples was negatively correlated to altitude (p = 0.02, R² = 0.10) and 

positively correlated to area (p < 0.001, R² = 0.21), depth (p = 0.02, R² = 0.10) and conductivity (p = 

0.01, R² = 0.12). Positive correlations were detected between littoral diatom richness and conductivity 

(p = 0.04, R² = 0.10), ABT (p < 0.001, R² = 0.22) and AST (p = 0.01, R² = 0.18), while a negative correlation 

was found for planktic diatom richness and depth (p = 0.01, R² = 0.17, Figure S 5). The Shannon diversity 

of sedimentary diatom assemblages was positively correlated with area (p = 0.04, R² = 0.08) and 

positively correlated with conductivity (p = 0.04, R² = 0.10) for littoral diatoms. The Shannon diversity 
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of planktic diatoms was negatively correlated to area (p < 0.001, R²=0.21) and depth (p < 0.001, R² = 

0.24, Figure S 6).  

β-diversity and community assembly 

The β-diversities among the lakes were generally high (βtot: 0.925 - 0.964), and the component for the 

balanced variation and turnover always accounted for the main part of the total β-diversity (Table 7). 

Table 7: Mean β-diversity values for abundance and incidence 
data for sedimentary (“S”), littoral (“L”) and planktic (“P”) 
diatom assemblages. 

  βtot βgra βbal βsor βsne βsim 

S 0.964 0.002 0.962 0.954 0.022 0.932 

L 0.925 0.003 0.922 0.926 0.020 0.906 

P 0.954 0.007 0.947 0.942 0.033 0.909 

 

Significant variables of the RDA models chosen by forward selection (p < 0.05) were TP, AST, and depth 

for sedimentary and planktic diatom assemblages. Conductivity and AST had a significant effect on 

littoral diatoms (Table 8). 

Table 8: Percent of explained variance (“Var.”), 
F-values and p-values based on Monte Carlo 
permutation tests for variables selected by 
forward selection for sedimentary (“S”), littoral 
(“L”) and planktic (“P”) diatom communities. 

 ANOVA       

  Variable Var. (%) F p 

S depth 2.7 1.83 0.013 

 TP 3.7 2.51 0.002 

 AST 2.9 1.96 0.006 

L cond 2.1 1.87 0.016 

 AST 2.7 2.41 0.005 

P depth 6.1 3.06 0.006 

 TP 5.2 2.63 0.006 

  AST 4.0 2.04 0.025 

 

Mantel tests and regression models produced similar results when comparing species dissimilarity with 

environmental, geographical, and altitudinal distance (bold values in Table 9). For five combinations, 

either Mantel tests or regression models indicated a significant correlation (grey shading in Table 3). 

The abundance- and incidence-based dissimilarity of all assemblages increased significantly with 

increasing environmental distance. Planktic assemblages were significantly less similar with increasing 
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lake distance, while for littoral diatoms, this was only true for the components representing Simpson 

diversity and abundance gradients. Dissimilarity of sedimentary incidence data significantly decreased 

with altitudinal distance (Table 9, Figure S 7 - Figure S 12).  

Table 9: Model statistics for partial Mantel tests and exponential regression models for the distance decay of β-
diversity along with environmental distance, geographical distance, and altitudinal distance for sedimentary 
(“S”), littoral (“L”) and planktic (“P”) assemblages. Statistical tests and regression models were calculated for 
pairwise β-diversity values derived from incidence data (βsor) and its components for turnover and nestedness 
(βsim, βsne) as well as for abundance data (βtot) and its components for balanced variation and abundance 
gradients (βbal, βgrad). p = P-value, r = Mantel r-value, ps. R²= pseudo R². Bold font (of numbers) indicates the 
significance of both the Mantel test and the exponential regression model, and grey shading indicates the 
significance of either the Mantel test or the exponential regression model. 

  S L P 

 Mantel Test Regression Mantel Test Regression Mantel Test Regression 

  p r p ps. R² p r p ps. R² p r p ps. R² 

 environmental distance 

βsim 0.001 0.019 0.044 0.010 0.103 0.125 0.200 0.016 0.242 0.041 0.520 0.002 

βsne 0.743 0.452 0.002 0.510 0.194 0.082 0.360 0.006 0.342 0.025 0.800 0.001 

βsor 0.001 0.091 0.060 0.010 0.007 0.226 0.010 0.052 0.148 0.083 0.340 0.007 

βbal 0.007 0.166 0.010 0.027 0.018 0.204 0.020 0.042 0.014 0.170 0.010 0.032 

βgrad 0.779 -0.051 0.500 0.003 0.770 -0.103 0.550 0.008 0.362 0.029 0.750 0.001 

βtot 0.005 0.171 0.010 0.029 0.026 0.193 0.030 0.038 0.002 0.215 0.010 0.048 

 geographical distance 

βsim 0.324 0.023 0.122 0.009 0.024 0.153 0.043 0.024 0.004 0.173 0.004 0.031 

βsne 0.536 -0.008 0.198 0.005 0.998 -0.139 0.045 0.019 0.504 -0.009 0.887 0.001 

βsor 0.319 0.024 0.283 0.004 0.089 0.095 0.148 0.009 0.008 0.223 0.008 0.054 

βbal 0.320 0.023 0.679 0.001 0.380 0.001 0.765 0.001 0.001 0.287 0.001 0.100 

βgrad 0.530 -0.008 0.904 0.001 0.001 0.150 0.001 0.201 0.999 -0.187 0.037 0.034 

βtot 0.320 0.024 0.653 0.001 0.117 0.004 0.218 0.009 0.002 0.230 0.001 0.063 

 altitudinal distance 

βsim 0.060 0.095 0.030 0.017 0.297 0.042 0.244 0.008 0.158 0.055 0.276 0.004 

βsne 0.408 0.009 0.995 0.001 0.487 -0.003 0.689 0.001 0.687 -0.037 0.649 0.001 

βsor 0.019 0.138 0.006 0.032 0.234 0.054 0.032 0.021 0.301 0.036 0.496 0.003 

βbal 0.131 0.065 0.094 0.009 0.979 -0.155 0.498 0.003 0.286 0.036 0.322 0.005 

βgrad 0.972 -0.103 0.059 0.012 0.926 -0.129 0.101 0.024 0.494 -0.008 0.979 0.001 

βtot 0.156 0.060 0.116 0.008 0.991 -0.178 0.337 0.006 0.268 0.039 0.212 0.006 

 

The contribution of individual species to β-diversity (SCBD) correlated well with species abundance and 

the number of lakes (Nlake) for all data sets using species incidence and abundance data, except for 

sedimentary and littoral species incidence data (Figure S 13, Figure S 14). The most abundant species 

had above-average SCBD-values, indicating that these species do not homogenise diatom 

metacommunities. Selected eigenvectors based on Hellinger-transformed abundance data were MEM 

1 (Sed., p1 = 0.008), MEM 3 and 12 (Lit., p3 = 0.024, p12 = 0.041) and MEM 1,2,6 and 7 (Pla., p1,2,6 = 
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0.006, p7 = 0.042) for sedimentary, littoral, and planktic assemblages, respectively. Based on incidence 

data MEM 3 and 5 (Sed., p3 = 0.020, p5 = 0.009), MEM 1,2,3 and 12 (Lit., p1 = 0.49, p2 = 0.007, p3 = 

0.022, p12 = 0.009) and MEM 1,2 and 9 (Pla., p1,9 = 0.005, p2 = 0.002) were selected for sedimentary, 

littoral, and planktic assemblages, respectively. 

Results for variation partitioning confirmed the principal patterns detected by distance decay analysis. 

The forward selected variables explained a significant part of variance for all assemblages. The MEMs 

selected had a greater explanatory power for littoral and planktic assemblages than for sedimentary 

diatoms. This also accounted for explained variation through shared effects. Unexplained variation was 

generally lower when using abundance data (Table 10). 

Table 10: Variation partitioning results for the pure 
and shared fraction (indicated by “+”) of variance 
explained by environmental (“E”), spatial (“S”) and 
altitudinal (“A”) distance as well as unexplained 
variance (“U”) for abundance and incidence data of 
sedimentary (“S”), littoral (“L”), and planktic (“P”) 
diatom assemblages. 

 

 

Null models based on abundance and incidence data indicate a strong stochastic influence on littoral 

and planktic communities. Assembly processes were significantly different for sedimentary diatoms, 

showing a more balanced deterministic and stochastic influence (Table 11).  

  

 Abundance Incidence 

 S L P S L P 

E 5 1 7 2 3 4 

S 1 2 8 1 4 5 

A 0 0 1 1 0 2 

E + S 0 3 5 0 0 2 

E + A 1 4 0 0 2 0 

S + A 0 0 1 0 0 0 

E + S + A 0 0 3 1 0 1 

U 91 91 78 95 90 87 
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Table 11: NTS results (“NTS”), standard deviation (“SD”) as well as the F-statistic and p-values for ANOVA, 
PANOVA and PERMANOVA for pairwise comparison of NTS-values for sedimentary (“S”), littoral (“L”) and planktic 
(“P”) assemblages based on Bray-Curtis distance (“BC”) and Jaccard index (“JA”). Bold font (of numbers) indicates 
significance (p < 0.05). 

Group 
1 

Group 
2 

NTS 1 NTS 2 SD 1 SD 2 ∆NTS1_NTS2 F panova ppanova pperm 

SBC LBC 0.492 0.901 0.059 0.039 -0.409 107.658 < 0.001 0.001 < 0.001 

SBC PBC 0.492 0.796 0.059 0.074 -0.304 10.014 0.001 0.004 0.001 

LBC PBC 0.901 0.796 0.039 0.074 0.105 7.063 0.008 0.211 0.453 

SJA LJA 0.606 0.893 0.071 0.049 -0.287 330.712 < 0.001 0.004 < 0.001 

SJA PJA 0.606 0.768 0.071 0.079 -0.162 74.999 < 0.001 0.106 0.035 

LJA PJA 0.893 0.768 0.049 0.079 0.125 6.441 < 0.001 0.126 0.469 

 

4.6 Discussion 

We compared the patterns of diatom α- and β-diversity for sedimentary, littoral and planktic 

assemblages within a 43-lake set across the montane, subalpine and alpine region in the northern 

European Alps. Diatom α-diversity was correlated to altitude, lake depth and area, water temperature 

and conductivity. The variables explaining a significant portion of community composition were total 

phosphorus, AST and lake depth for sedimentary and planktic diatoms, as well as AST and conductivity 

for littoral diatoms. Spatial descriptors and spatial distance were important in explaining littoral and 

planktic diatom community structure, and stochastic community assembly dominated in both groups. 

In contrast, deterministic and stochastic processes were equally important for sedimentary diatoms 

and spatial patterns were subordinate. 

Niche assembly 

Our hypothesis that α-diversity decreases with altitude holds true for sedimentary diatom richness, 

but other variables additionally explained the variation in α-diversity for all data sets. This underpins 

the high variability in local diatom diversity patterns along the elevational gradient. For example, in 

subarctic mountain ponds (Heikkinen et al., 2022) and streams (Teittinen et al., 2016), no significant 

richness-elevation pattern was found, while an unimodal relationship was detected for a different set 

of subarctic ponds (Teittinen et al., 2017) and a monotonic positive relationship was found for Swiss 

mountain springs (Taxbock et al., 2020). Combined with these studies, our findings point to the 

importance of additional mechanisms that act independently of altitude in forming local diatom 

diversity.  

The positive correlation of conductivity with littoral and sedimentary α-diversity that was detected 

probably reflects an influence of alkalinity because, in our dataset, the concentration of calcium and 

magnesium correlated highly with conductivity (Ossyssek et al., 2022b). This is in line with the 
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monotonic increase of benthic diatom richness with alkalinity in US streams (Smucker and Vis, 2011), 

the decrease of diatom richness in fens along a gradient from calcareous to mineral-poor conditions in 

the western Carpathians (Frankova et al., 2009) and the increase in epilithic diatom richness with 

conductivity in Swiss mountain springs (Taxbock et al., 2020). The important role of alkalinity in diatom 

community structure is beyond doubt (e.g. Wilson & Gajewski, 2002), and the classification of diatom 

indicator taxa according to the alkalinity of lakes suggests species-specific optima (Jarvinen et al., 

2013). Based on the positive correlation of alkalinity and dissolved inorganic carbon (i.e. HCO3
-  under 

near-neutral pH values), Baattrup-Pedersen et al. (2022) suggest that species-specific alkalinity 

preferences may be coupled to different HCO3
- uptake efficiencies. Moreover, carbon metabolism in 

diatoms depends on phosphorus limitation and is species-specific, potentially influencing niche 

partitioning among taxa (Brembu et al., 2017). Thus, it is likely that alkalinity has a direct effect on 

diatom α-diversity. However, we do acknowledge that the intercorrelation of conductivity and 

elevation may mask a direct effect of elevation on diatom richness, as suggested by Teittinen et al. 

(2017).  

For sedimentary diatoms, the correlation of lake area and depth with α-diversity likely reflects an 

influence of increasing habitat diversity, which was correlated to diatom richness in streams and 

springs (Smucker and Vis, 2011, Taxbock et al., 2020). Sedimentary assemblages integrate diatoms 

from the whole lake including the pelagic and littoral zone through taphonomic processes (Smol et al., 

2001) and thus reflect the diversity of habitats that is likely to increase with lake size. For planktic 

diatoms, the correlation of lake depth and AST probably reflect an effect of lake mixing conditions on 

α-diversity, indicated by the high number of benthic species in shallow and polymictic lakes. In turn, 

deep and warm lakes, that tend to be stratified, are frequently dominated by one or only a few taxa 

(Ossyssek et al., 2020). Our results further show that Shannon diversity and species richness are not 

interchangeable as a measure of α-diversity, as they are correlated with different environmental 

variables in some cases. This calls for the application of both measures in diatom studies to assure 

better comparability. Overall, our results only give a weak indication of the elevational structuring of 

diatom richness in mountain lakes in the northern European Alps and reveal different processes that 

control α-diversity among sedimentary, littoral and planktic assemblages.  

As hypothesised, sedimentary diatom β-diversity was mainly explained by the local environment, while 

spatial effects were more important for littoral and planktic diatoms. The results are in line with 

previous research that found environmental filtering effects for sedimentary diatoms in temperate 

lakes, which may be attributed to the long-term integration of environmental conditions through 

sedimentary assemblages (Verleyen et al., 2009, Winegardner et al., 2015). The concordance of 

environmental predictors for sedimentary and planktic assemblage composition reflects the results of 
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previous studies of north American lakes (Winegardner et al., 2015) and tropical reservoirs (Bartozek 

et al., 2019, Zorzal-Almeida et al., 2017). Accordingly, the paleolimnological investigations of diatoms 

reliably reflect environmental constraints for pelagic diatom assemblages and vice versa, supporting 

previous paleolimnological studies from the lake set (Hofmann et al., 2021, Kuefner et al., 2020a, 

Kuefner et al., 2020b). AST was the sole variable correlating with β-diversity among all assemblages, 

possibly reflecting a direct effect of AST on diatom silicification among the study lakes (Kuefner et al., 

2020d). Influence on planktic and sedimentary community composition may be through different 

diatom buoyancy. Secondary effects of AST and lake depth may be through the coupling of water 

temperature and lake morphology with lake mixing patterns (Niedrist et al., 2018, Read et al., 2011), 

which influence planktic community composition in the study lakes (Ossyssek et al., 2020). In turn, 

pure environmental effects were low for littoral diatoms, and a shared effect of environment and 

altitude was more important. This suggests an influence of unmeasured variables intercorrelated with 

altitude and AST. The significant correlation of TP with the sedimentary and planktic diatom β-diversity 

reveals a sensitive reaction of the assessed assemblages towards nutrient conditions that ranged from 

ultraoligotrophic to mesotrophic. These findings confirm previous results, suggesting an influence of 

anthropogenic pressure on the share and abundance of Red List species (Ossyssek et al., 2022b).  

Spatial patterns 

The significant correlation between spatial distance and littoral and planktic β-diversity, as well as the 

explained variation by the selected eigenvector maps reflect either spatial structures among 

unmeasured variables that influence diatom composition or dispersal effects (Leibold and Chase, 

2018). The NTS index indicated a strong influence of stochastic processes for littoral and planktic 

assemblages. These include stochastic birth-death occurrence, i.e. ecological drift, dispersal processes, 

and historical contingency (Ning et al., 2019). Ecological drift may indeed be relevant for diatoms, but 

this has not yet been directly proven (Remmer et al., 2019). Historical contingencies are known to 

influence diatom communities, but they ought to influence sedimentary assemblages even stronger 

than littoral and planktic diatoms (Gonzalez-Trujillo et al., 2021). Thus, the NTS results suggest that 

dispersal processes contribute to the observed stochasticity within littoral and planktic diatoms. 

Dispersal limitation or mass effects can lead to spatial structures of β-diversity and stochasticity 

(Leibold and Chase, 2018). Evidence for a prevalence of mass effects in planktic and littoral diatom 

communities remains scarce, and even in regions where high migration rates can be expected, only 

slight indication of mass effects was found (Michels et al., 2001, Cottenie, 2005). In our dataset, the 

contribution of the most abundant species to β-diversity was above average. If mass effects influenced 

these species, this fact ought to lead to the homogenisation of assemblages, being associated with a 

lower contribution of these species to overall β-diversity. However, mass effects among adjacent lakes 
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cannot be excluded, and they may also influence less abundant species (Bried and Vilmi, 2022, 

Leboucher et al., 2020). In our study, three pairs of lakes were within the same water basin, so they 

are more likely to be influenced by mass effects than the other lakes were. However, it appears unlikely 

that this would result in a strong stochastic effect across the whole lake set. More generally, the high 

overall β-diversity of planktic and littoral diatoms and the significance of the component that 

represents species loss (βSim) when using incidence data, further point to dispersal limitation rather 

than to mass effects. As a result, different evidence suggests a contribution of dispersal limitation to 

littoral and planktic diatom β-diversity, confirming our initial hypothesis. 

Residual variation 

Explained variation of variation partitioning for the sedimentary, littoral and planktic abundance data 

set was relatively low (9 %, 9 %, and 22 %, respectively), and it was even lower for incidence data (5 %, 

10 %, and 13 %, respectively). Such a low amount of explained variation is not unusual in studies 

investigating diatom metacommunity structure, and it lies within the range of values reported by other 

studies for diatoms within Europe (6 – 27 %) (Kernan et al., 2009, Szabo et al., 2018, Szabo et al., 2019, 

Teittinen et al., 2017). The inclusion of further environmental variables may increase the explanatory 

power of the investigated assemblages (Soininen et al., 2021). For sedimentary and planktic diatoms, 

further important variables may be total organic and inorganic carbon and dissolved organic carbon 

(DOC) (Vinebrooke and Leavitt, 1999), which are known to be influenced by catchment variables such 

as land cover (Kamenik et al., 2001) and which may thus vary within our dataset that spans a variety 

of vegetation zones. Therefore, adding those environmental variables can potentially enhance the 

explanatory power of pure environmental effects or of shared effects of environment and altitude. For 

sedimentary diatoms, this is only likely to reinforce the principal pattern detected, namely that 

environmental gradients are an important driver of diatom metacommunity structure. For planktic and 

littoral diatoms, the importance of the environmental component may increase, and pure spatial 

effects may decrease if additional environmental variables are spatially structured. An increase in 

explanatory power can be expected for littoral diatoms if the microhabitat structure is taken into 

account (Pla-Rabes and Catalan, 2018). More generally, interspecific interactions do shape diatom 

community patterns through nutrient competition (Manoylov, 2009), parasitism (Kagami et al., 2007), 

or grazing (Wigdahl-Perry et al., 2017). Including the composition and density of other biotic groups 

should also increase the explained variation.  

Another factor that may help explain diatom patterns in the study lakes is that of historical legacies 

(Vyverman et al., 2007). These may lead to priority effects that have already been documented for 

ostracods (Castillo-Escriva et al., 2017), aquatic plants (Garcia-Giron et al., 2021) and zooplankton 

(Mergeay et al., 2011, Leibold et al., 2010). In our dataset, such processes may be caused by the 
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introduction of fish (Hobbs et al., 2016, Chen et al., 2011, Ossyssek et al., 2022b) or land-use changes 

(Martin et al., 2017). Identifying lakes that have been affected by such events and transferring the 

analytical scheme of this study to downcore assemblages may help interpret historical legacies, yet 

there are doubts about the completeness and correctness of such information, affecting the ability to 

track responses of biotic assemblages over time.  

A methodological source of residual variation within our study may be that not all samples were 

collected in the same year. Some seasonal effects such as snow and duration of ice cover or longer-

term weather phenomena may have had different effects in the two years of sampling. The impacts 

on the communities sampled will be greater for littoral and planktic diatoms because sedimentary 

samples cover several years of sedimentation, levelling out annual patterns. With regard to littoral and 

planktic diatoms, the measured variables may reflect longer-term ecological constraints. For example, 

nutrient content may mirror heavy rain events (Stockwell et al., 2020). However, it cannot be excluded 

that annual phenomena have changed environmental variables such as turbidity, which was not 

measured. Moreover, previous events may have triggered community-level changes, leading to 

priority effects (Vass and Langenheder, 2017) that will also increase residual variation.  

4.7 Conclusions 

This study sheds light on the factors controlling diatom metacommunity structure in the mountain 

lakes of the northern European Alps. In contrast to our hypothesis, elevation was of minor importance 

for α-diversity. In turn, alkalinity may be more important for local littoral and sedimentary diatom 

diversity, while habitat diversity and lake stratification may influence sedimentary and planktic diatom 

α-diversity, respectively. As expected, sedimentary diatom β-diversity was mainly controlled by 

environmental factors, while planktic and littoral diatom communities also revealed spatial 

constraints. Dispersal limitation likely contributed to the β-diversity patterns of littoral and planktic 

diatoms, substantiated by the importance of stochastic effects for both groups. In practice, the minimal 

spatial impact on sedimentary diatoms suggests that they are reliable bioindicators for total 

phosphorus, surface water temperature and lake depth, while the results for littoral and planktic 

diatoms may be confounded through stochastic assembly processes. In future studies, the inclusion of 

water chemical measurements of carbon compounds, the assessment of other biotic groups, and 

historical legacies may explain increased variance. 
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5 Diatom Red List species reveal high conservation value and 

vulnerability of mountain lakes 

A similar version of this chapter was published as: OSSYSSEK, S., HOFMANN, A. M., GEIST, J. & RAEDER, 

U. 2022a. Diatom Red List species reveal high conservation value and vulnerability of mountain lakes. 

Diversity 2022, 14, 389. 

Author contributions: This study was conceived by Stefan Ossyssek (SO) in consultation with Uta 

Raeder (UR) and Jürgen Geist (JG). On-site-measurements and laboratory analyses were carried out by 

SO. Diatom preparation and microscopic analyses was done by SO and Andrea Maria Hofmann (AMH). 

Statistical analysis, visualisation and data interpretation was conducted by SO. The manuscript was 

drafted by SO and continuously refined, improved and edited by UR, JG and AMH. 

5.1 Abstract 

Mountain lakes are unique and often isolated freshwater habitats that harbour a rich biotic diversity. 

This high conservation value may be reflected by diatoms, a group of algae that is known for its 

reliability as a bioindicator, but which has not been studied extensively in mountain lakes of the 

northern European Alps. In this study, the conservation value of these lakes was assessed by 

characterizing the number, share, and abundance of diatom Red List (RL) taxa and their relationship 

with environmental variables, diatom α and β diversity (assemblage uniqueness). For this purpose, 

linear regression models, generalized linear models, and generalized additive models were fitted and 

spatial descriptors were included when relevant. Of the 560 diatom taxa identified, 64 % were on the 

RL and half of these were assigned a threat status. As hypothesized, a decreasing share of RL species 

in sediment and littoral samples at higher trophic levels was reflected by higher total phosphorus 

content and lower Secchi depth, respectively. Species-rich lakes contained a high number of RL taxa, 

contrasting our hypothesis of a logarithmic relation-ship. In turn, RL abundance increased with 

uniqueness, confirming our initial hypothesis. However, some of the most unique sites were degraded 

by fish stocking and contained low abundances of RL species. The results demonstrate the importance 

of oligotrophic mountain lakes as habitats for rare freshwater biota and their vulnerability in light of 

human impact through cattle herding, tourism, damming and fish stocking. Additional conservation 

efforts are urgently needed for mountain lakes that are still underrepresented within legal 

conservation frameworks. Species richness and uniqueness reflect complementary aspects of RL status 

and thus should be applied jointly. Uniqueness can indicate both pristine and degraded habitats, so 

that including information on human impacts facilitates its interpretation. 
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5.2 Introduction 

In light of the global biodiversity crisis, it is crucial to prioritize conservation on a global, regional, and 

local scale so that limited resources can be used effectively (Mittermeier et al., 1998, Darwall and Vie, 

2005, Groom et al., 2012, Knight et al., 2008, Geist, 2015, Geist, 2011). While aquatic biodiversity in 

freshwater habitats is decreasing rapidly (Dudgeon et al., 2006), conservation measures lag behind 

those taken to preserve and restore terrestrial and marine ecosystems (Darwall et al., 2011). Within 

the European Union, the “Water Framework Directive” (WFD) that was implemented in 2000 aims to 

prevent the deterioration and enhance the status of aquatic ecosystems (EEA, 2021). WFD Annex II 

provides a non-mandatory minimum size limit for reporting the ecological status of lakes of 50 ha, 

which is applied by most member states (Kristensen and Globevnik, 2014). Accordingly, of the 

presumed 600,000 lakes and ponds in Europe (EEA, 1994), the ecological status was reported for less 

than 20,000 lentic water bodies (EEA, 2018). This low sufficiency in reporting for small lakes can be 

assumed to be accompanied by a lower degree of restoration measures applied at these sites. 

However, small lakes are known to have a disproportionately high biodiversity relative to their size 

(Biggs et al., 2017). This may be due to their collective higher habitat diversity compared to a single 

large lake, as demonstrated for littoral macroinvertebrates (Martinez-Sanz et al., 2012). This is 

especially true for small and isolated mountain lakes, which contribute to the overall biodiversity 

through their highly adapted biota (Sommaruga, 2001, Casamayor, 2017). Due to their remoteness, 

many of these environmentally unique lakes are still pristine (Ortiz-Alvarez et al., 2018). This makes 

mountain lakes important sentinels for indirect pressures due to global change (Moser et al., 2019a). 

In turn, dramatic consequences for these ecosystems can arise through direct pressures, such as cattle 

herding (Tiberti et al., 2014a), hut construction (Hofmann et al., 2021) and tourism (Dynowski et al., 

2019), which often lead to the eutrophication of mountain lakes, while fish stocking disturbs their food 

webs and internal nutrient recycling (Tiberti et al., 2014b, Schindler et al., 2001, Detmer and Lewis, 

2019, Ventura et al., 2017, Selene et al., 2020). These direct pressures may be amplified by climate 

change (Hofmann et al., 2021, Tolotti et al., 2012, Kuefner et al., 2020a, Rogora et al., 2018b, Oleksy 

et al., 2020), which is particularly pronounced in mountain regions such as the European Alps (Gobiet 

et al., 2014, Rosbakh et al., 2014). Therefore, it is important to preserve undisturbed oligotrophic 

mountain lakes and to restore degraded ones. 

Diatoms (class Bacillariophyceae) are considered bioindicators that mirror ambient habitat conditions, 

including nutrient levels (Schönfelder et al., 2002), pH (Weckstrom et al., 1997) and water temperature 

(Kuefner et al., 2020b). They reliably indicate eutrophication (Bennion et al., 2004), acidification 

(Battarbee, 1984), and consequences of climate change (Kuefner et al., 2020a). Moreover, diatoms 

constitute a significant portion of algal biodiversity, with a known species richness of 10,000–12,000 
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(Round et al., 1990). Projections of the actual diversity range from 20,000 (Guiry, 2012) to 200,000 

(Mann and Droop, 1996). This known yet still hidden diversity, along with their indicator function, 

makes diatoms ideal conservation targets within aquatic ecosystems.  

The recently updated Red List for diatoms in Germany (Hofmann et al., 2018) can be a valuable 

reference to assess the conservation value of mountain lakes. The threat status of RL species 

incorporates their spatial restrictedness, rarity, as well as long- and short-term population trends and 

thus the likelihood of their local extinction. On a continental scale, rare taxa may simply be captured 

by conserving species-rich regions (Myers et al., 2000), whereas it may be more important to preserve 

high β diversity to prevent species extinction on a regional scale (Drinan et al., 2013, Lukacs et al., 

2013). A high restrictedness and rarity of a taxon should lead to a high contribution to the uniqueness 

of a site, which in turn reflects its local contribution to β diversity (Legendre and De Caceres, 2013). 

This is especially important in small lakes with typically high turnover rates, i.e. high β diversity 

(Martinez-Sanz et al., 2012). Consequently, RL species may be effectively conserved by targeting 

unique assemblages. However, this approach requires the investigation of additional environmental 

parameters since uniqueness may also reflect degraded habitats (Legendre and De Caceres, 2013, 

Socolar et al., 2016, Tonkin et al., 2016). Generally, a high number and share of RL diatoms is indicative 

of rare freshwater habitats (Juran and Kastovsky, 2019), which are typically oligotrophic or dystrophic 

in central Europe (Cantonati et al., 2022b). Diatoms can therefore help to identify important refugia 

for a broader group of threatened freshwater species. Mountain waters are naturally oligotrophic 

habitats. Accordingly, the application of the diatom RL in the southern European Alps has revealed 

high shares of RL taxa in mires (Cantonati et al., 2011), springs (Mogna et al., 2015), streams (Falasco 

et al., 2016) and lakes (Tolotti, 2001). This has allowed important insights concerning the interaction 

between diatoms and catchment geology (Cantonati and Lange-Bertalot, 2006, Cantonati et al., 2020), 

water chemistry (Cantonati and Spitale, 2009), bryophytes (Mogna et al., 2015), stream flow regime 

(Falasco et al., 2016, Falasco et al., 2019) and geodiversity (Cantonati et al., 2020). The conservation 

value remained mostly unknown, especially regarding the updated RL from 2018, for lakes from the 

northern European Alps. Hence, the aim of this study is (1) to identify the environmental correlates of 

RL species in this region and (2) to investigate whether α diversity and uniqueness of diatom 

assemblages reflects the richness, share and abundance of Red List diatoms (hereafter called “RL 

indices”). Specifically, we hypothesize that: (1) lake trophic status is negatively correlated with RL 

indices based on previous findings for springs, mires and lakes from the southern Alps; (2) a positive 

logarithmic correlation exists between diatom α diversity and RL species richness. This is based on the 

assumed increasing diatom species richness with lake trophic level (Leira et al., 2009, Tilman et al., 

1982, Velghe et al., 2012), which will in turn lead to a lower share of RL taxa (Hypothesis 1). Finally, we 
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hypothesize (3) that the uniqueness of diatom assemblages has a positive correlation with RL indices 

and is highest in either unimpaired and environmentally unique lakes or in impaired lakes.  

5.3 Study sites 

Most lakes in this study are located on lime bedrock and therefore are well-buffered, as reflected by 

their pH values of between 8 and 9 (Table 12 and Table S 3). The altitudinal gradient comprises the 

vegetation zones of montane forest (750–1400 masl), subalpine forest (1,400–1,700 masl) and alpine 

meadows (1,700–2,500 masl, Figure 18).  

 

Figure 18: The 43 study lakes are spread across the Bavarian and Tirolian Alps in Germany and Austria, 
spanning a longitudinal gradient of c. 220 km and a latitudinal gradient of c. 50 km. 

Most lakes were formed by cirque glaciers, they are typically small (<3 ha) and shallow (<10 m), 

consisting of one main basin (Table 12). Two of the lakes are karstic, they are almost round and deeper 

compared to their surface area than the other lakes. One of these lakes (“SieG”) can be considered an 

outlier in terms of water chemistry due to a strong groundwater influence, resulting in a very high 

conductivity. Depending on the mountain group, different geological settings can be found in the 

dataset. A rough structuring reveals that the studied lakes in the “Berchtesgadener Alpen”, 

“Chiemgauer Alpen”, “Rofangebirge”, “Karwendel” and “Mieminger Kette” are mainly on limestone 

that consists of calcium carbonate (CaCO3), while in the “Lechtaler Alpen” they are on dolomite 

(CaMg(CO3)2). In the “Wettersteingebirge”, they are partly on dolomite and partly on limestone and in 

the “Allgäu” and “Bayerische Voralpen” limestone, dolomite and marl are often closely interlaced. 

Seven lakes are stocked with fish according to personal communications of the lake owners or publicly 

available data. Various lakes are influenced by either intensive cattle herding (traces of trampling and 
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excretion near the lake), tourism, damming, or a combination of these factors based on observations 

in the field. The relative strength of these influences is not known. 



58 

 

Table 12: Ecologically important morphological, physical and chemical parameters were assessed for 43 mountain lakes in the northern European Alps ranging from 
760 to 2469 masl. The dashed box indicates an outlier lake that is strongly influenced by groundwater inflow. ABT = August bottom temperature, AST = August 
surface temperature. For abbreviations of other variables see Table S1. Abbreviations of the main bedrock type (“Geo.”): Ls = Limestone, Do = Dolomite, Ma = 
Marvel, Mi = Mixed. Abbreviations of the mountain regions (“Reg.”) are from west to east: A = Allgäu, L = Lechtaler Alpen, M = Mieminger Kette, W = 
Wettersteingebirge, K = Karwendel, R = Rofangebirge, V = Bayerische Voralpen, C = Chiemgauer Alpen, B = Berchtesgadener Alpen. Human impact is denoted by 
“+”: F = Fish stocked lakes, C = Intensive cattle herding, T = Nearby touristic infrastructure, D = Dammed lakes. 

Lake 

Alt. Area  Depth  Sec. NO3  TP Si   NH4  Na  Ca  Mg  pH Cond O2 ABT  AST  DIN:TP Geo. Reg. F C T D 

masl ha m m mg/L µg/L mg/L µg/L mg/L mg/L mg/L   µS/cm % °C °C           

Fal 760 1.0 15.0 7.0 1.84 9.0 0.18 17.0 2.11 42.3 6.7 8.0 266.3 96 5.8 12.8 205.4 Ls C     

Bic 955 1.4 11.0 4.4 0.76 4.3 0.77 32.3 0.30 49.2 14.7 7.9 360.2 61 8.4 21.7 185.7 Mi V +    

Fri 973 1.2 5.5 4.6 0.93 7.2 0.15 83.7 0.48 39.6 5.4 8.6 224.3 110 13.9 18.6 140.1 Ls C     

Sut 995 1.4 1.5 1.5 0.67 4.8 0.76 60.8 1.62 41.2 6.7 8.0 280.7 82 14.1 17.5 153.2 Mi V     

Laut 1,013 12.0 18.0 6.0 0.21 13.5 0.25 50.8 0.10 46.1 16.0 8.6 310.0 102 8.2 16.0 19.3 Do W +  +  

Fer 1,060 10.0 19.5 6.8 0.33 10.1 0.21 43.0 0.10 47.2 18.1 8.1 304.0 102 7.4 15.6 36.9 Do W +  +  

Mit 1,082 3.3 4.7 4.7 0.10 7.5 0.13 34.0 1.23 38.5 18.4 8.2 345.8 101 18.4 22.6 17.4  W     

Wild 1,136 2.3 2.4 2.4 0.22 8.6 0.19 53.6 0.35 31.6 19.5 8.6 296.8 77 20.9 21.2 31.4 Do W     

Tau 1,138 3.6 14.6 4.3 0.66 4.4 0.20 126.9 0.49 40.4 4.1 8.0 246.8 64 5.0 21.0 177.4 Ls C +    

Hoef 1,192 0.6 1.9 1.9 0.47 3.1 0.14 5.3 0.14 20.7 10.1 8.8 220.6 64 14.3 15.2 153.1  A     

SieK 1,205 0.2 11.3 11.3 0.56 1.0 0.23 99.4 0.36 38.6 10.8 8.2 382.4 130 7.4 8.8 655.2  A     

SieG 1,207 0.8 20.2 9.5 0.55 1.0 0.24 3.8 0.51 39.1 11.8 8.1 536.7 118 5.8 10.8 552.8  A     

GruW 1,393 2.3 5.8 3.7 0.18 14.1 0.18 19.9 0.29 29.7 3.2 8.1 198.6 99 14.0 20.3 13.8 Ma V  +   

Roe 1,450 1.0 7.6 1.5 2.86 20.4 0.18 78.1 0.86 28.9 3.2 8.2 248.1 120 6.0 16.4 144.2 Ls V  +   

SoiS 1,458 4.0 8.2 3.2 0.61 7.9 0.27 13.4 0.33 29.8 3.9 8.3 222.1 112 7.3 15.0 78.7 Ma/Ls V +    

GruO 1,474 3.5 6.9 5.0 0.20 8.3 0.13 60.8 0.10 26.5 1.4 8.5 194.5 112 14.1 17.5 31.3 Ls B     

GaiU 1,508 3.5 4.1 3.8 0.25 12.0 0.29 9.6 0.18 16.4 10.1 8.9 198.3 72 13.4 16.3 21.3 Do A    + 

SoiN 1,520 0.3 4.7 4.2 0.77 10.8 0.24 13.9 0.37 36.3 6.8 8.2 251.8 115 5.4 13.4 72.5 Mi V    + 

SoE 1,552 3.0 5.5 4.5 0.61 3.9 0.18 49.3 0.10 31.1 6.6 8.8 177.7 123 7.5 15.0 168.2 Ls K     

SoW 1,558 3.0 11.5 7.0 0.36 4.5 0.16 82.9 0.10 30.2 6.3 8.3 204.2 91 14.7 14.5 97.8 Ls K +  +  

DelN 1,600 0.6 1.3 1.3 0.37 5.7 0.38 15.1 0.39 35.1 2.8 8.2 223.3 81 11.9 12.6 67.7 Ls K     

DelS 1,600 0.2 4.2 4.2 0.45 4.6 0.23 16.6 0.22 40.5 5.0 8.8 177.2 67 9.3 14.1 101.9 Ls K     
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Hoer 1,601 0.5 1.8 1.8 0.34 17.3 0.21 20.4 0.37 24.7 1.0 7.9 225.2 90 11.8 15.3 21.1 Mi A  +   

Fun 1,601 2.5 4.5 3.5 0.03 10.3 0.13 44.3 0.10 31.3 4.3 8.4 274.4 91 10.3 14.9 7.0 Ls B   +  

Seeb 1,657 6.3 18.4 6.9 0.52 4.5 0.14 23.3 0.14 27.0 4.4 8.8 165.9 82 6.8 13.8 121.6 Ls M     

Scha 1,680 3.0 4.4 3.8 0.49 7.2 0.17 19.8 0.10 27.1 4.9 8.7 167.1 114 12.6 16.8 71.2 Ls W     

Gug 1,725 0.1 1.9 1.9 0.29 4.6 0.23 10.6 0.86 15.0 10.3 9.0 207.3 100 11.8 13.2 64.7 Do A     

GaiO 1,769 0.8 2.9 2.7 0.15 3.7 0.24 25.3 0.18 14.6 7.0 8.5 201.0 114 9.5 16.3 46.8 Do A     

Zie 1,799 3.0 15.1 5.0 0.14 7.6 0.15 26.7 0.10 22.5 1.6 8.2 219.8 107 6.7 13.7 21.5 Ls R     

Seel 1,809 0.4 5.4 5.4 0.59 7.9 0.12 31.5 0.10 23.8 1.0 8.7 134.2 93 12.4 14.9 79.3 Ls B     

Eis 1,827 0.7 3.9 3.9 0.24 1.1 0.21 23.3 0.36 16.0 3.6 8.2 192.7 96 6.4 10.4 247.6 Ma A     

Dra 1,874 5.3 20.7 10.3 0.30 4.0 0.19 19.6 0.10 26.8 3.1 8.6 157.7 97 4.9 11.9 79.9 Ls M     

Eng 1,876 3.0 17.3 10.4 0.04 4.7 0.59 27.0 0.31 19.8 7.2 8.2 235.6 89 4.9 11.1 14.4 Do A +    

Bre 1,903 1.5 6.2 6.2 0.37 6.6 0.12 14.0 0.10 26.7 2.8 8.6 150.6 90 4.6 11.4 58.5 Ls M     

Stu 1,921 3.0 5.1 5.1 0.25 7.7 0.12 19.6 0.10 23.3 1.6 8.8 126.0 112 12.4 16.7 35.4 Ls W     

Lauf 2,012 0.8 5.6 3.7 0.13 3.8 0.22 24.9 0.19 12.4 6.3 8.3 168.2 99 9.4 14.7 39.1 Do A     

Rap 2,047 2.3 7.8 5.0 0.04 9.2 0.17 15.9 0.23 21.2 9.3 8.6 205.1 101 11.0 15.6 6.5 Do/Ma A     

Grub 2,060 0.5 3.5 3.2 0.10 17.0 0.15 17.8 0.18 37.9 2.6 8.6 222.4 73 9.4 13.3 6.9 Ls R     

SeeU 2,224 2.4 1.7 1.4 0.07 2.5 0.25 21.4 0.99 19.8 9.1 8.8 208.6 113 16.1 17.0 35.7 Do/Ma L     

Adl 2,294 1.9 1.7 1.7 0.15 1.0 0.13 30.3 0.32 19.4 9.2 8.5 159.6 94 14.0 14.7 183.3 Do L    + 

Schi 2,300 2.0 5.5 3.3 0.34 1.0 0.14 45.7 0.29 19.8 10.1 8.3 164.7 47 7.2 13.1 390.4 Do L     

SeeM 2,424 0.5 4.1 4.1 0.20 1.5 0.13 67.8 0.14 17.6 9.9 8.7 137.8 122 10.6 11.5 173.2 Do L     

SeeO 2,469 1.6 13.1 5.8 0.11 7.3 0.18 67.9 0.23 15.4 5.5 8.6 121.4 71 5.5 12.9 24.8 Do L     
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5.4 Methods 

Sampling and Laboratory Procedures  

The 43 lakes were sampled twice during the ice-free period, once between June and mid-August and 

once between August and November. Hence, 36 lakes were investigated in 2016 and seven lakes in 

2017. On the first sampling date, lake bathymetry was determined with an echo sounder (Lawrence 

HDS8, Oslo, Norway) and a buoy was subsequently installed, fixed to a stone at the deepest point of 

each lake by a rope. Temperature loggers were mounted on the rope, (Onset Pendant UA-001-64 

HOBO, Bourne, MA, USA) 0.5 m above the ground and 0.5 m below the water surface. To assess the 

temperature regime and the mixing type of the lakes, the loggers were exposed in the lakes during 

most of the ice-free period. Physical parameters (temperature, oxygen saturation, pH and electrical 

conductivity at 25 °C) were measured with a multiprobe (WTW 350, Weilheim, Germany) in one-meter 

steps above the deepest point of each lake on both sampling dates. After measuring the Secchi depth, 

0.5 L of a mixed water sample was collected with a hose sampler from the euphotic zone (CEN, 2015). 

One half of the water sample was filtered (0.45 µm) on-site and stored at 4 °C together with the 

unfiltered rest until further processing in the laboratory. Another liter of water was taken from the 

euphotic zone with the hose sampler and preserved with Lugol’s solution to analyze planktic diatom 

communities (Throndsen, 1978b). Periphytic diatom assemblages were recorded by scraping the 

diatom communities off five stones, each taken at depths between 20 cm and 50 cm in the northern 

and southern littoral zone of each lake, with a single-use toothbrush (DIN, 2014). Out of all of the 

sampled lakes, periphytic diatom samples could be obtained at 34 sites, while no stones were available 

at nine sites. On the second sampling date, sediment cores were taken from the deepest point of each 

lake with a gravity corer (Uwitec, Mondsee, Austria) to record the sedimentary diatom communities 

from all 43 lakes (Kuefner et al., 2020a).  

All chemical analyses were carried out in the laboratory of the Limnological Research Station Iffeldorf 

of the Technical University of Munich, Germany. Standard colorimetric methods were applied to 

determine the concentrations of total phosphorus (Murphy and Riley, 1962), nitrate-N (Navone, 1964), 

ammonia-N (DIN, 1983), and silica (Nanocolor silica test, Macherey-Nagel, Düren, Germany). The 

concentrations of major ions (calcium, magnesium, and sodium) were measured using a cation 

chromatograph (Thermo Scientific, ICS-1100, Waltham, MA, USA).  

Planktic diatom samples (1 L) were filtered with 0.45-µm syringe filters and the residue on the filters 

was further processed (Nixdorf et al., 2014a). The uppermost centimeter of each sediment core was 

used to assess the sedimentary diatom assemblages. The residue on the filters of the planktic samples, 

the sediment samples and the littoral samples were processed in the same way: The diatoms were 

prepared according to van der Werff and Macan (1955). To analyze the composition of the diatom 
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samples, 500 valves were identified in each case using a Leica DNM microscope (Wetzlar, Germany) at 

1000× magnification. Eleven of the 43 planktic samples were excluded from the data analysis because 

they contained an insufficient number of valves. Taxa were counted at the species level and, if possible, 

at the subspecies level. Individuals that could not be identified were given working names. Standard 

literature was used for identification (Krammer and Lange-Bertalot, 1991a, Krammer and Lange-

Bertalot, 1991b, Krammer and Lange-Bertalot, 1997b, Krammer and Lange-Bertalot, 1997a, Krammer, 

2000, Lange-Bertalot, 2001, Krammer, 2002, Lange-Bertalot et al., 2017). 

Data Analysis 

Since periphytic diatom assemblages can vary significantly within a lake (Pla-Rabes and Catalan, 2018, 

Rimet et al., 2016), littoral samples from the northern and southern shore of each lake were pooled to 

obtain a more representative indication of the periphytic diatom assemblage. All statistical analyses 

were computed for the sedimentary data set (N = 43), the littoral data set (N = 34) and the planktic 

data set (N = 32) analogously. 

The following parameters were computed to capture the conservation value of each sample using the 

current German Red List for diatoms (Hofmann et al., 2018). Community indices were calculated based 

on the taxa with a status higher than “not in danger/insufficient data” (RLD), overall species richness 

per sample (N), overall abundance per sample (Ab) and overall abundance of all RLD (AbRL): 

N_rl = sum of RLD 

share_rl = N_rl / N 

rel_share_rl = AbRL / Ab  

weight_rl = rel_share_rl weighted by Red List class  

Diatoms were assigned weighting factors ranging from 1 to 7, according to the threat category ranging 

from “warning list” to “threatened by extinction”, to calculate the weight_rl. Environmental predictor 

variables were selected based on their variance inflation factors (VIF). These were calculated with the 

“vif” function from the R package “usdm” (Naimi, 2017). To reduce multicollinearity among 

environmental predictors, only variables with VIFs less than five were included for each individual 

dataset. Shannon diversity was calculated within the “vegan” (Oksanen et al., 2007) package in R. The 

uniqueness of diatom assemblages was calculated as the local contribution to beta diversity (LCBD) at 

each site for Hellinger-transformed abundance data using the R package “beta.part” (Legendre and De 

Caceres, 2013). This approach is neutral with regard to ecological prerequisites (e.g., α and γ diversity) 

and allows the mathematically correct identification of assemblages’ uniqueness within a larger 

metacommunity. The total variance of a community matrix (Var(Y)) equals the overall β diversity 
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(BDTotal). This value is the total sum of squares (SSTotal; the sum of squared deviation for all sites and 

species from the mean) divided by nSites—1. The LCBD value for each sampling unit is derived by dividing 

the sum of squares of each site (SSi) by the total sum of squares (SSTotal). Accordingly, large LCBD values 

indicate a high contribution of a site to the overall β diversity. LCBD was partitioned in the component 

reflecting species substitution (Replacement; “Repl”) and the component reflecting species loss 

(Nestedness; “Nest”) (Baselga, 2013). The replacement component was the main contribution to BDtotal 

for all datasets (sediment: 99.5 %, BDtotal_sed = 0.385; littoral: 99.6 % BDtotal_lit = 0.282; plankton: 97.0 %, 

BDtotal_pla = 0.359).  

In order to test and visually verify the strength of the correlation between RL indices and the selected 

environmental and community-based predictor variables, a correlation plot was generated using the 

“corrplot” package in R (Wei and Simko, 2017b). To account for multiple testing, p-values were 

Bonferroni-corrected a priori. Previous work revealed pure spatial effects and shared effects of 

environmental and spatial variables on diatom communities within the lake set (Ossyssek et al., 

2022a). Therefore, the spatial influence on all response and predictor variables was assessed by 

calculating Moran’s I autocorrelation coefficient based on latitudes and longitudes recorded for each 

lake using the R package “ape” (Paradis et al., 2004).  

The normal distribution of response variables was tested by the Shapiro–Wilk test in the “vegan” 

package. Linear models (hereafter called “LMs”) were applied for normally distributed variables that 

were spatially structured according to Moran’s I p-values. The spatial structure of model residuals was 

tested with the “lm.morantest” function from the “spdep” package (Bivand and Wong, 2018). No 

spatial structure of the residuals was detected in any of the computed LMs. If variables had a non-

normal distribution and no spatial autocorrelation was indicated, generalized linear models (hereafter 

called “GLMs”) were applied within the “vegan” package. Diagnostic plots were checked for structures 

within model residuals. Generalized additive models (hereafter called “GAMs”) were developed, and 

spatial predictors were included (longitude and latitude) within the package “mgcv” (Wood, 2011) in 

cases of non-normal distributed and spatially autocorrelated variables. Variables were fitted with 

smoothers and k values and regression splines were fitted to increase model suitability. Non-significant 

variables were excluded until each predictor was significant. Reduced and original models were 

compared based on Akaike information criterion (AIC) (Akaike, 1974) and the most parsimonious 

model was selected. 

5.5 Results 

Briefly, 560 diatom taxa were recorded across the three diatom assemblages of the 43-lake dataset 

and 360 taxa (64 %) were on the German diatom RL. Of these, 184 (51 %) were assigned a threat status 

ranging from “warning list” to “threatened by extinction”. Across the subsets, 276, 240 and 139 taxa 



63 

 

were on the RL for sedimentary, littoral and planktic assemblages, respectively. Of these 135, 122 and 

64 species were assigned a threat status for sedimentary, littoral, and planktic assemblages, 

respectively (Figure S 17).  

Significant and ecologically meaningful correlations between RL indices and predictor variables were 

revealed by Pearson correlations (Figure 19). TP was significantly and negatively correlated with 

share_rl for all assemblages. Both variables were spatially structured (Moran’s p < 0.05, Figure 20a), 

but no such structure was found in the LM residuals (p = 0.175, Table 13), suggesting that the spatial 

structure of both variables was congruent. LMs confirmed the correlation between TP and share_rl for 

sedimentary diatoms (p = 0.002, R2 = 0.20, Figure 21a, Table 13).  
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Figure 19: Correlations plots for the (a) sedimentary (N = 43), 
(b) littoral (N = 34) and (c) planktic (N = 32) diatom dataset. 
Abbreviations of environmental parameters are explained in 
Table S1. Asterisks: *** ≙ p-value < 0.001; ** ≙ p-value < 
0.01; * ≙ p-value < 0.05. Point color refers to the Pearson 
correlation coefficient. 
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Figure 20: Moran’s I p-values for RL indices, assemblage indices and 
environmental variables plotted in increasing order for the (a) 
sedimentary (N = 43), (b) littoral (N = 34) and (c) planktic (N = 32) 
dataset. The horizontal dashed line marks a p-value of 0.05, with lower 
values indicating spatial autocorrelation based on longitudes and 
latitudes. Abbreviations of environmental parameters are explained in 
Table S 3. 
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For littoral diatoms, the correlation of TP with share_rl became non-significant in the LM when Secchi 

depth was included (pTP = 0.182; psecchi = 0.029, Table 13), probably reflecting the intercorrelation of 

both variables as predictors of the lake’s trophic state. After excluding TP, the LM confirmed the 

positive correlation of share_rl and Secchi depth for the littoral assemblages (p = 0.009, R2
adj = 0.17, 

Figure 21b, Table 13). Both variables were spatially structured (Moran’s p < 0.05, Figure 20b) but model 

residuals were not, indicating congruence of their distribution in space (p = 0.607, Table 13). TP was 

not correlated with any other variable in the dataset and Secchi depth was only correlated with August 

bottom temperature, which was not significantly correlated with any other variable (Figure 19). The 

significant correlation of TP and share_rl within planktic assemblages turned out to be mediated by 

the longitude of the sampled lakes (plon < 0.001, plat = 0.117, pTP = 0.327), and the final model 

incorporated longitude as the sole predictor (p < 0.001, R2 = 0.34) (Table 13, Figure 21c). Accordingly, 

a marked increase of share_rl could be observed in the “Allgäu” and “Lechtaler Alpen” lakes in the 

western part of the study region (Figure 21c, left of the vertical dashed line; see Table 12 for 

background information). Finally, magnesium content was positively correlated with RL indices for all 

datasets, and it was intercorrelated with conductivity in the sedimentary dataset and with TP in the 

planktic dataset (p < 0.05) (Figure 19 and Figure S 16).  

Table 13: A significant correlation was detected based on linear regression models (LMs) between 
the share of RL species (share_rl) and total phosphorus (TP) and Secchi depth (secchi) for 
sedimentary and littoral assemblages, respectively. For planktic assemblages, share_rl significantly 
decreased with longitude (lon) based on GAMs. p-values for the Moran-test of LMs residuals and 
AIC values are given where relevant. Within GAMs, inclusion of smoothers is indicated by placing 
the predictor within “s()”. 

Response 

share_rl 

pShapiro Model Type Predictor  pmodel R2
adj Res. Df plm.moran AIC 

Sediment 0.098 LM TP 0.002 0.20 41 0.175  

Littoral 0.931 LM TP 0.056 0.08 32 0.908  

   LM TP +  

secchi 

TP: 0.182  

secchi: 0.029 

0.19 31 0.923  

   LM secchi 0.009 0.17 32 0.607  

Plankton 0.02 GAM s(lon) +  

s(lat) +  

s(TP) 

lon: <0.001  

lat: 0.117  

TP: 0.327 

0.38 19  −38.4 

   GAM s(lon) <0.001 0.34 27  −41.3 

 



67 

 

 

Figure 21: A significant correlation was detected based on LMs between the share of RL species (share_rl) 
and total phosphorus (TP) and Secchi depth (secchi) for (a) sedimentary and (b) littoral assemblages, 
respectively. A significant decrease of share_rl with longitude (lon) was found for planktic assemblages (c) 
based on GAMs. 

GAMs and LMs confirmed the significant and positive correlation between species richness and N_rl, 

as indicated by Pearson correlations for sedimentary diatoms (p < 0.001, R2
adj = 0.56) and littoral 

diatoms (p < 0.001, R2
adj = 0.74), respectively (Table 14, Figure 22a,b). Both variables were not spatially 

structured within the sedimentary dataset (Moran’s I p > 0.05). No spatial structure was observed in 

the model residuals (p = 0.219) for the littoral dataset, and GAMs revealed an increase of RL species 

richness (N_rl) for planktic diatoms, with overall species richness and a negative correlation of N_rl 

with longitude (p < 0.001, R2 = 0.81) (Table 14, Figure 22c). 

Table 14: A significant correlation between the number of RL species (N_rl) and species richness was 
detected for all assemblages based on LMs, GLMs and GAMs. For planktic assemblages, longitude (lon) 
was additionally correlated to N_rl. p-values for the Moran-test of the linear model residuals and AIC 
values are given where relevant. If smoothers were included in GAMs, this is indicated by placing the 
predictor within “s()”. 

Response 

N_rl 

pShapiro Model Type Predictor pmodel R2
adj Res. Df plm.moran AIC 

Sediment <0.001 GLM species <0.001 0.56 41   

Littoral 0.083 LM species <0.001 0.74 32 0.219  

Plankton 0.092 GAM s(lon) +  

s(lat)+  

s(species) 

lon: 0.008  

lat: 0.826  

species: <0.001 

0.80 28  −63.00 

   GAM s(lon) + 

 s(species) 

lon: <0.001  

species: <0.001 

0.81 29  −63.02 
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Figure 22: The number of Red List species (N_rl) increased with species richness for sedimentary (a), littoral 
(b) and planktic (c) assemblages. Longitude (lon) was additionally negatively correlated to N_rl for planktic 
assemblages. The color indicates the number of RL taxa. 

A positive correlation of assemblage uniqueness (LCBD) and rel_share_rl was revealed by GAMs for 

sedimentary diatoms (p = 0.049, R2 = 0.07). Omitting one outlier lake with extremely high 

conductivities due to groundwater influence (SieG, Table 12), high LCBD values resulted in an 

increasing and a decreasing branch of rel_share_rl values along the LCBD gradient (Figure 23a). A 

common feature of five lakes of the lower branch (Bic SoW, Tau, Laut, Fer) was that they are impacted 

by fish introduction and in three cases (SoW, Laut and Fer) by huts, hotels, or restaurants on the 

shoreline. The negative relationship between LCBD and rel_share_rl for planktic assemblages (p = 

0.010, R2 = 0.18, Table 15, Figure 23c) probably reflects the intercorrelation of LCBD with species 

richness (p < 0.001), which in turn was highly correlated with rel_share_rl (p < 0.001, Figure 19). No 

significant correlation of uniqueness and RL indices was found for the littoral diatoms (p > 0.05, Table 

15, Figure 23b). 
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Figure 23: The abundance share of RL species (rel_share_rl) increases with higher uniqueness 
(represented by the local contribution to β diversity, LCBD) for sedimentary (a) and decreases 
for planktic assemblages (c), while no significant trend was found for littoral assemblages (b). 
The assumed trend for unimpaired and impaired lakes is indicated by a dashed and dotted line 
respectively for the sedimentary dataset. The dotted box indicates one outlier lake with a 
strong influence of groundwater (SieG, Table 12). 
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Table 15: A significant correlation between the abundance share of 
RL species (rel_share_rl) and the local contribution to β diversity 
(LCBD) was revealed by GAMs for sedimentary and planktic 
assemblages. 

Response  

Rel_Share_rl 

Model Type Predictor pmodel R2
adj Res. Df 

Sediment GAM LCBD 0.049 0.07 41 

Littoral GAM LCBD 0.420 0.02 32 

Plankton GAM LCBD 0.010 0.18 30 

 

5.6 Discussion 

This study revealed a high proportion and abundance of endangered diatoms in naturally oligotrophic, 

fishless mountain lakes and underlined their vulnerability to eutrophication. This finding could be 

observed for sedimentary, littoral and planktic assemblages, supporting the broad applicability of the 

German Red List (RL) for diatoms (Hofmann et al., 2018) and confirming previous research on the 

effects of eutrophication on mountain waters (Cantonati et al., 2022a). A new approach was taken by 

comparing the uniqueness of assemblages and diatom RL indices. Unique sedimentary assemblages 

revealed either pristine lakes with high abundances of RL taxa or lakes with fish stocking and low RL 

species abundance. In turn, α diversity reflected only RL richness, but not the share or abundance of 

RL taxa, thereby losing important information on mountain lake conservation value. 

Nutrients and the Share of Red List Diatoms  

Previous research associated high numbers of RL diatom taxa with oligotrophic or dystrophic 

freshwater habitats (Cantonati et al., 2022b), reflecting the general rarity of these environments in 

central and southern Europe (Juran and Kastovsky, 2019). In mountain regions such as the European 

Alps, oligotrophic habitats are still abundant, but they are often threatened by eutrophication. This is 

especially true of springs (Cantonati and Lange-Bertalot, 2010) and lakes (Tolotti, 2001). Our results 

substantiate these findings by revealing a negative correlation of the share of RL taxa with TP for 

sedimentary assemblages. Moreover, a positive correlation between Secchi depth and RL share was 

found for littoral assemblages. Both findings indicate the suppression of oligotraphentic diatom taxa 

at higher trophic levels. In the lakes of our dataset, the elevated TP levels of three subalpine lakes (Roe, 

Hoer, GruW; Table 1), which were surrounded by pastures, are likely caused by intensive cattle 

herding. Strong trampling of the grass layer and excrements near the lakes probably led to the 

observed eutrophication (Tiberti et al., 2014a). Another important nutrient source includes mountain 

huts and touristic infrastructure, such as hotels and restaurants (Hofmann et al., 2021, Muri et al., 

2018, Sienkiewicz and Gasiorowski, 2016), associated with four lakes in our dataset (Laut, Fer, Fun, 
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SoW; Table 1). Furthermore, damming can lead to soil mineralization, possibly leading to the 

eutrophication of two subalpine lakes (GaiU, SoiN) in our dataset, while a dammed, high-altitude lake 

(Adl) remained nutrient poor. This may be related to the thin soil layer in the alpine region (Kuefmann, 

2003) and the consequently lower mineralization potential. In contrast to previous research on RL 

diatoms in springs (Cantonati et al., 2022b), the negative correlation of trophic level and share of RL 

taxa was attributed to TP rather than nitrate. This difference may be due to phosphate limitation of 

the study lakes, indicated by DIN/TP ratios above 3.4 (Bergström, 2010) (Table 1, range: 7–655). If 

nitrite had been measured as a further component of DIN in addition to nitrate and ammonium, the 

N/P ratios would have been even higher. High concentrations of inorganic nitrogen in mountain lakes 

are related to atmospheric dry and wet deposition (Rogora et al., 2008, Muri et al., 2013, Rogora et al., 

2012). This atmospheric input may be less pronounced in springs due to their smaller surface. Springs 

may therefore be nitrogen co-limited, causing stronger responses to a shift in nitrate concentrations. 

Moreover, some of the studies that identified nitrate as an important correlate of RL indices did not 

include TP measurements (Angeli et al., 2010), which may be autocorrelated with nitrate. 

Nevertheless, there is empirical evidence that elevated nitrate levels caused by direct loadings are not 

always concomitant with an increase of TP in springs (Cantonati et al., 2020). Overall, our findings 

confirm the hypothesized negative correlation between the RL share and the trophic state, while the 

number of RL taxa and abundance were not correlated. Our conclusions are in line with those of 

previous work, namely that mountain waters need to be better protected from human-induced 

nutrient inputs to conserve rare diatom taxa and thereby sustain valuable habitats for a broader range 

of biota. An unexpected observation was the positive correlation of magnesium (Mg) with RL richness 

across all assemblages (Figure S 16). Mg is known to influence diatom community composition, e.g., in 

springs from the Apennines (Cantonati et al., 2020) or in petrifying springs from Lower Belgium (Denys 

and Oosterlynck, 2015). Moreover, some diatoms are closely bound to alkaline conditions with high 

Mg contents, such as Achnanthidium dolomiticum Cantonati & Lange-Bertalot (Cantonati and Lange-

Bertalot, 2006, Cantonati et al., 2017). Generally, we found high Mg contents in lakes with dolomite-

dominated catchments, corresponding to the chemical composition of dolomite (CaMg(CO3)2). This 

probably explains the higher number of RL taxa in the western region, which is rich in lakes on dolomite 

bedrock. Previous studies have found a correlation between geodiversity and biodiversity of springs 

(Cantonati et al., 2020) and streams (Karna et al., 2019). In our dataset, RL richness was positively 

correlated with total diatom richness, suggesting a possible indirect effect of geodiversity on RL diatom 

richness. These results indicate the need for further research on the potentially important role of 

dolomite-dominated catchments for diatom α diversity.  
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Uniqueness as an Indicator of Fish Stocking 

The correlation of RL species abundance and uniqueness was relatively weak for sedimentary 

assemblages (R2 = 0.07). This does not necessarily indicate that the metric is of no use for detecting 

rare and restricted taxa, but reflects the potential of LCBD to indicate both pristine and disturbed sites: 

For fish in the Doubs river in France, the highly unique sites were either undisturbed and 

environmentally unique and corresponded to headwaters with steep slopes or impaired by 

eutrophication (Legendre and De Caceres, 2013). As hypothesized, a similar pattern was found for the 

sedimentary diatom assemblages in our dataset. Whereas the abundance share of RL taxa generally 

increased from low to moderate LCBD values, the most unique sites showed pronounced differences 

with respect to RL abundances: a group of lakes that is stocked with fish was highly unique, but had 

low RL abundances (< 10%), while no direct human pressures are known for two other highly unique 

lakes, reflected by very high RL abundances (> 40%). This picture is exemplified by the extreme 

difference in RL abundance between the adjacent lakes SoE (rel_share_rl: 40.5%) and SoW 

(rel_share_rl: 0.7%), which are only about 100 m apart. During hut construction in 1866 on the shore 

of SoW, the lake was stocked with Salvelinus alpinus Linné. SoE was not stocked as it experiences 

strong changes in water level of up to 9.5 m (Hofmann et al., 2021), probably contributing to its 

ecological distinctness (Hofmann et al., 2020, Cantonati et al., 2009). This suggests that ecological 

uniqueness is indicative within sedimentary diatom assemblages for degraded or pristine and 

environmentally unique sites. Importantly, not all pristine sites were unique, reflecting the context 

dependency of the metric (Tonkin et al., 2016): unaffected sites with low TP were frequent in our data 

set. Therefore, only those lakes that were additionally distinct, e.g., due to water level fluctuations, 

had unique assemblages. This is also reflected by one outlier lake (“SieG”) that has been strongly 

influenced by groundwater and is very deep relative to its surface, probably leading to lower RL 

abundances in the sedimentary assemblage. 

Our results confirm the hypothesized potential of LCBD to identify assemblages from pristine lake that 

are environmentally distinct and those from degraded lakes. Thus, a sound interpretation of the LCBD 

index is only possible when backed up with basic environmental data and information on human 

influence. If this is the case, it can be helpful in detecting complex ecological interactions, such as the 

effects of fish stocking in mountain lakes. 

Degradation related to fish stocking may be due to either a change of the nutrient cycle, i.e. bottom-

up effects (Schindler et al., 2001), top-down control due to the selective impact on planktic and benthic 

invertebrates (Jeppesen et al., 2000, Jeppesen et al., 2003, Brooks and Dodson, 1965, Carpenter et al., 

1987), or through a combination of both (Benndorf et al., 2002). Of the seven fish-stocked lakes in our 

dataset, only those lakes that are additionally impacted by intensive tourism (“Lau”, “Fer”) were TP 
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enriched. This indicates that predation is mainly on zooplankton rather than zoobenthos for the 

stocked lakes, which would cause the additional introduction of benthic nutrients into the open water 

(Schindler et al., 2001), manifested in elevated TP levels. Permanent fish stocking can contribute to the 

eutrophication of lakes through the addition of biomass that will be recycled after the fish die 

(Threlkeld, 1988). Moreover, Pastorino et al. (2020) found more than 80% of terrestrial invertebrates 

in the stomach of introduced Salvelinus fontinales Mitchill from an alpine mountain lake, possibly 

leading to additional allochthonous biomass input. However, these processes should also be reflected 

in the TP level, and thus appear of minor importance in the study lakes that are mainly at lower 

elevations. Nonetheless, fish feeding on zooplankton also leads to a transfer of nutrients to algae from 

previously inaccessible sources, i.e. nutrients stored within the zooplankton (Carpenter et al., 1992, 

Schindler et al., 1993). As a consequence, primary production will increase (Schindler et al., 2001). The 

observed low RL abundances in the fish-stocked lakes may be due to this eutrophication effect, which 

cannot be detected by TP measurements as the total phosphorus content in the pelagic zone remains 

unchanged. The stocked lakes in our dataset commonly contained moderate to high abundances of 

the benthic diatoms Staurosirella pinnata (Ehrenb.) D.M.Williams and Round and Staurosira venter 

(Ehrenberg) Cleve & Moeller that are tolerant to low light intensity (range of summed relative 

abundance: 4–53%) (Whitmore et al., 2018). This indicates an enhanced pelagic primary production 

leading to shading of the benthic environment. To enhance the assessment of primary production, 

further research in stocked lakes should include measurements of algal pigments such as chlorophyl a, 

which were found to be a strong predictor of fish stocking effects on primary production (Schindler et 

al., 2001). 

The reason for the unique sedimentary diatom assemblages may be top-down control, i.e. the 

predation of planktivorous fish on zooplankton and consequently altered feeding patterns on 

phytoplankton (Carpenter et al., 1985). In oligotrophic systems, top-down control often suppresses 

large zooplankton such as Daphnids (Guilizzoni et al., 2006, Post and McQueen, 1987) while it may 

promote predation-resistant small zooplankton such as rotifers and cyclopid copepodes (Tolotti, 2001, 

Guilizzoni et al., 2006). The abundance of the zooplankton in turn depends on the trophic state, and a 

unimodal relationship along the TP gradient was found for Daphnids (Jeppesen et al., 2003). Thus, 

cascading effects on the phytoplankton are complex and likely to be dependent on the trophic level. 

While most studies find an effect on phytoplankton species traits and assemblage composition (Post 

and McQueen, 1987, Gliwicz, 1975) due to the well-documented reduction in size of the zooplankton 

(Brooks and Dodson, 1965, Post and McQueen, 1987, Sienkiewicz and Gasiorowski, 2016), the 

response of phytoplankton biomass varies and is dependent on the trophic state of the lakes (Benndorf 

et al., 2002, Gliwicz, 1990, Jeppesen et al., 2003, Post and McQueen, 1987). The effect on species 

composition is indicated through the presence of the planktic diatom Asterionella formosa Hassall in 
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three of the stocked lakes (relative abundance: 3–16%). This taxon is not edible by small zooplankton 

due to its large size and formation of colonies (Kissman et al., 2013, Reynolds, 1984). In turn, the most 

characteristic feature was the high planktic diatom proportion of small centrics (four lakes with > 50% 

centrics), a pattern documented after the extirpation of large zooplankton (Carpenter et al., 1987). 

Within our lake set, this may be caused by enhanced nutrient recycling, which in turn may promote 

small centrics such as Cyclotella comensis Grunow, coupled with a stable water stratification (Ossyssek 

et al., 2020). The high share of centrics and A. formosa Hassall probably explains the high uniqueness 

of the stocked lakes as most other lakes had lower abundances of centrics. The only stocked lake with 

low LCBD values had a low share of centrics (Eng, 3% of centrics). Within this alpine lake, low water 

temperatures and low lake productivity may lead to low fish-density, enabling the coexistence of large 

zooplankton with fish (Donald, 1987). Moreover, weaker top-down control may be due to the naturally 

low density of zooplankton (Benndorf et al., 2002) in ultraoligotrophic lakes, possibly leading to the 

previously observed feeding of fish on terrestrial insects that settle on the water surface (Pastorino et 

al., 2020). It remains to be seen whether this possible eutrophication effect will turn the tide for 

primary producers in this lake, especially since secondary effects through more stable lake 

stratification at higher water temperatures may come into play (Ossyssek et al., 2020). To conclude, 

the response of the sedimentary diatom assemblages to fish stocking in our dataset may be triggered 

by both altered nutrient cycling and top-down effects. The change of nutrient cycling may lead to 

bottom-up effects that are hypothesized to interact with the top-down control of fish (Benndorf et al., 

2002, Gliwicz, 2002). 

Unexpectedly, the top-down control in stocked lakes was not reflected by a high LCBD and low RL 

abundance of planktic samples. This may be due to the more volatile character of the lake plankton: 

short-term interference to the planktic assemblages through the introduction of benthic diatoms is 

frequent and depends on the mixing state (Reynolds, 1993, Reynolds et al., 1983). The high rates of 

benthics in some samples prove a high importance of this process in our dataset. Moreover, the 

strength of fish-mediated pelagic nutrient recycling also varies during the growing season, with the 

highest rates occurring during summer, i.e. along with the highest water temperature (Schindler et al., 

2001). Our sampling period lasted from June until November, inherently producing temporal variability 

within the planktic and littoral datasets. Another reason may be that only five true planktic species had 

a threat status, making inferences based on planktic assemblages more difficult. Thus, the uniqueness 

of sedimentary diatom samples can be used more reliably to detect effects of fish stocking due to their 

time integration of environmental conditions (Ossyssek et al., 2022a, Benito et al., 2018). Therefore, 

littoral diatom samples did not track fish-induced processes in our dataset either. Apart from the 

temporal variability, this may be due to stronger predation of fish on zooplankton than on zoobenthos. 

As the predation of zoobenthos increases with fish density (Schindler et al., 2001), the response of 
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littoral diatoms will be more pronounced in eutrophic and low altitude lakes, especially if stocked with 

bottom-orientated fish. 

Overall, the results suggest that introduced fish have a severe impact on mountain lakes in the study 

region, justifying a halt to further stocking and the eradication of introduced fish, e.g., using gill nets 

(Knapp and Matthews, 1998). The success of such measures has been seen in the Italian Alps and 

northern America (Tiberti et al., 2021, Knapp and Matthews, 1998), where the natural trophic structure 

reappeared only a few years after lakes became fishless, followed by a recolonization with the original 

species (Parker and Schindler, 2006). Finally, the eradication of fish in naturally fishless lakes will also 

help to restore associated assemblages outside the aquatic trophic pyramid, such as herpetofauna, 

which has been impaired or even eradicated in stocked lakes (Knapp, 2005, Knapp et al., 2001, Denoel 

et al., 2016), and is one of the most threatened groups of animals (Bohm et al., 2013, Cushman, 2006). 

Diatom Richness and Conservation Value 

Diatom richness was positively correlated with RL richness in all assemblages, and it was additionally 

negatively correlated with longitude for planktic assemblages. Differences were detected in the impact 

of the fish-stocked lakes on the respective correlations. For littoral diatoms, the variance of the 

regression was low, and the stocked lakes were close to the linear regression line. On the other hand, 

RL richness within sedimentary diatoms of stocked lakes was lower than would be expected by the 

linear regression model. This suggests that in the regression of RL richness on species richness, the 

model coefficient, i.e. the slope of the regression line, and the structure within the model residuals are 

more informative for sedimentary than for littoral assemblages. This may indicate the conservation 

value of a lake. However, the hypothesized logarithmic correlation was not detected for any of the 

assemblages, probably because TP was not correlated with total species richness in our dataset. 

Therefore, the correlation of RL richness and species richness appears to be a rather weak metric of 

eutrophication of mountain lakes. As for habitat quality, the share of RL taxa was the only metric to 

track lake eutrophication. Thus, species richness is also unable to exploit the full potential of the 

diatom Red List, namely detecting rare habitats (Juran and Kastovsky, 2019), as it was not correlated 

to the share of RL taxa. Preserving a high number of RL species is sometimes used as a stand-alone 

conservation objective and species richness can be used to assess high numbers of RL species in our 

dataset. However, this is probably not the most efficient way to sustain assemblages of rare taxa in 

the long run, as overall species richness was not significantly correlated with the abundance of RL 

species in sedimentary and littoral assemblages. A species is probably more likely to become extinct 

with a smaller population size, due to the pronounced effects of ecological drift (Gilbert and Levine, 

2017, Fodelianakis et al., 2021). Instead, the combination of species richness and uniqueness is 
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suggested, both of which are complementary components of the assemblages RL status, i.e. RL 

richness and RL abundance. 

5.7 Conclusions 

This study substantiates the high conservation value of mountain lakes as documented by a high 

number, share and abundance of endangered diatom taxa. The ecological vulnerability of the studied 

lakes in light of eutrophication and fish stocking was demonstrated through decreased shares and 

abundances of Red List taxa respectively. It is likely that entire lake ecosystems may be altered through 

the effects of eutrophication, due to external sources and top-down control as well as a change of 

nutrient cycling through introduced fish. This necessitates restoration measures, such as a stop to fish 

stocking, lake fencing, a decrease of cattle densities, and mitigation of infrastructure impacts. The 

results call for the better inclusion of small mountain lakes within legal frameworks such as the 

European Water Framework Directive. Moreover, our findings suggest the broad applicability of 

diatoms as bioindicators. Their power to identify endangered freshwater habitats and threats to their 

biodiversity significantly enhanced by consideration of regional Red Lists of diatoms. It is important to 

calculate the share of Red List taxa and their abundance per sample as these parameters provide 

important information on impairments and the conservation value of lakes, compared to the sheer 

richness of Red List taxa. From a methodical point of view, diatom-based biomonitoring should include 

sedimentary samples wherever feasible, as the temporal integration of environmental conditions 

makes them the most robust indicators of eutrophication or fish stocking. Further research may reveal 

whether multiple sampling of the littoral and pelagic zone leads to converging results between both 

methods. Finally, diatom α diversity and assemblage uniqueness, i.e. the local contribution to β 

diversity, were successfully applied to assess the calculated Red List indices. Both components of 

species diversity contribute complementary information about the conservation value of aquatic 

ecosystems. At least basic information regarding human disturbance and environmental conditions is 

necessary for a sound interpretation of assemblage uniqueness. 
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6 General discussion 

This thesis demonstrated the importance of deterministic and stochastic processes for diatom diversity 

patterns within mountain lakes of the northern European Alps. Stochastic community patterns are due 

to dispersal (Chapter 4), while deterministic structuring is controlled by environmental variables 

(Chapter 3 and 4) and species interactions (Chapter 5). Specifically, Chapter 3 demonstrated the 

dominance of the planktic diatom Cyclotella comensis under low turbulence, high water temperature 

and elevated nitrate level. Total phosphorus, water temperature, and lake depth were identified as 

drivers of diatom β-diversity in Chapter 4, while diatom α-diversity was constrained by lake size, 

conductivity and water temperature. Limitation of dispersal was contributing to the explained variance 

among littoral and planktic assemblages but was less important for sedimentary diatoms. Chapter 5 

revealed the suppression of Red List diatom species due to fish stocking and through direct human 

impacts that lead to eutrophication. This resulted in low uniqueness of diatom assemblages, causing 

the homogenization of the lake diatom diversity.  

Former work has proven that altered lake water temperatures due to climate change impact 

sedimentary diatoms with varying importance depending on lake depth and elevation (Kuefner, 2021, 

Hofmann, 2021). This Chapter investigates how climate change impacts on within-lake processes may 

constrain ecological processes important to diatom diversity. Moreover, the effects of human impacts 

are elucidated and their inference with assemblage resilience is discussed. Finally, an outlook on future 

conservation of mountain lakes is provided. 

6.1 Within-lake processes under climate change 

6.1.1 Mixing regime 

Among the most important effects of climate change on mountain lakes is a more stable stratification 

due to the increase of water temperature. This leads to a higher ratio of planktic to benthic abundance 

in the sedimentary diatom assemblages (Hofmann, 2021, Kuefner, 2021), a pattern that has also been 

detected in other climates such as the Ecuadorian Andes (Benito et al., 2019). The results of this thesis 

provide additional insights by showing that stable lake stratification can lead, at least temporally, to 

the dominance of a single planktic taxon in the pelagic zone (Chapter 3). However, stratification not 

only impacts planktic diatoms, but also the interference among planktic, littoral and sedimentary 

assemblages through dispersal (Reynolds, 1993). In this study, the share of benthic diatoms in the 

planktic samples varied between 0% and 100%, with a decreasing number of benthic forms under more 

stable stratification. These differences may have consequences at the regional scale. 

The importance of ecological processes for the planktic assemblages varies among lakes with constant 

mixing, intermittent mixing and stable stratification (Figure 24). Overall, warming water temperatures 
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will increase the frequency of intermittent conditions and stable stratification (Niedrist et al., 2018). 

Constant mixing (<1/day) during the growing season is dictated by very high dispersal rates of benthic 

species from littoral habitats to the pelagic zone (Reynolds, 1993), which corresponds to lake internal 

mass effects (Leibold et al., 2004). Under such conditions, high α-diversity but low within-lake β- and 

γ-diversity can be expected (Thompson et al., 2020). This was reflected by a diverse planktic 

community with more than 20 species, but within-lake β-diversity was low due to the homogenization 

of assemblages (Figure S 18). A stochastic component is inherent because of the important role of 

dispersal (Hubbell, 2001), but species traits such as small cell size (Reynolds, 1993) or motility (Passy, 

2007, Jamoneau et al., 2018) may select for the within-lake dispersal, adding a strong deterministic 

component to the scenario. In the study lakes, this was reflected by high abundances of small-celled 

taxa from the genera Achnanthidum and Encyonopsis, while highly silicified taxa from the genus 

Staurosira were seldom. The projected upward shift of macrophytes due to climate change (Kuefner, 

2021) may further constrain the dispersal of diatom species. In turn, the maintenance of diatoms in 

the water column, i.e. their ability to achieve net growth rates, depends on their reproduction rate 

(“density-independent response”) as well as sinking losses and herbivory (“density-dependent 

interactions”) (Thompson et al., 2020, Huisman et al., 2004). The predation on diatoms under mixing 

conditions is complex, however, most studies predict a lower rate of predator-prey encounters 

compared to stable stratification (Kiorboe and Saiz, 1995, Yamazaki, 1996, Botte et al., 2013). Thus, 

the scenario of polymictic conditions marks the state with a high importance of stochasticity and weak 

species interactions, while selection is mainly based on species traits.  

 

Figure 24: Lake mixing patterns constrains ecological processes and the share of 
benthic species in the pelagic diatom assemblages, leading to a transition among 
metacommunity archetypes. 

The second scenario describes a state of intermittent phases of stratification and mixing lasting up to 

several days. Dispersal processes are less important than during polymixis, while the role of species 

interactions increases due to a higher encounter rate of predator and prey during phases of 

stratification (Tilman, 1977). This may lead to trade-offs between competition-predator avoidance that 
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can effectuate coexistence of disparate competitors (Sommers and Chesson, 2019). This state can be 

characterized by a temporary variant mixture of benthic and planktic diatoms. The latter group may 

overcome adverse environmental conditions through resting stages (Round et al., 1990), 

corresponding to the concept of storage effects that may strengthen species coexistence patterns 

(Chesson, 2000). Species coexistence may further be enhanced by the spatial variability of nutrient 

concentrations (Tilman, 1977). Overall, high pelagic α- and β-diversity of intermittently mixing lakes 

can be expected due to niche effects and species coexistence. Such a condition is also predicted by the 

intermediate disturbance hypothesis (IDH) (Shea et al., 2004). 

Finally, dimictic lakes with constant stratification during the growing season mark a state of low 

disturbance and high importance of competitional effects. Coexistence theory predicts that such a 

state leads to the dominance of one species, if species are stronger interspecific than intraspecific 

competitors (Chesson, 2000), a single resource is limiting (Tilman, 1977) and competition-predator 

avoidance is of minor importance (Sommers and Chesson, 2019). Chapter 3 describes how this state is 

nearly reached through the dominance of Cyclotella comensis during stable stratification in phosphate-

limited lakes with profound thermoclines and high levels of nitrate and major ions. Coexistence of 

centric diatoms with long-spined taxa from the genus Fragilaria was found in lakes with lower nitrate 

levels and low temperatures. Overall, this scenario marks low planktic α-diversity but high within-lake 

β-diversity. Selection processes are important and therefore water properties such as lake trophic level 

determine within-lake γ-diversity. Further insight into plankton dynamics in mountain lakes will be 

gained through a high temporal sampling frequency of phyto- and zooplankton, combined with 

continuous assessment of physical and chemical water properties. Interpretation of observations may 

be further enhanced by ecological models that include competition, predation and competition-

predator avoidance (Leibold et al., 2022, Thompson et al., 2020).  

In sum, the interaction of within-lake dispersal and selection processes sustains the diversity of planktic 

diatom communities in mountain lakes, which has effects on lake diatom assemblages of the whole 

lake. Even though an equilibrium state is never reached in phytoplankton (Reynolds, 1993, Scheffer et 

al., 2003) deep, stratified lakes come closest to this state among the investigated lakes. The predicted 

increase in stable lake stratification may enhance predator-prey dynamics and the effects of fish 

stocking. Direct human impacts that lead to eutrophication and supress species richness may also be 

more pronounced under stable stratification due to the higher importance of selection processes in 

the pelagic zone. Moreover, a strong regional dispersal limitation (Chapter 4) can be assumed for 

littoral diatoms, as the dispersal of benthic species into the pelagic is weaker, decreasing their dispersal 

by wind, insects, and birds. In terms of ecological functioning of the lakes, an important question is if 

ecological tipping points are reached that lead to a fundamental change of biotic interactions. Kuefner 
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(2021) proposed such a tipping point when pelagic assemblages shift from benthic to planktic 

dominance. Functionally, benthic and planktic forms may be similar. They compete for resources with 

other planktic autotrophs and provide prey for zooplankton. Thus, these tychoplanktic assemblages 

can be considered as an integral and competitive feature within the pelagic zone, as demonstrated 

within mesocosm experiments (Garstecki and Wickham, 2001). A tipping point may be reached if 

feeding mechanisms of invertebrates are specific for planktic or benthic forms, leading to concomitant 

community shifts among higher trophic levels (Moens et al., 2014, Leibold, 1999) or after a 

fundamental shift among primary producers. Generally, the predicted stronger among-lake dispersal 

limitation may be relevant for the resilience of diatom communities, i.e. their ability to recover after 

local extinctions, as has been demonstrated for the soil microbiome (Sorensen and Shade, 2020) (see 

Chapter 6.2). Climate-driven desiccation events in lakes (Kuefner, 2021) may further reduce diatom 

metacommunity resilience by increasing dispersal distance (Crespo-Miguel et al., 2022). 

6.1.2 Turbidity 

Climate change impacts on mountains are an upward shift of the treeline (Gobiet et al., 2014), 

intensified weathering through more frequent extreme precipitation (Rosbakh et al., 2014), shorter 

duration of ice cover and snow cover in the catchment (Moser et al., 2019b) and higher water 

temperatures through climate forcing (Gobiet et al., 2014) and heat waves (Woolway et al., 2021). The 

consequences are increased weathering rates leading to additional inputs of nutrients and organic 

matter (Kamenik et al., 2001), causing higher turbidity (Figure 25).  

 

Figure 25: Interplay of Climatic prediction based on future climate change, effects on 
catchment level and predicted consequences on the aquatic environment in mountain 
lakes. 

Within the study lakes, diatom assemblages were more dissimilar if Secchi depth was less than maximal 

depth, i.e. if lakes were more turbid (Figure S 19). Thus, future climate change will increase benthic α-

diversity of fully illuminated lakes due to stronger species sorting along the lake depth gradient 
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(Hofmann et al., 2020). This will come along with higher within-lake β-diversities. Even if increased 

turbidity enhances γ-diversity within the 15 lakes that are still fully illuminated, regional γ-diversity will 

decrease as lakes become more similar, i.e. fully illuminated lakes are lost. The observed increase of 

strong light competitors such as Staurosira species exemplifies this trend (Hofmann, 2021, Kuefner, 

2021). Increasing eutrophication through climate change will further enhance this trend (Chapter 5). 

To conclude, stronger and longer-lasting stratification may enhance the separation of the within-lake 

diatom assemblages (Chapter 6.1.1), while within and among lake dispersal will decrease. Higher 

turbidity will increase diatom diversity within some lakes but will lead to lower regional diversity. In 

combination with increasing dispersal limitation this will suppress regional γ-diversity (Thompson et 

al., 2020).  

6.2 Historical legacies and diatom resilience 

Communities are considered ecologically resilient if they can tolerate a high degree of disturbance 

before switching to an alternative stable state (Gunderson, 2000). An example for this is the abrupt 

shift between phytoplankton and macrophyte dominance in shallow and productive lakes (Scheffer et 

al., 1993). The role of historical legacies in community response to disturbance can be substantial. 

Legacies may arise from altered phenotypic plasticity or genetic diversity, as well as adaption and 

acclimation as a response to previous conditions that either reduce or increase resilience (Hawkes and 

Keitt, 2015).  

Change of species richness 

Ecosystem stability is mediated by resistance and resilience. While species diversity differently affects 

both components (Baert et al., 2016, Isbell et al., 2015) a tendency for higher stability with increasing 

species richness is observed (Pimm et al., 2014, Hooper et al., 2012). Even though the ecological 

resilience of mountain lakes is high (Benito et al., 2021), direct human impacts may have supressed 

local species richness in the study lakes (Chapter 5). Moreover, the decreasing abundance of 

oligotraphentic taxa due to eutrophication may be associated with lower genetic diversity, possibly 

increasing the effects of drift that can lead to further species loss (Gilbert and Levine, 2017, 

Fodelianakis et al., 2021). Altered within-lake processes (Chapter 6.1) may limit recolonization (Hawkes 

and Keitt, 2015), leading to open niches and consequently lower resource use efficiency. This may 

allow other groups of primary producers to become established in the lake systems, increasing the 

probability of their dominance if other factors such as trophic level become suitable. For example, 

cyanobacteria dominance becomes likely at TP levels among 30-50 μg/l (Salmaso and Tolotti, 2021) 

and this process may be accelerated through the described human influences on diatoms. Subalpine 

lakes that experience the strongest climate change effects (Kuefner et al., 2020a), with elevated 
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trophic state and/or fish stocking such as lake Röthensteiner See, Soinsee Süd, Soinsee Nord, Grünsee 

West and Soiernsee West are especially vulnerable for such a regime shift.  

Acclimation effects 

Acclimation effects from fish stocking are known for zooplankton species, e.g. through higher growth 

rates that prevailed after fish eradication and under the simulation of climate change, leading to 

community shifts (Symons et al., 2021). Similar adaptions may also be found among diatoms as a 

response to abrupt environmental shifts, possibly explaining some of the observed community 

patterns in Chapter 5. For example, rapid nutrient enrichment due to fish stocking may trigger the 

upregulation of genes coding for different P-transporters, as has been observed for marine diatoms 

(Caceres et al., 2019). A higher ks (half-saturation constant for nutrient uptake efficiency) can be the 

consequence, leading to competitive advantages of certain species, followed by community shifts 

(Tilman et al., 1982). This could also explain the observed reinforcement of climate change effects 

through direct anthropogenic pressures among the study lakes (Hofmann, 2021, Kuefner, 2021), as 

climate change leads to higher nutrient inputs that would favour species that are already acclimated 

to such conditions. More generally, the often observed hysteresis when the same nutrient loading 

supports higher biomass during oligotrophication than during eutrophication of lakes (Lampert and 

Sommer, 2007) can also be explained by such acclimation effects. Within the lake set of this thesis, an 

example of a fish-mediated community shift can possibly be seen in the sediment core of lake 

Taubensee, where around 1900 Cyclotella comensis rapidly progressed, possibly leading to the 

recession of the previously dominant C. radiosa and the current dominance of C. comensis (Chapter 3 

and 5). A similar shift was observed for C. cf. comensis around 1900 in lake Engeratsgundsee, marked 

by an abrupt shift from sub-dominance (c. 20%) to persistent dominance (c. 70%, Chapter 3 and 5) 

(Kuefner, 2021). Despite the temporal gap between these major community shifts and the onset of 

climate change around 1970, both processes may be entangled. Besides fish stocking other triggers for 

the observed shifts could be debris flows after storms, or land use change (e.g., clear cutting). This 

could be revealed by further in-depth studies of these lakes or historical investigations.  

Elevation and resilience 

In this thesis, a weak decrease of littoral α-diversity with altitude was detected (Chapter 4), suggesting 

a lower resilience of diatoms at higher elevation (c.f. Chapter 6.2). If this pattern of species richness in 

temperate mountain lakes is representative may be revealed by including mountain lakes of the 

Central and Southern European Alps, expanding the elevational gradient to approximately 3,400 masl 

(Viani et al., 2022). Diatom assemblage resilience is also mediated by species specific traits such as 

elevational range size. Rapoport´s rule states that species occurring at higher elevations have larger 
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elevational ranges than species at lower elevations (Stevens, 1992). The few studies that have tested 

the Rapoport´s rule on eukaryotic algae in temperate freshwater habitats came to different findings. 

No elevational relationship was found for diatoms in Scandinavian streams (Teittinen et al., 2016), 

while soil eukaryotic algae in Switzerland conformed to Rapoport´s rule as their geographic and 

elevational range increased with elevation (Fernandez et al., 2021). Further studies on diatom range 

sizes will help to elucidate if resilience of diatom assemblages depends on altitude. This will sharpen 

predictions of their responses to climatic changes. 

6.3 Implications for conservation 

The results of this thesis and previous work suggest that the diatom assemblages within the study lakes 

respond strongly to direct human impacts (Chapter 5) and to climate change (Chapter 3, Hofmann, 

2021, Kuefner, 2021). Furthermore, species loss due to eutrophication may decrease resilience of the 

biotic communities (Chapter 6.2). This will be reinforced by the amplification of the already important 

dispersal limitation among lakes (Chapter 4) resulting from weaker dispersal within lakes due to 

enhanced stratification (Chapter 6.1). The response of an ecological system to environmental change 

can be elastic if the disturbance lessens and the system is than stable in its disturbance regime (Davis 

2018). This enables the restoration of the original species pool and processes, i.e. ecosystem 

functioning, if enough time is provided and species from other lakes can disperse. Examples are the 

reorganization of the original trophic cascade in US mountain lakes after fish eradication and 

immigration and resettlement by original species (Knapp et al., 2001). The study lakes experienced 

similar disturbances, thus restoration measures that target the direct human impacts may be effective 

in re-establishing locally extinct species, restoring trophic cascades and mitigating the effects of 

climate change. The most important direct human impacts detected in this thesis and previous work 

are fish stocking, cattle herding, damming and tourism.  

Fish stocking 

The strongest direct impact on lakes is the introduction of fish, which lowers the abundance of Red List 

species and dramatically changes species composition, as reflected by sedimentary diatom samples 

(Chapter 5). It is therefore of paramount importance to preserve the fishless lakes and to prohibit fish 

stocking. In stocked lakes, a stop of further stocking can lead to a gradual reduction of fish abundance 

and biomass if cannot reproduce naturally (Schindler et al., 2001). This may be the case for the alpine 

lake Engeratsgundsee. In lakes with natural fish reproduction, active eradication of fish can lead to fast 

recovery of the original species assemblages, trophic interactions, and trophic state (Tiberti et al., 

2019, Toro et al., 2020, Parker et al., 2001). Among the mechanical removal methods, gill netting 

provided the best results (Tiberti et al., 2021), especially if applied in several consecutive seasons 

(Parker et al., 2001). Eradicating alien fish is suggested in EU regulations as a mitigate measure for 
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human impacts and funding is available under the EU “Life” programme (EU, 2022). Based on these 

legal and financial frameworks, a successful implementation will depend on social factors and public 

opinion (Estevez et al., 2015). Early stakeholder consultation and public information is essential, 

especially since mountain lakes are popular recreation areas (Schirpke et al., 2021a). Like in any aquatic 

conservation measure, prior investigation of conservation object, scope and possible secondary 

influence (e.g., reintroduction of fish through streams) that may jeopardize the conservation goal is 

important (Geist, 2015). Moreover, realistic time planning may prevent public disappointment. This 

can be informed by new modelling approaches to predict the number of seasons necessary for 

complete eradication of fish in mountain lakes through mechanical methods (Tiberti et al., 2021). 

Cattle herding 

Intensive cattle herding was the second most important factor for degradation of the study lakes. 

Among the lakes with the highest impacts TP content was three- to fourfold higher than under natural 

conditions (Chapter 5). Effective reduction of cattle-generated nutrients in catchments of mountain 

lakes is pivotal, especially since it is assumed that heavy rain events induced by climate change will 

increasingly transport cattle dung into the lakes via stormwater run-off.  

Currently, the highest TP level among the study lakes was 20.8 μg/l. Total biomass of diatoms sharply 

decreases at 30-50 μg/l TP and cyanobacteria will become the dominant group (Salmaso and Tolotti, 

2021). Corresponding TP levels appear to be realistic for some of the study lakes and increasing water 

stability (Chapter 6.1) (Reynolds et al., 1987) and historical legacies (Chapter 6.2) may promote 

cyanobacteria, potentially leading to ecological tipping points and changes of ecosystem functioning. 

The effect of cattle herding on mountain lake primary production strongly depends on grazing 

pressure. While low to moderate grazing pressure has been found to have little or no impact on trophic 

levels, high livestock densities can have disparately strong impacts (Tiberti et al., 2014a). Thus, cattle 

herding and a low trophic state of mountain lakes are not mutually exclusive, but it is of primary 

importance to take measure to avoid strong herding pressures. Impacts on lakes has been shown to 

be large when cattle density is very high, livestock have free access to the lakes and tributaries and 

nutrients easily reach the lakes from degraded land areas (Tiberti et al., 2014a). Mitigation measures 

include fencing, keeping livestock away from lake tributaries and reduction of cattle density. Reduced 

cattle density may additionally help to recover overgrazed pastures and improve nutrient retention in 

the catchment (Sun et al., 2017).  

For montane lakes with low water level fluctuations, the enclosure of cattle may also result in 

restoration of the riparian vegetation, which contributes to nutrient retention (Nussle et al., 2017) and 

potentially mitigates the effects of climate-induced warming through shading of the shoreline 
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(Miranda and Raines, 2019). As the exact nutrient pathways from the cattle excrements to mountain 

lakes are still unknown (Derlet et al., 2012), a stepwise approach appears appropriate to track the 

response of the lake systems. The ecological monitoring should include lake trophic state (TP, 

Chlorophyl a) and the share of diatom Red List species. A stepwise approach also supports assessing 

impacts on the vegetation structure of the pastures. Too low herding intensity may lead to the 

reforestation of grasslands in the subalpine region (Schirpke et al., 2017), possibly resulting in the loss 

of plant diversity (Fontana et al., 2020). A sensitive approach and close cooperation with farmers are 

necessary to avoid conflicts, especially as cattle herding rights often date back a long time and their 

implementation is coupled with public subvention (Streifeneder et al., 2018).  

Damming 

The damming leads to a very rapid change of lake abiotic conditions (Salmaso and Tolotti, 2021). 

Especially for lakes with inflow, the water level rises quickly, and the lake water is diluted. However, 

the strongest impact on lake´s biota are expected from the mineralization of the flooded soil and 

vegetation layer. These mineralization processes will release high amounts of nitrogen compounds, as 

well as phosphorus stored in plants. This mineralization potential decreases with altitude (Zhang et al., 

2012), probably explaining the lower impact of a dam on an alpine lake compared to subalpine lakes 

(Chapter 5). Due to the potential eutrophication effect, damming of mountain lakes should be 

prohibited especially for montane to subalpine lakes to prevent progressing degradation of these 

aquatic ecosystems. To better understand the impacts of dams on high mountain lakes further 

research should focus on the effects of nutrient inputs resulting from dams and those from other 

sources such as cattle herding, which often do co-occur.  

Tourism 

Tourism can have multiple effects on mountain lakes. The correlation of nearby hiking trails and 

mountain lake degradation suggests strong interactions of tourists with the lakes ecological status 

(Senetra et al., 2020). Moreover, mountain huts may lead to eutrophication of lakes (Hofmann et al., 

2021, Muri and Brancelj, 2003, Muri et al., 2018, Sienkiewicz and Gasiorowski, 2014) and the results in 

Chapter 5 of this thesis underpin this finding. However, it is not straightforward to disentangle the 

various possible interactions of infrastructure, people roaming the sites and the lake response. A 

principal step for the lakes of the data set from this thesis with huts and restaurants directly located 

on the shoreline would be to check the sewage treatment systems for their efficiency and compile 

solutions based on previous applied research (BOKU, 2010, Menz, 2008). 
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7 Conclusions and outlook 

Among the 43 lakes the local environment was identified to significantly constrain metacommunity 

structure of sedimentary, planktic and littoral diatoms, while pure spatial effects on diatom 

assemblages structure were detected mainly for littoral and planktic diatoms. This suggests that both, 

environmental filtering and dispersal limitation structure diatom metacommunities. Former 

paleolimnological works revealed varying temporal beta diversity patterns of subfossil diatom 

assemblages from a subset of the lakes of this thesis (Hofmann, 2021, Kuefner, 2021). The results show 

that the different patterns were caused by disparate responses on climate change mediated by the 

position of the lakes along the elevational gradient, i.e. they were spatially structured. Lake properties 

that were related to disturbance such as lake mixing and eutrophication were proposed to cause 

varying stability of the systems (Donohue et al., 2016), i.e. non-linear community responses that may 

result in tipping points. In this respect, a future challenge will be to assess diatom dispersal rates to 

quantify colonization-extinction patterns as a basis to understand changes of diatom diversity through 

space and time. Further collaboration between paleolimnologists, limnologists and modellers are 

needed to solve this challenging yet stimulating task. Dispersal rates of specific diatom species and the 

influence of distance may be assessed through mesocosm experiments at the lake sites. Moreover, 

this approach may reveal the influence of dispersal vectors, for example by using photo traps and 

insect traps. Thereupon the relative role of wind dispersal and the passive transport by organisms may 

be studied, a topic that is on of the roots of diatom biogeography. 

This work highlights the vulnerability of mountain lake primary producers towards eutrophication and 

disturbance of the trophic cascade, i.e. fish introduction. A next step will be to study the responses of 

the zooplankton on such alterations. Restoring the fishless state of high mountain lakes is suggested 

and should be backed by a long-term monitoring of the lower trophic level organisms. Recently, 

powerful modelling techniques known as “species distribution modelling” were developed and these 

may be expanded across several trophic levels. Long-term monitoring programs that capture ecological 

changes after restoration of lakes will be a source of valuable data to calibrate ecological models and 

path the way for the much needed unification of theoretical and practical ecological research. 

Generally, small mountain lakes should be better considered in national and European conservation 

strategies due to their unique and diverse aquatic communities that are still less well studied than their 

lower elevation counterparts.  
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Figure S 1: Correlation plot for 19 environmental variables. Size and 
color of the dots indicate R² correlation values between variables, 
Bonferroni-adjusted significance levels are indicated by stars: *** ≙ p < 
0.001; ** ≙ p < 0.01; *≙ p < 0.05. For variable abbreviations see Table 
1. 
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Figure S 2: 18 environmental parameters plotted against elevation. R² values and p values are given for linear 
regression models, significant models are plotted. For variable abbreviations and units see Table 1. 
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Figure S 3: PCA correlation biplot on 14 planktic diatom taxa for 20 mountain lakes of the northern European 
Alps. Principal component 1 and 2 (PC1, PC2) are plotted. λ indicates eigenvalues, var indicates percentage of 
explained variance. For lake and species abbreviations see Table S1 and Table S2, respectively. 
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Figure S 4: Relative abundance of C. comensis in relation to the assessed environmental parameters. 
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Figure S 5: Linear regression models for sedimentary (n=43), littoral (n=34) and planktic 
(n=32) Shannon diversity along environmental gradients. “p” indicates p-values of 
linear regression models, and “R²” gives the multiple R²-value of these models. For 
abbreviations, see Table S3. 
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Figure S 6: Linear regression models for sedimentary (n=43), littoral 
(n=34) and planktic (n=32) species richness along environmental 
gradients. “p” indicates p-values of linear regression models, and 
“R²” gives the multiple R²-value of these models. For abbreviations, 
see Table S3. 
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Figure S 7: Decay of pairwise β-diversity (βsor) and its components for turnover and nestedness (βsim, βsne) for 
incidence data for sedimentary, littoral and planktic diatom assemblages along with increasing environmental 
distance (represented by the significant parameters identified in RDA backward selection for each 
assemblage). For combinations with significant Mantel statistics (p < 0.05), regression lines are drawn for 
exponential regression models; model statistics of regression models are given for all combinations. 
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Figure S 8: Decay of pairwise β-diversity (βtot) and its components for balanced variation and abundance 
gradients (βbal, βgrad) for abundance data for sedimentary, littoral and planktic diatom assemblages along with 
increasing environmental distance. For combinations with significant Mantel statistics (p < 0.05), regression 
lines are drawn for exponential regression models; model statistics of regression models are given for all 
combinations. 
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Figure S 9: Decay of pairwise β-diversity (βsor) and its components for turnover and nestedness (βsim, βsne) for 
incidence data for sedimentary, littoral and planktic diatom assemblages along with increasing geographical 
distance. For combinations with significant Mantel statistics (p < 0.05), regression lines are drawn for 
exponential regression models; model statistics of regression models are given for all combinations. 
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Figure S 10: Decay of pairwise β-diversity (βtot) and its components for balanced variation and abundance 
gradients (βbal, βgrad) for abundance data for sedimentary, littoral and planktic diatom assemblages along with 
increasing geographical distance. For combinations with significant Mantel statistics (p < 0.05), regression lines 
are drawn for exponential regression models; model statistics of regression models are given for all 
combinations.  
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Figure S 11: Decay of pairwise β-diversity (βsor) and its components for turnover and nestedness (βsim, βsne) for 
incidence data for sedimentary, littoral and planktic diatom assemblages along with increasing altitudinal 
distance. For combinations with significant Mantel statistics (p < 0.05), regression lines are drawn for 
exponential regression models; model statistics of regression models are given for all combinations. 
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Figure S 12: Decay of pairwise β-diversity (βtot) and its components for balanced variation and abundance 
gradients (βbal, βgrad) for abundance data for sedimentary, littoral and planktic diatom assemblages along with 
increasing altitudinal distance. For combinations with significant Mantel statistics (p < 0.05), regression lines 
are drawn for exponential regression models; model statistics of regression models are given for all 
combinations. 
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Figure S 13: Influence on the values of species contributions to β-diversity (“SCBD”) investigated for species 
total abundance (“abundance”) and number of occupied sites (“N_lake”) for abundance data. Model 
statistics for linear models with polynomial terms: k = number of polynomial terms, p = p-value, R²adj = 
adjusted R²-value. 
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Figure S 14: Influence on the values of species contributions to β-diversity (“SCBD”) investigated for species 
total abundance (“abundance”) and number of occupied sites (“N_lake”) for incidence data. Model statistics 
for linear models with polynomial terms: k = number of polynomial terms, p = p-value, R²adj = adjusted R²-
value. 
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Figure S 15: Correlation plot of variables with VIF´s < 5 for 
sedimentary (a), littoral (b) and planktic (c) assemblages. 
Colour range indicates the correlation coefficient, asterisks 
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indicate p-value: *** ≙ p-value < 0.001; ** ≙ p-value < 0.01; * 
≙ p-value < 0.05. 

 

Figure S 16: The number of RL species (N_rl) increases along the magnesium (Mg) gradient 
for sedimentary (a) and (b) littoral assemblages; no significant relationship was found for 
planktic assemblages (c). Model parameters are given for GAMs. 
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Figure S 17: The number of diatom taxa according to their threat status within the German 
Red List (2018) is given for (a) the complete data set, (b) sedimentary assemblages, (c) 
littoral assemblages, (d) planktic assemblages and (e) true planktic assemblages. 
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Figure S 18: Boxplots for the pairwise Bray-Curtis dissimilarity (BC) among within-
lake diatom assemblages in relation to lake mixing state (NBC lit-pla=32, NBC sed-
lit=34, NBC sed-pla=32, NBC sed-lit-pla=32; Asterisks: *: p < 0.05. 
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Figure S 19: Bray-Curtis dissimilarity (BC) of within-lake diatom assemblages in relation to lake mixing state 
(N=43). Asterisks: *: p < 0.05; **: p < 0.01; ***: p < 0.001 

.
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Table S 1: Measured and calculated environmental variables for the 20 lake set. Lakes with names written in italics are karstic. Asterisks (*) denote the outlier lake which was 
excluded. Explanation: Area = Lake area, Depth = Maximum lake depth, Secchi = Secchi depth, TP = Total phosphorus, Si = Silica, NO3_N = Nitrate-nitrogen, NH4_N = Ammonia-
nitrogen, Ca = Calcium, Mg = Magnesium, pH = pH-Value, cond = conductivity, T_B = Mean August bottom temperature, T_S = Mean August surface temperature, TCL= 
Thermocline depth, BFe_mean = Epilimnetic mean buoancy frequency, BF_TCL = Buoancy freqeuncy at the thermocline, SI_N=Ratio of silica to nitrate-N + ammonia-N, N_TP= 
Ratio of nitrate-N + ammonia-N to total phosphorus. 
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Bichlersee Bic 955 1.5 11.0 4.4 10.5 < 5 0.77 0.76 32.3 49.24 14.70 7.90 360.3 8.37 21.71 6.4 0.0012 0.0020 0.5 1259.1 

Brendlsee Bre 1,903 0.5 6.2 > 6.2 > 12.4 6.6 0.12 0.37 14.0 26.67 2.82 8.60 150.6 4.56 11.44 1.1 0.0017 0.0017 0.1 396.3 

Delpssee süd DelS 1,600 0.2 4.2 > 4.2 > 10.2 < 5 0.23 0.45 16.7 40.55 5.02 8.85 177.2 9.28 14.05 0.8 0.0020 0.0021 0.2 691.0 

Drachensee Dra 1,874 5.3 20.7 10.3 16.0 < 5 0.19 0.30 19.6 26.75 3.12 8.59 157.7 4.94 11.85 2.3 0.0008 0.0009 0.3 541.5 
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Grünsee ost GruO 1,474 3.5 6.9 5.0 11.2 8.3 0.13 0.20 60.8 26.47 1.42 8.53 194.5 14.08 17.50 1.7 0.0006 0.0019 0.2 212.1 

Guggersee Gug 1,725 0.1 1.9 > 1.9 > 6.9 < 5 0.23 0.29 10.6 14.97 10.30 8.99 207.3 11.77 13.20 1.0 0.0022 0.0023 0.4 438.8 

Höfersee Hoef 1,192 0.6 1.9 > 1.9 > 6.9 < 5 0.14 0.47 5.3 20.74 10.06 8.85 220.7 14.26 15.22 0.2 0.0016 0.0016 0.1 1037.7 

Mittersee Mit 1,082 3.3 4.7 > 4.7 > 10.8 7.5 0.13 0.10 34.0 38.46 18.40 8.25 345.8 18.42 22.64 4.5 0.0008 0.0016 0.5 117.9 

Rappensee Rap 2,047 2.3 7.8 5.0 11.2 9.2 0.17 0.04 15.9 21.24 9.31 8.58 205.1 11.04 15.61 0.7 0.0006 0.0008 1.4 44.4 
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*Röthensteiner 
See 

Roe 1,450 1.2 7.6 1.5 6.1 20.4 0.18 2.86 78.2 28.92 3.17 8.22 248.1 5.96 16,37 1.1 0.0009 0.0010 0.1 121.1 
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Table S 2: Counts of planktic diatom Taxa and share of planktic species in each of the 20 samples. 
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Abbreviation A.fo C.cs C.ca C.de C.di D.st D.wo F.ac F.de F.gr F.me F.mo F.na F.te   

Bic 1 393 56 35 0 0 0 0 2 0 0 0 0 0 487 97.4 

Bre 2 22 20 0 0 0 0 0 8 0 0 0 0 0 52 10.4 

DelS 0 72 25 0 0 0 0 15 12 0 0 0 18 0 142 28.4 

Dra 0 0 0 0 0 24 0 0 0 0 0 0 476 0 500 100 

Eng 9 0 9 0 0 0 0 0 0 0 0 17 28 7 70 14 

Fri 0 500 4 0 0 0 0 0 0 0 0 0 0 0 504 100 

Fun 0 0 0 2 0 87 0 0 67 0 0 0 204 0 360 72 

Gru 0 95 44 0 0 0 0 0 288 1 0 0 6 5 439 87.8 

GruO 0 8 0 0 0 0 337 0 6 0 0 0 221 0 572 100 

Gug 0 0 39 0 0 0 0 0 0 0 1 0 27 0 67 13.4 

Hoef 0 0 26 0 15 0 0 1 1 0 0 0 23 5 71 14.2 

Mit 0 450 0 41 0 0 0 0 0 0 0 0 9 0 500 100 

Rap 0 0 75 0 1 357 0 0 0 1 0 0 10 0 444 88.8 

Seeb 0 2 3 0 0 0 0 0 0 489 0 0 0 0 494 98.8 

SieG 0 0 15 0 0 0 0 0 159 6 0 21 96 10 307 61.4 

SieK 0 0 0 0 4 0 0 0 0 0 0 0 78 5 87 17.4 

SoiS 0 123 3 0 0 0 0 0 205 0 0 0 107 0 438 87.6 

Sut 0 0 0 0 0 0 0 0 33 0 0 0 55 13 101 20.2 

Tau 2 423 21 0 0 0 30 0 3 0 0 0 0 0 479 95.8 

Zier 0 2 0 0 0 6 290 0 5 0 0 0 0 0 303 60.6 

Sum 14 2,090 340 78 20 474 657 16 789 497 1 38 1,358 45 6,417  
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Table S 3: Metrics characterising the measured environmental variables of the 43 lake set. 

Parameter 
Abbre-
viation 

Minimum Maximum Mean Median 
Standard 
Deviation 

Altitude (masl) alt 760 2,469 1,598 1,600 429.0 

Lake area (ha) area 0.1 12.0 2.3 1.9 2.4 

Maximum depth (m) depth 1.3 20.7 7.8 5.5 5.9 

Secchi depth (m) secchi 1.3 11.3 4.6 4.2 2.5 

Nitrate-N (mg/l) NO3 0.03 2.86 0.44 0.33 0.5 

Total phosphorus (µg/l) TP 1 20.41 6.92 6.62 4.6 

Silicate-Si (mg/l) Si 0.12 0.77 0.22 0.18 0.15 

Ammonia-N (µg/l) NH4 3.84 126.85 36.45 25.29 27.49 

Sodium (mg/l) Na 0.1 2.11 0.38 0.23 0.42 

Calcium (mg/l) Ca 12.44 49.24 28.87 27.06 9.94 

Magnesium (mg/l) Mg 0.98 19.47 7.12 6.34 4.8 

pH pH 7.9 9.0 8.4 8.5 0.3 

Oxygen (%) O2 5.1 129.8 93.4 96.9 23.8 

Conductivity (µS/cm) cond 121.4 536.7 226.0 208.6 78.2 

Ø August bottom temperature(°C) ABT 4.6 20.9 10.0 9.4 4.0 

Ø August surface temperature (°C) AST 8.8 22.6 15.1 14.9 3.1 

 

 

 


